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Abstract
Ozinga, W.A. (2008) Assembly of plant communities in fragmented landscapes: The role of
dispersal. PhD thesis, Radboud University Nijmegen.
The present research showed that dispersal problems in fragmented landscapes are
as important for the understanding of plant diversity losses as the traditional expla-
nation of deteriorating habitat quality.
Efficient conservation and restoration of plant diversity requires a predictive ecol-
ogy based on general principles of the assembly of plant communities (so-called ‘as-
sembly rules’). Theories on the processes that shape local plant communities can be
grouped into three broad views according to the main processes involved: niche-
based processes, dispersal-based processes and trait-neutral, abundance-driven
processes. The present research combined large databases with information on
community composition and functional traits to compare the predictive power of
these three views of community assembly. 
Although species were found to clearly sort along environmental gradients
(niche-based processes), our results indicate that for most species the availability of
seeds is a major limiting factor. This ‘seed limitation’ has two components: the limit-
ed availability of seed sources (trait-neutral, abundance-driven processes) and the
limited transport of the available seeds (dispersal-based processes). This thesis doc-
uments the impact of ‘seed limitation’ across several levels of organization (species,
community, landscape).
We showed that differences between plant species in terms of adaptations to
various modes of transport are a key factor in understanding losses of plant diversi-
ty in Northwest Europe in the 20th century. Species with water- or fur-assisted dis-
persal are over-represented among declining species, while species with wind- or
bird-assisted dispersal are under-represented. This implies that past changes in the
‘dispersal infrastructure’ are at least as important in explaining diversity losses as
the conventional explanation of environmental change. Traditional niche-based con-
servation measures, although useful, are thus not enough to halt diversity losses.
We propose measures to restore the ‘dispersal infrastructure’ across entire regions.
Keywords: Coexistence; Community assembly; Dispersal limitation; Ecoinformatics; Habitat
fragmentation; Functional traits; Land-use changes; Metacommunity; Neutral theory; Niche;
Seed limitation; Species pool; Trait–environment linkages
Correspondence: Wim Ozinga, Alterra, P.O. Box 47, NL-6700 AA Wageningen,
The Netherlands; email: wim.ozinga@wur.nl

General introduction
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Species-rich dune grassland with Early Marsh-orchid (Dactylorhiza incarnata).
Halting the biodiversity crisis: the need for
a predictive ecology
The biodiversity crisis
All over the world, biodiversity is declining at an alarming rate, which is unprece-
dented except for a few periods of mass extinction (Lawton & May 1995, Pimm et
al. 1995, Millennium Ecosystem Assessment 2005). This probably also applies to
vascular plants, which are the organisms this thesis focuses on. In Europe, for ex-
ample, approximately 20% of the vascular plant species are classified as globally
threatened according to IUCN criteria, and this is a conservative estimate, since
for many rare endemic species the threat status has not been estimated at all
(Walter & Gillett 1998, Ozinga & Schaminée 2005, IUCN 2006). The main drivers
of biodiversity loss are habitat loss and reduction of the quality and spatial coher-
ence of the remaining habitat patches (Millennium Ecosystem Assessment 2005).
Growing concern about the ongoing loss of biodiversity has resulted in in-
creased efforts for the protection of endangered species and for the conservation
and restoration of endangered ecosystems throughout the world (Schemske et al.
1994, United Nations 2002, Delbaere 2002, Balmford et al. 2005). Whereas na-
ture conservation measures are being implemented all over the world to maintain
existing biodiversity, ecological restoration is practised mainly in highly industrial-
ized countries in Europe and North America (Hobbs & Norton 1996, Bakker 2005,
Van Andel & Aronson 2006). Ecological restoration aims to develop impoverished
human-dominated ecosystems into semi-natural systems in which natural process-
es play a more prominent role (Hobbs & Norton 1996, Bakker & Berendse 1999,
Van Andel & Aronson 2006). In practice, ecological restoration aims at directing
ecosystems along desired successional trajectories by measures that accelerate
succession or short-cut successional stages (Lockwood & Pimm 1999, Bakker
et al. 2000).
Ecological restoration projects in Europe and North America have mainly fo-
cused on restoring abiotic conditions. Although there have been various local suc-
cesses, the resulting vegetation developments have in many cases been disap-
pointing in terms of plant diversity, especially as regards endangered species
(Dobson et al. 1997, Bakker & Berendse 1999, Bekker & Lammerts 2002, Jansen
et al. 2004).
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“The development of ecology as a rigorous predictive science now depends upon our
success in recognising principles of wide generality and avoiding submergence in the
rising flotsam of case studies, specialist observations, and untested theories.” 
Grime 2001
Disappointing results are partly the consequence of changes in chemical, phys-
ical and biological properties of the organic topsoil after long-term drainage, pol-
lution or intensive fertilization, which are more difficult to reverse than was once
hoped (Grootjans et al. 2002, Roelofs et al. 2002, Lucassen et al. 2005). In recent
years, ecologists have therefore begun to question whether ecological restoration
is actually effective for biodiversity conservation purposes, or whether it merely
means replacing one degraded system by another (Dobson et al. 1997, Suding et
al. 2004, Hodgson et al. 2005). 
Accumulating evidence suggests that even if abiotic conditions can be suffi-
ciently restored, the degree to which endangered plant species re-colonize the re-
stored area is often small, due to habitat fragmentation (e.g. Hutchings & Booth
1996, Bakker & Berendse 1999, Lockwood & Pimm 1999, Verhagen et al. 2001,
Jacquemyn et al. 2003). It is therefore increasingly acknowledged that the avail-
ability of seeds can also be a major limiting factor (‘seed limitation’) in ecological
restoration projects (Strykstra et al. 1998, Bakker & Berendse 1999, Turnbull et
al. 2000, Ehrlén & Eriksson 2000, Mouquet et al. 2004). Seed limitation can be
defined as the failure to establish a new population or increase the size of an ex-
isiting population without seeds being added (Turnbull et al. 2000).
It is therefore important for efficient restoration efforts to have reliable indica-
tions of the degree to which the absence of certain endangered species might be
explained by seed limitation or by other limiting factors (constraints). In other
words: it is necessary to differentiate between sites that are unsuitable for the es-
tablishment of species from an environmental perspective and sites that are suit-
able but as yet unoccupied (Freckleton & Watkinson 2002, Münzbergová &
Herben 2004, Ozinga et al. 2005).
The need for a predictive ecology
In view of the large input of financial and human resources in nature conservation
and restoration, we need to know more about the relative importance of mecha-
nisms that determine the species composition of communities. This can be regard-
ed as one of the major scientific challenges for the coming decades, if we are to
formulate appropriate conservation and restoration strategies.
From the perspective of ecosystem functioning, there is a growing awareness
that it is not the number of species as such which is important, but rather the
composition of plant properties (traits) (Grime 2002, Díaz & Cabido 2001, Díaz et
al 2004, Hooper et al. 2005, Spehn et al. 2005, Thompson et al. 2005, Van
Ruijven & Berendse 2005). A trait can be defined as a well-defined, measurable
property of an organism that is used comparatively across species. To be useful for
predictions about community assembly, traits should vary more between than
within species (McGill et al. 2006). Species traits are assumed to represent evolu-
tionary adaptations to the physical and biological environment of a species
(Ackerly 2003). Each species is thus characterized by a certain set of trait states
(attributes). A functional trait is one that strongly influences the performance of
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organisms within an ecosystem (cf. McGill et al. 2006, Violle et al. 2007). It is
therefore of paramount importance that our understanding of species richness
patterns is supplemented by a better understanding of mechanisms that drive pat-
terns in trait composition. Understanding these mechanisms will provide us with
the ‘assembly rules’ (cf. Diamond 1975) of plant communities and will result in a
more predictive ecology.
Three views of community assembly
There is currently a wealth of theories on the major processes that shape the
species composition of local plant communities. These theories can be grouped
into three broad views, according to the main processes involved. These three
views of the building of communities (community assembly) are ranked below in
decreasing order of predictive power as regards species composition. 
● Niche-based view, in which suitability of the local environment is the main lim-
iting factor. This view is based on spatial and temporal heterogeneity in envi-
ronmental conditions (both abiotic and biotic) in combination with differences
between species in exploiting these conditions.
● Dispersal-based view, in which dispersal is the main limiting factor. This view is
based on regional dynamics of habitat patches in combination with differences
between species in their ability for dispersal in space and time.
● Trait-neutral view, in which the availability of seed sources is the main limiting
factor. This view is based on stochastic processes in which the probabilities are
determined by the abundance of species in the species pool.
Niche-based view of community assembly
The niche-based view is based on functional differences between species in terms
of competitive ability, stress tolerance and resistance to disturbance (e.g.
Hutchinson 1961, Grime 1977, Tilman 1985, Ellenberg 1988, Berendse et al.
1992, Keddy 1992, Grace 1999, Silvertown 2004). Spatial and temporal hetero-
geneity in environmental conditions (both abiotic and biotic) then results in niche
segregation between species and in the sorting of species along environmental
gradients, both between and within habitats. This allows long-term co-existence
by minimizing the strength of competitive interactions between species. In this
‘niche assembly view’, the species composition of a community is thus a determin-
istic consequence of physiological processes and biological interactions, given a
specific set of environmental conditions. 
At the species level, these niche-based processes result in predictable occur-
rences of species along environmental gradients. The niche of a species can be
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defined as the ecological conditions that allow a species to satisfy its minimal re-
quirements so that the rate of reproduction of a local population is equal to or
greater than its death rate (Chase & Leibold 2003). In practice, niches are identi-
fied by the frequency of occurrence of species along environmental gradients
(Silvertown 2004, Austin 2005; see Fig. 1.1). The set of response curves along the
major environmental gradients can be regarded as an aggregated measure of the
realized niche (cf. Persson 1981, Ellenberg 1988, Silvertown 2004, Austin 2005).
The sorting of a number of species along environmental gradients then results in
distinct spatial differences in local species composition (see also Box 2).
Classical niche-based theory is able to predict the occurrence of species along
environmental gradients to a certain degree, but a major limitation is that it does
not provide a general explanation for the relative abundance of species within
habitat types, either at the local or at the regional scale. Most habitats are charac-
terized by just a few frequent species that occur in most sites, so-called ‘core
species’ (cf. Hanski 1982) and a long tail of less frequent species, so-called ‘satel-
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Figure 1.1: Components of the realized niche of the grassland herb Devil’s bit Scabious
(Succisa pratensis) quantified by its frequency of occurrence along four environmental gradi-
ents (the x-axes represent four ‘niche axes’ based on mean Ellenberg indicator values per
plot). The y-axis gives the normalized frequency in percentages based on 575 occupied plots
(based on Ozinga & Schaminée 2004).
lite species’ (see Fig. 1.2). At regional scale, common species thus dominate the
landscape by their large number of individuals, while less frequent species make
up the majority of species numbers and thus determine biodiversity (Preston
1948, 1962, Whittaker 1965). For the conservation of plant diversity, it is there-
fore important to know which processes determine the relative abundance of
species in terms of frequency of occurrence. This limitation of the niche-based
view therefore calls for a complementary approach.
Dispersal-based view of community assembly
In contrast to the niche-based assembly view, with its focus on local interactions,
the dispersal assembly view focuses on larger spatial and temporal scales, and
was inspired by MacArthur and Wilson’s (1967) theory of island biogeography
and by its modern successor, metapopulation theory (e.g. Levins 1969 and Hanski
1998). The metapopulation perspective involves an explicit recognition of scales,
and an explicit distinction between within-patch (local) and among-patch (re-
gional) dynamics (Levin 1992). In traditional plant ecology, the prevailing notion
was that plant species occupied all suitable habitats within a landscape (Bullock
et al 2002). Metapopulation theory predicts that for a given plant species, only a
fraction of suitable habitat patches are actually occupied, because species continu-
ally become extinct on a local scale (<100m2) and the dispersal ability of most (if
not all) species is expected to be limited, at least at larger spatial scales (Levins
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Figure 1.2: Rank – abundance curve (Whittaker 1965, Magurran 2005) for two grassland
community types: a highly productive wet grassland (Ranunculo-Alopecuretum) and a low-
productive, dry grassland (Spergulo-Corynephoretum). The X-axis gives the rank number of
the species, while the Y-axis gives the relative abundance expressed as the percentage of oc-
cupied plots (N=500 plots; note the log-scale). Both community types contain just a few
common species that occur at the majority of sites (core species), and a long a tail of rare
species (satellite species).
1969, Eriksson 1996, Hanski 1998, Turnbull et al. 2000). Regional persistence of
species therefore entails colonization of unoccupied sites (Olivieri 1995, Hanski
1998). In metapopulation theory, the probability of local occurrence of species is
described as a dynamic equilibrium between colonization and local extinction
(MacArthur & Wilson 1967, Hanski 1982, 1998). 
Indeed, many empirical studies have shown that there is a continuous small-
scale turnover of plant species (Watt 1947, 1960, Van der Maarel & Sykes 1993,
Sykes et al. 1994, Herben et al. 1997, Klimesv 1999, Palmer & Rusch 2001), the
net result being that plant species show temporal variation in their spatial distri-
bution patterns, like shifting clouds in the sky (Grubb et al. 1982).
In the dispersal assembly view, traits that determine a species’ dispersal ability
in space (long-distance dispersal) and / or in time (accumulation of a persistent
soil seed bank) can be expected to influence the dynamic balance between colo-
nization and local extinction (Grime & Hillier 1992, Tilman 1994, 1997, Ehrlén &
Van Groenendael 1998, Eriksson 2000, Turnbull et al. 2000, Foster et al. 2004,
Fenner & Thompson 2005, Ozinga et al. 2005). In theory, this may then translate
at the community level into differences in local species composition between plots
with the same environmental conditions. However, the relative importance of in-
terspecific differences in dispersal ability for the assembly of local communities
remains to be convincingly demonstrated (Levine & Murrell 2003, Etienne &
Alonso 2005, Harpole & Tilman 2006, Purvis & Pacala 2005).
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Figure 1.3: Visualization of the three scale levels in the metacommunity concept. At the
smallest scale, microsites can hold a single individual. Microsites are nested within localities
(habitat patches) that hold local communities. Local communities are separated from each
other by areas with other habitat types and are connected to each other by seed dispersal as
part of a metacommunity occupying a region. In theory, differences in connectivity between
sites (affecting the rate of seed dispersal), together with species-specific differences in disper-
sal ability, might explain the variation in species composition across local communities.
Most studies on seed dispersal have focused on single plant species or limited
sets of species, and far less is known about the effects of seed limitation on com-
munity composition. In recent years, attention has therefore started to shift from
metapopulations towards so-called metacommunities or even meta-ecosystems
(cf. Loreau et al. 2003). The dispersal assembly view can be regarded as a trait-
based extension of metapopulation theory to the level of ‘metacommunities’.
A metacommunity can be defined as a set of local communities (with potential-
ly interacting species belonging to the same trophic level) that are connected by
the dispersal of component species (Wilson 1992, Hubbell 2001, Mouquet &
Loreau 2002, Leibold et al. 2004). However, unlike species in local communities,
species in metacommunities may not actually interact with each other because
the local communities may be separated in space or time. Many models of meta-
community dynamics are based on a three-level hierarchy (Hubbell 2001, Leibold
et al. 2004; see Fig. 1.3). (1) At the smallest scale, microsites can hold a single in-
dividual. (2) Microsites are nested within localities (habitat patches) that hold
local communities. (3) Local communities are separated from each other by areas
with other habitat types and are connected to each other by dispersal as part of a
metacommunity occupying a region.
Trait-neutral view of community assembly
In contrast to the two above views of community assembly, the ‘trait-neutral view’
is not based on differences between species in terms of their functional traits.
Trait-neutral models assume that interspecific differences in plant properties
(traits) are not important at all in determining species abundance patterns as ex-
pressed by their frequency of occurrence (Hubbell 1997, 2001, Bell 2001).
Species are regarded as functionally equivalent in the sense that they have identi-
cal rates of birth, death, dispersal and speciation on a per capita basis (Hubbell
2001). The trait-neutral view thus approaches community assembly from the op-
posite direction as compared to the other two views, by asking: How many of the
patterns of ecological communities are the result of species similarities, rather
than of species differences? (Hubbell 2006).
The trait-neutral view is neutral in the sense that individuals, and thus species,
are regarded as ecologically equivalent in terms of competitive ability and disper-
sal ability. Patterns in relative species abundance (frequency of occurrence) are
explained solely from random dispersal, random fluctuations in birth and deaths,
and genetic drift. The most important way in which species differ, according to
Hubbell (2001), is in their relative abundance in the metacommunity, and this
strongly affects their probability of extinction and colonization. Species are thus
common or rare purely by chance, and relative abundance patterns are a histori-
cal accident in this view. 
Although the existence of interspecific differences in dispersal ability and local
persistence is well established (see above), this does not necessarily mean that
these differences affect local species composition. Hubbell (2001) and Volkov
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et al. (2003) give examples from tropical forests in which the trait-neutral model
performs surprisingly well in describing patterns of relative abundance of species
within and across communities, and neutral theory is regarded by some authors
as one of the most exciting conceptual advances in ecology in decades (Abrams
2001, Tilman 2004, Etienne & Alonso 2005, Magurran 2005, Pandolfi 2006). 
The critical question is thus not whether competition or dispersal is the impor-
tant process, but whether differences in functional traits between species translate
into differences in local species composition. In other words: do interspecific dif-
ferences matter? Hubbell’s model can therefore serve as a powerful ‘null model’
for testing the effects of non-random, trait-based processes (cf. Connor &
Simberloff 1979, Gotelli 2000, 2001, Harte 2004, Tilman 2004, Etiennne &
Alonso 2005). In this thesis, the trait-neutral view is used as such. If the null
model (based on the abundance of species in the regional species pool) can suc-
cessfully explain the data, there is no compelling reason to go beyond it to seek
further explanations based on functional traits. If so, this would imply that species
composition is inherently unpredictable.
Prerequisites for a predictive ecology based
on functional traits
Empirical evidence for the operation of trait-based assembly rules, taking into ac-
count trait-neutral abundance-based processes, is still surprisingly limited (Levine
& Murrell 2003, Etienne & Alonso 2005, Harpole & Tilman 2006, Purvis & Pacala
2005, Alonso et al. 2006, Adler et al. 2007). Nevertheless, it is important, both
from a theoretical and an applied perspective, to develop a predictive ecological
theory based on differences between species in functional traits, if such a theory
can indeed be developed. This requires that incorporating such traits can be
demonstrated to yield a substantial improvement in predictive power of the
model for local community assembly from a regional species pool, compared to a
trait-neutral null model using only differences in relative regional abundance. To
demonstrate this, three (interrelated) questions need to be addressed:
● What is the relative importance of niche-related traits and dispersal-related
traits in predicting the presence or absence of species in local communities
from the pool of regionally available species (i.e. which filters and traits are in-
volved in the assembly of plant communities)?
If it is indeed possible to identify such filters and traits, one could look for correla-
tions among variables that facilitate the interpretation of community assembly:
● Are there negative correlations between functional traits which a plant cannot
optimize simultaneously (trade-offs), leading to trait syndromes?
● Are there correlations between functional traits and the major ecological gradi-
ents?
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What is the relative importance of niche-related and dispersal-related process-
es for the assembly of plant communities?
Jared Diamond (1975) proposed that the search for the generalities that underlie
the building of local communities from the pool of available species can be ap-
proached conceptually by defining so-called ‘community assembly rules’. These as-
sembly rules can be regarded as a set of ‘filters’, with each filter representing a
major ecological limitation (constraint) on the assembly of communities (see Fig.
1.4). These filters admit or exclude species from the total species pool according
to their functional attributes (Diamond 1975, Southwood 1988, Keddy 1992, Díaz
et al. 1998, 1999, Kleyer 1999, Weiher & Keddy 1999, Grime 2001, 2006). Filters
thus operate on traits (with their corresponding trait states or attributes), rather
than on plant species. The challenge to community ecology is then to quantify the
key filters involved and subsequently to identify the relevant traits.
Are there trade-offs between functional traits? 
Traits themselves might be related to each other by interspecific trade-offs which
reflect the simple fact that resources allocated to one structure cannot be allocat-
ed to another structure (e.g. Harper et al. 1970, Grime 1977, 2001, Grubb 1977,
Southwood 1988, Tilman 1990, Díaz et al. 2004, Kneitel & Chase 2004). Negative
correlations between two traits, however, do not necessarily imply a mechanistic
connection between these traits but may also result from shared evolutionary
functions because the existence of one trait might reduce the adaptive value of
the other. Irrespective of their cause, negative correlations between traits restrict
parameters (trait states or attributes) to a limited part of the possible multidimen-
sional ‘trait surface’ (Grime 1977, Southwood 1988, Tilman 1990) and as a result
also limits the available options fur the ‘functional response’ of species. The result-
ing combinations of attributes can be regarded as ‘trait syndromes’ or ‘strategies’
which represent alternative solutions to the problems posed by environmental
constraints (Grime 1977, 2001, Lavorel et al. 1997).
What is the dispersion of functional traits along the major
ecological gradients?
Once the major ecological constraints are known, together with the relationships
between traits, the predictability of community assembly depends on the degree
to which it is possible to map recurrent patterns of traits along the ecological gra-
dients. The relative abundance of trait syndromes is expected to vary across eco-
logical gradients, given the existence of trade-offs, because traits of a species that
increase its fitness in response to one suite of ecological conditions should have a
cost that decreases its fitness under other conditions (Grime 1977, 2001, Grubb
1977, Connell 1978, Tilman 1990). Ecological constraints thus impose restrictions
on the viable trait combinations in a given habitat (Tilman 1990, Grime 2001,
2006, Kneitel & Chase 2004), and the major ecological gradients can be used as a
kind of template to map traits (Southwood 1988, Keddy 1992, Ackerly 2003).
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Once these three questions have been addressed, functional traits can be used
to try and explain the presence or absence of species in a local community under
the prevailing set of environmental or spatial constraints. If functional traits do in-
deed have predictive power for community assembly, then the importance about
knowledge of functional attributes of individual plant species can hardly be over-
estimated in designing restoration programmes (see Chapter 10). The focus on
traits, rather than taxa, allows ecological predictions beyond context-specific case
studies. By contrast, if trait-neutral stochastic processes prevail in community as-
sembly, a more predictive ecology will remain illusive.
Human interference with community assembly
The need for a predictive ecology is most strongly felt in the industrialized part of
the world, where it could be the basis for mitigation and restoration measures.
Intensive human land use in these regions leads to habitat loss and to changes in
the quality and configuration of the remaining habitats, as well as changes in dis-
persal processes. Changing land use therefore affects both niche-based processes
and dispersal processes. Our understanding of human interference with assembly
processes and their relative importance is, however, very incomplete. Or, in the
words of Vitousek et al. (1997), ‘we are changing the earth more rapidly than we
are understanding it.’
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Figure 1.4: Conceptual model of the major constraints that act on a given species pool and
result in the actual species composition of a local community. The constraints operate as envi-
ronmental filters (niche-based assembly) and isolation filters (dispersal assembly) on the
total species pool (from Ozinga et al. 2005a; see Chapter 6).
Deterioration of habitat quality
Humans began influencing habitat conditions in Europe from the period of the
first agricultural immigrations onwards (ca. 7000 yr. BP). The resulting semi-nat-
ural landscapes supported high diversities of plant and animal species (Waterbolk
1968, Westhoff 1983, Ellenberg 1988, Lohmeyer & Sukopp 1992). The mecha-
nization of agriculture in the 20th century, with deep ploughing, drainage and the
application of artificial inorganic fertilizers, greatly altered habitat conditions and
thereby changed the species composition of many semi-natural habitat types
(Westhoff 1983, Ellenberg 1988, Grootjans et al. 1996, Schaminée et al. 2002,
Bakker 2005, European Environmental Agency 2005).
Habitat deterioration due to eutrophication is regarded as one of the main ex-
planations for losses of plant diversity (Vitousek et al. 1997, Bobbink et al. 1998,
Sala et al. 2000, Grime 2002, Tilman et al. 2002, Stevens et al. 2004, Suding et
al. 2005, Tamis et al. 2005). Or in the words of Silvertown (2005): ‘Sold as the
farmer's friend, in an age of increasing atmospheric pollution, artificial fertilizers
are fast becoming the enemy of diversity.’ According to Grime’s (1973, 2001)
‘hump-backed’ model of the relation between species richness and productivity,
there is a peak in species richness at intermediate productivity, and above this
productivity level species richness declines rapidly because only a few fast-grow-
ing species are successful in the competition for light. 
Habitat fragmentation
Human interference has strongly affected the configuration of natural and semi-
natural habitats and increased the degree of habitat fragmentation, in the
Netherlands (Weeda 2000-2005, Fig. 1.5) as well on a global scale (Vitousek et
al. 1997, Hassan et al. 2005). As a result of habitat deterioration and fragmenta-
tion, fewer, smaller and more isolated habitat patches harbour correspondingly
fewer, smaller and more isolated plant populations, which are more vulnerable to
influences from adjacent areas. 
Habitat fragmentation is regarded as one of the major causes of global biodi-
versity loss (Vitousek et al. 1997, Millennium Ecosystem Assessment 2005), and
encompasses at least three different components (Hanski 1998, 2005, Opdam et
al. 2003, Honnay et al. 2005). The first and most direct component is the pure
loss of habitat, which leads to local extinctions (Hassan et al. 2005). The second
component, reduction of the size of habitat patches, leads to smaller populations
which have a higher risk of local extinction. This higher extinction risk of small
populations is caused by their greater sensitivity to environmental, genetic and
demographic stochasticity (Shaffer 1981, Gilpin & Soulé 1986, Pimm et al. 1988,
Nee & May 1997, Menges 2000, Booth & Grime 2003, Vergeer 2005, Mix 2006).
As a third component, increasing spatial and temporal isolation of habitat
patches reduces both the spatial connectivity and the temporal continuity of habi-
tats for a given species. This has serious consequences for metapopulation dynam-
ics: isolated populations (both spatially and temporally) have lower chances to re-
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colonize suitable sites that have become unoccupied (Hanski et al. 1996, Hanski
& Ovaskainen 2000, Cook et al. 2005), thereby reducing gene flow between pop-
ulations (Young et al. 1996, Ouborg et al. 1999, Ouborg & Eriksson 2004). An ap-
propriate rate of seed dispersal can increase or maintain local species richness
through colonization of suitable but as yet unoccupied sites, and through ‘rescue
effects’, by which seeds from other sites sustain local populations that would oth-
erwise become extinct (Levins 1969, Brown & Kodric-Brown 1977, Shmida &
Ellner 1984, Pulliam 1988, Eriksson 1996, Hanski 1998, Loreau & Mouquet 1999,
Keymer et al. 2000). 
Changing dispersal processes
The transport of seeds between sites depends on external vectors. Several vectors
are able to transport seeds between sites, including water, wind, birds and large
mammals, each with their own characteristics. At the landscape level, these dis-
persal vectors act like a complex ‘dispersal infrastructure’. This dispersal infrastruc-
ture has changed dramatically in the Netherlands (see Chapter 8, Box 3) as well
as in many parts of Europe and America (e.g. Ridley 1930, Salisbury 1961,
Janzen 1984, Poschlod & Bonn 1998). Although such changes in dispersal infra-
structure can be regarded as a large-scale ‘natural experiment’, the effects of
changes in the availability of dispersal vectors on plant diversity has never been
tested at large spatial and temporal scales, due to a lack of suitable data.
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1930 – 1975 1975 – 2000
Figure 1.5: Example of habitat fragmentation: temporal changes in the distribution pattern
of species-rich grasslands on river dunes (alliance Sedo-Cerastion). From Ozinga & Schaminée
(2004), after data from Weeda et al. (2000-2005). Filled squares represent plots with descrip-
tions of the species composition; + symbols represent observations without further descrip-
tions. 
In conclusion, recent large-scale human interference has changed habitat quality,
habitat configuration and dispersal infrastructure at an unprecedented rate. In
contrast to the effects of changes in habitat quality, the effects of changes in habi-
tat configuration and dispersal processes on the species composition of plant com-
munities are poorly understood, and these are therefore the focus of this thesis.
Outline of the thesis
The aim of this thesis is to investigate the roles played by (1) niche-based process-
es, (2) dispersal processes and (3) abundance-based (trait-neutral) stochastic
processes in the assembly of plant communities. The studies underlying the thesis
focused on dispersal processes across various hierarchically related levels of organ-
ization (species, habitats, landscapes), in order to obtain more information on the
relevance of dispersal traits for the spatial dynamics that we observe in the field.
This will has resulted in specific predictions of the risks species run in fragmenting
landscapes and on the possibilities for species-specific conservation measures.
The premise in this thesis is that differences in terms of relevant functional
traits between species from local habitat patches and from the regional species
pool can give clues to the processes at work in the assembly of local communities
from regional species pools. The degree of over- or under-representation of certain
attributes relative to random sampling implies the involvement of non-random
processes. The remaining chapters in this thesis all relate to specific aspects of the
assembly of plant communities and complement each other.
Chapter 2 
This chapter offers a technical introduction on the classification of dispersal traits
across large numbers of plant species. 
LIMITATION OF SEED AVAILABILITY VERSUS ENVIRONMENTAL CONSTRAINTS
Chapter 3
The study reported in this chapter tested the hypothesis that the predictability of
local plant species composition from environmental conditions is influenced by
life-history traits related to mobility.
Chapter 4
This study tested the existence of a trade-off between local aboveground persist-
ence and the ability for dispersal in space and time, focusing on the extinction
side of the dynamic equilibrium between colonization and extinction. 
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Chapter 5
The study tested the hypothesis that variation in dispersal traits across plant com-
munities is related to the position of communities along major environmental gra-
dients. This hypothesis was tested for (1) the distribution of dispersal vectors
across plant communities and (2) the degree to which species within communities
have the potential to use multiple dispersal vectors.
DISPERSAL TRAITS VERSUS STOCHASTIC DISPERSAL
Chapter 6
This chapter reports on a study testing the effects of (1) random dispersal (neu-
tral null model), (2) species pool effects (neutral model with dispersal limitation)
and (3) dispersal traits (interspecific differences in dispersal limitation) on the
probability of being present in a local community, using a spatially explicit analy-
sis for a single habitat type. 
DISPERSAL PROBLEMS DUE TO HUMAN INTERFERENCE
Chapter 7
In this study we quantified the importance of long-distance seed dispersal for re-
gional survival of plant species, using wind dispersal as an example. We did this
by first relating the dispersal traits of plant species to seed dispersal kernels and
then relating the kernels (median distance and 99-percentile dispersal distance)
to the regional survival of the species.
Chapter 8 
We tested the hypothesis that differences between species in population trends
over the 20th century in Northwest Europe could be explained by interspecific dif-
ferences in their modes of dispersal, in combination with known changes in the
effectiveness of dispersal vectors, and compared the results with trait-neutral and
niche-based alternative explanations.
SYNTHESIS
Chapters 9 and 10
The final chapters integrate the results and provide a synthesis of the role of dis-
persal in community assembly, from both a theoretical (Chapter 9) and an applied
(Chapter 10) perspective.
Introduction 23
Box 1: A new tool in the search for community
assembly rules: ecoinformatics
Among scientific projects on the assembly of plant communities, there is a
trade-off between realistic complexity and simplification (Grime 2001, Hobbs
et al. 2006). Although experiments are a prerequisite for a detailed under-
standing of processes involved in community assembly, these experiments
typically involve small spatial and temporal scales, which makes generaliza-
tions difficult. Moreover, the experimental designs are often too artificial to
represent natural systems (Hobbs et al. 2006), and serious weaknesses have
been identified in the design and interpretation of many experiments with
synthesized community assemblages (e.g. Huston 1997, Grime 2002, Díaz et
al. 2003, Lepsv 2004). We cannot afford to postpone applying our knowledge
until we know all the details, as this will never be the case (Theobald et al.
2000, Opdam et al. 2003). Generalizations across larger sets of species and
ecosystems therefore require complementary approaches. 
This thesis explores such a complementary, statistical approach, based on
the premise that the combination of large ecological databases can generate
clues to the processes at work in the assembly of plant communities which
are valid at larger spatial and temporal scales (Brown & Maurer 1989, Díaz
et al. 2004, Ozinga et al. 2005a,b, McGill et al. 2006). More specifically, this
thesis makes use of a large database of the species composition of small plots
on the one hand (species x plot matrix) and a large database of functional
traits on the other (species x traits matrix). The integration of large ecologi-
cal databases at different organizational levels and across spatial scales to re-
veal new information can be regarded as an example of the emerging field of
‘ecological informatics’ or ‘ecoinformatics’ for short (Kareiva 2001, Ozinga et
al. 2004, 2005a, Recknagel 2006).
The advantage of focusing on functional traits instead of species is that it
simplifies raising the scale level from species to communities (Shipley et al.
2006). Moreover, the information on rare species, which are normally exclud-
ed from analyses at the species level, can be retained (Ferrier & Guisan
2006). Although the present approach is based on large databases from the
Netherlands, we expect that the general principles revealed by it will also be
applicable in other parts of temperate Europe and North America. 
As regards functional traits, we used the LEDA database, which contains
information on traits for the Northwest European flora (Knevel et al. 2003,
2005, Kleyer et al. in prep., see Chapter 2 for dispersal traits). The data de-
scribing species occurrences in local communities are derived from ‘The vege-
tation database of the Netherlands’ which is available on the internet through
the expert system SynBioSys (Schaminée et al. 2007, see Box 2), which com-
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prises over 400,000 specific descriptions of the species composition of small
plots (representing local plant communities). It is currently the largest data-
base of local plant species co-occurrence data worldwide. The database is
based on a large ‘space-time window’ (plots have been recorded throughout
the Netherlands over the period from 1930 to 2000) and covers the entire
environmental ‘niche space’ in the Netherlands. 
Large datasets at the community or landscape level are generally notori-
ously difficult to approach from a statistical point of view, due to the large
number of interactions between variables and the large proportion of data
that do not satisfy the distributional assumptions required by many statistical
tests. Recent developments in multivariate statistics, however, provide new
powerful tools for the analysis of plant communities (e.g. Chytry´ et al. 2002,
McCune & Grace 2002, Ter Braak & S
v
milauer 2002, Lepsv & S
v
milauer 2003,
Ozinga et al. 2005a, Hobbs et al. 2006, Recknagel 2006). This facilities a
shift from traditional significance testing based on P-values (i.e. is the effect
detectable) towards assessing the relative support in the data for multiple hy-
potheses (i.e. their relative ecological importance).
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Box 2: The position of Dutch plant communities
within a habitat template
Recurrent patterns of co-occurring species form the basis of a formal hierar-
chical classification of plant assemblages into abstract community types (syn-
taxonomy) in which each community type (syntaxon) is defined by a charac-
teristic species combination (Braun-Blanquet 1932, Tüxen 1937, Westhoff &
Van der Maarel 1978). According to the niche-based view of the assembly of
plant communities, these predictable spatial patterns in local species compo-
sition are the result of the sorting of species along environmental gradients. 
This Box gives an overview of the positions of all plant community types
in the Netherlands along the major environmental gradients, based on ordi-
nation techniques (see also Chapter 3 for an alternative approach based on
individual plots). The classification into community types has the advantage
that it allows a comprehensive overview of habitat types. Even if such vegeta-
tion classifications to some degree represent arbitrary divisions of a continu-
um, these abstractions can offer valuable ecological information for habitat
management and spatial planning (Van Leeuwen 1966, Ellenberg 1988,
Rodwell et al. 2002, Hunt et al. 2004, Van der Maarel 2005). Our ordinations
were based on a species-community matrix of 1214 species and 226 commu-
nity types, based on approx. 400,000 original plot descriptions (Schaminée
et al. 1995-1999 and Weeda et al. 2000-2005). Each community type is a
summary of all the plots that belong to that community type, based on the
similarity between plots in terms of species composition (Schaminée et al.
1995-1999). Each cell within this matrix shows the percentage of plots in
which the species was present within the relevant plant community (frequen-
cy). Rare species, occurring within a single community with a frequency of
occurrence less than 1%, were deleted. The positioning of plant community
types in the Netherlands along three major environmental gradients was
based on Detrended Correspondence Analysis (DCA). The ordination axes
were interpreted in terms of environmental gradients by adopting Ellenberg
indicator values for moisture, nitrogen availability, pH / base saturation, light
availability, temperature and salt tolerance (Ellenberg et al. 1992, see Chap-
ter 3 for technical details and a discussion of the reliability of this proce-
dure). The resulting ordination axes define a kind of multidimensional ‘habi-
tat template’.
The ordinations revealed close correlations (r > 0.9) between the posi-
tions of communities, based on their constituent species along the ordination
axes, and the environmental variables. This indicates that the variation be-
tween the abstract community types can be largely explained in terms of en-
vironmental variables. However, it should be noted that the explained vari-
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ance at the level of individual plots is much lower (see Chapter 3). Figure
Box 2.1 presents an ordination diagram of all Dutch plant communities (in-
cluding saline and aquatic environments). Within this figure, each point rep-
resents the centroid of a community type. The first axis in the figure shows a
clear transition from aquatic plant communities to terrestrial communities.
The second axis separates salt marshes and coastal dunes from the inland
communities.
For inland terrestrial plant communities, which are the focus of this thesis
(areas shaded in grey in Fig. Box 2.1), a further ordination yielded a highly
negative correlation between the first ordination axis and soil moisture (fig
2.2A, r = –0.86), while the second DCA axis is correlated positively with nu-
trient availability (r = 0.81) and pH / base saturation (r = 0.74). Nutrient
availability and base saturation show a high correlation (r = 0.72). The third
DCA axis is negatively correlated with light availability (r = –0.75). Different
successional stages which occupy comparable positions in the environmental
niche space as defined by DCA axes 1 and 2 are clearly separated along DCA
axis 3 (Fig. Box 2.2, panel A versus B).
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Figure Box 2.1: Position of all 226 Dutch plant communities within an ordination space
showing DCA axis 1 (eigenvalue = 0.93) and DCA axis 2 (eigenvalue = 0.86). Numbers
represent the centroids of syntaxonomic classes to which the communities belong (leg-
end in Table 1). The areas shaded in grey were further analysed in the present study.
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Figure Box 2.2: DCA ordination of the wetland and terrestrial plant communities show-
ing the first two ordination axes, axis 1 (eigenvalue = 0.80) and axis 2 (eigenvalue =
0.69). Numbers represent the centroids of syntaxonomic class to which communities be-
long (legend in Table Box 2.1). Panel A: Communities dominated by non-woody species
(score for DCA axis 3 < 4.5, corresponding to high light availability). Panel B: Com-
munities dominated by trees and shrubs (score for DCA axis 3 > 4.5, corresponding to
low light availability). N-communities = 170; N-species = 968.
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Table Box 2.1: Description of inland terrestrial plant communities in the Netherlands,
aggregated at the level of syntaxonomic classes according to Schaminée et al. (1995-
1999) with brief descriptions. The number of associations assigned to each class is
shown in parentheses.
Code Community type Characteristics
Wetlands and related communities on waterlogged soils
06 Littorelletea (8) Amphibious vegetation of oligo/mesotrophic soft waters
07 Montio-Cardaminetea (3) Moss- and herb-rich vegetation of water springs 
08 Phragmitetea (19) Reed and sedge-dominated swamps
09 Parvocaricetea (8) Transitional mires, fens
10 Scheuchzerietea (4) Vegetations of bog hollows and moorland pools
11 Oxycocco-Sphagnetea (5) Ombrogenic raised bogs
28 Isoeto-Nanojuncetea (4) Dwarf amphibious vegetation on oligo-mesotrophic soils
Grasslands, fringe communities and heathlands
12 Plantaginetea majoris (7) Heavily trodden or inundated grasslands
13 Sedo-Scleranthetea (2) Pioneer grasslands on nutrient-poor, stony soils
14 Koelerio-Corynephoretea (12) Grasslands of dry, sandy, nutrient-poor soils
15 Festuco-Brometea (1) Grasslands of calcareous soils
16 Molinio-Arrhenatheretea (12) Nutrient-rich, mesic (pastures, hay meadows) grasslands
17 Trifolio-Geranietea sanguinei (2) Fringe vegetation of woodlands on calcareous soils
18 Melampyro-Holcetea mollis (2) Fringe vegetation of woodlands on poor soils
19 Nardetea (4) Grasslands of rather moist, nutrient-poor soils
20 Calluno-Ulicetea (6) Temperate heathlands on nutrient-poor soils
Synanthropic and chasmophytic vegetation
21 Asplenietea trichomanis (4) Vegetations of rock faces, fissures and ledges
29 Bidentetea tripartitae (4) Ruderal comm. of nutrient-rich riparian habitats
30 Stellarietea mediae (9) Annual, herb-rich ruderal and agrestal communities
31 Artemisietea vulgaris (9) Perennial subxerophilous ruderal communities
32 Convolvulo-Filipenduletea (4) Tall–forb communities on wet and nutrient-rich soils
33 Galio-Urticetea (6) Nitrophilous communities of woodland and riparian fringes
34 Epilobietea angustifolii (1) Tall herb-rich communities of woodland clearings and gaps
Woodlands and shrubs
35 Lonicero-Rubetea plicati (3) Bramble scrubs
36 Franguletea (2) Willow scrubs
37 Rhamno-Prunetea (9) Mantle communities of temperate deciduous woods
38 Salicetea purpureae (3) Willow and poplar riparian woods and scrubs
39 Alnetea glutinosae (2) Alder woodlands
40 Vaccinio-Betuletea pubescentis (2) Birch woodlands
41 Vaccinio-Piceetea (3) Pine woodlands and planted conifer woodlands
42 Quercetea robori-petraeae (4) Deciduous temperate woodlands on nutrient-poor soil
43 Querco-Fagetea (6) Deciduous temperate woodlands on calcareous soil

Classification of dispersal traits
of vascular plants
Ozinga, W.A., R.M. Bekker, K. Thompson, J.P. Bakker,
S.M. Hennekens, J.H.J. Schaminée & J.M. Van Groenendael
Chapter2
Selection of propagule types (seeds and fruits) showing the high morphological diversity.
(seed photos from Cappers et al. 2006)
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Abstract
Based on available data we compiled a database for the Dutch flora
with aggregated data at the species level for (1) the ability for long-
distance dispersal by five dispersal vectors, (2) the ability for disper-
sal by multiple dispersal vectors. The resulting species – trait matrix
formed the basis for the analyses in other chapters. Raw data were
extracted from the LEDA database (life-history traits of the
Northwest European flora) and adapted to a classification with three
ordinal classes. Dispersal abilities cannot be translated directly into a
species specific probability for a given dispersal distance since this is
highly context dependent. The actual transport of propagules by a
given dispersal vector depends on landscape characteristics, climato-
logic conditions, the numbers of seeds produced and properties of
the local dispersal vectors. Since differences in dispersal attributes
can be quantified more easily, we have adopted a trait-based ap-
proach as a proxy for dispersal potential. For each dispersal vector,
the classification of dispersal abilities is given supplemented with in-
formation on properties of the dispersal vector in a landscape ecolog-
ical context. The ability of species to be transported by multiple dis-
persal vectors (‘polychory’) appears to be the rule rather than the
exception.
Introduction
It is increasingly acknowledged that local plant species richness and community
composition is affected by both niche based processes and by dispersal processes
(e.g. Huston 1994, Grace 1999, Tilman 1999, Grime 2001, Whittaker et al. 2001,
Ozinga et al. 2005). Both sets of processes act as filters on the pool of regionally
available species from which local communities are assembled. These filters oper-
ate on traits, rather than on taxa (Keddy 1992, Díaz et al. 1999, 2004, Grime
2001, Lavorel & Garnier 2002). Hence, in order to arrive at process-based nature
conservation and nature restoration, we need information on functional traits for
large sets of species. Moreover a focus on traits allows ecological predictions be-
yond the scale of local communities.
Three groups of traits are considered to be important for the spatial and tem-
poral dynamics of plant species (Grubb 1977, Tilman 1994, Eriksson 1996, Ehrlén
& Van Groenendael 1998, Cain et al. 2000, Grime 2001, Strykstra et al. 2002,
Muller-Landau et al. 2003, Ozinga et al. 2005), namely: (1) potential for long-dis-
tance dispersal, (2) potential to build up a persistent soil seed bank (‘dispersal in
time’), and (3) adult persistence. We focus on the first group of traits, thus disper-
sal in space, since this information was not yet available in a comparative way.
Information on functional traits for dispersal is scarce and scattered (Weiher et
al. 1999, Bakker et al. 2000, Bonn et al. 2000), but recently data for the North-
west European flora have been made available through the internet in the LEDA
database (Knevel et al. 2003, 2005, Stadler et al. 2006, Kleyer et al. in prep.,
www.leda-traitbase.org). Based on data from the LEDA database we compiled a
species-trait matrix for the Dutch flora with aggregated data at the species level
for the ability for long-distance dispersal by five dispersal vectors. Raw data were
adapted to a classification with three ordinal classes. Based on the resulting
species – trait matrix, the ability for dispersal by multiple dispersal vectors was
quantified. The resulting species – trait matrix formed the basis for the analyses in
other chapters.
Quantification of the ability for long-distance dispersal
In plants, in contrast to most animals, dispersal is mostly passive: Seeds or other
propagules (dispersal units) are transported away from the parent plant by exter-
nal ‘dispersal vectors’ such as wind, water or animals (Ridley 1930, Van der Pijl
1982). The various vectors of dispersal differ in the efficiency and the spatial
scale at which they transport propagules. We are mainly interested in propagule
transport between patches by long-distance dispersal (>100m; cf. Cain et al. 2000),
since metapopulation dynamics in fragmented landscapes are mainly determined
at this spatial scale. We therefore only considered the following dispersal vectors,
all providing highly efficient long-distance dispersal: water, wind, the fur of large
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mammals, the dung of large mammals and droppings of frugivorous birds (see
Table 2.1). Humans as dispersal vectors were not taken into account, as this
would involve various trait syndromes, and comparative data for large sets of
species are lacking.
The efficiency of various dispersal vectors for the seed transport of a given
species can be classified based either on differences in actually achieved dispersal
distance or on differences in attributes that increase the capacity for long-distance
dispersal by a given dispersal vector (Muller-Landau et al. 2003). Dispersal dis-
tances can be described by a ‘dispersal kernel’, which is a probability density func-
tion that describes seed arrival at distance x from the parent plant (Clark et al.
1998). The shape of the ‘tail of the dispersal kernel’ (i.e. long-distance dispersal)
depends on rare events and is extremely difficult to quantify (Ouborg et al. 1999,
Cain et al. 2000; Bullock & Clark 2000; Nathan & Muller-Landau 2000, Nathan et
al. 2002). The probability of ending up in the tail of the dispersal kernel is not
only dependent on traits of the species, but also on landscape characteristics, such
as vegetation structure, presence of barriers and availability of dispersal vectors,
and therefore case specific. Our ability to predict dispersal kernels in realistic land-
scapes is therefore still very poor (Clark et al. 1998, 2003, Nathan 2005, 2006,
Nathan et al. 2005). There is for example a strong discrepancy between observed
migration rates of forest herbs after glacial periods, which are in the order of mag-
nitude of 100-1000 m/yr, and dispersal distances of up to 10 m/yr that were actu-
ally measured in the field (Reid’s paradox; Clark et al. 1998). Even perfect infor-
mation on the dispersal distance of all seeds in a population would only provide a
case-specific documentation of differences in actual dispersal distance (Clark et
al. 1999, Tackenberg et al. 2003; Nathan et al. 2003, Nathan 2005). It is therefore
not realistic to precisely quantify the probability of seeds dispersing over distances
of >100m for many species under various conditions for all dispersal vectors.
Since dispersal attributes can act as a proxy for dispersal ability and these can
be quantified more easily (Weiher et al.1999, Tackenberg 2001, Tackenberg et al.
2003, Pakeman et al. 2002, Boedeltje et al. 2003, Couvreur et al. 2004, Knevel
et al. 2005, Römermann et al. 2005), we have adopted a trait-based approach.
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Dispersal vector Transport mechanism
Water (hydrochory s.s.) propagules floating on water-surface
Wind (anemochory) propagules with reduced falling velocity
Mammalian dung (endozoochory by mammals) survival of the digestive tract of mammals
Mammalian fur (epizoochory by mammals) adhesion of propagules to fur of mammals
Bird droppings (endozoochory by birds) survival of the digestive tract of birds
Table 2.1: Overview of the dispersal vectors with a high efficiency for long-distance dispersal
(LDD) included in the database (Ridley 1930, Van der Pijl 1982, Müller-Schneider 1983,
Bonn et al. 2000, Knevel et al. 2005).
The available data were aggregated by assigning each species to one out of three
ordinal classes for each dispersal vector (Table 2.2). The classification provides us
with species specific values that are independent of the spatial context and thus
comparable across different areas and different habitats. Although this classification
of the continuum is less precise for individual species, it allows generalizations at
the level of large species pools. It is important to note that many species have high
dispersal abilities for more than one long-distance dispersal vector (‘polychory’). In
most chapters of this thesis this classification was even further simplified by com-
bining the lowest two classes leading to a binary classification (0/1).
The classification of the dispersal ability for various dispersal vectors is based
as far as possible on measurements of simple parameters (‘soft traits’ or ‘indicator
parameters’ cf. Hodgson et al. 1999, Weiher et al. 1999, Bonn et al. 2000,
Tackenberg 2001, Knevel et al. 2005, Römermann 2006) that are relatively easy
to quantify and that provide good correlates with ‘hard traits’ which may be more
accurate, but which are problematic to measure for large sets of species (Hodgson
et al. 1999, Weiher et al. 1999, Ouborg et al. 1999, Bonn et al. 2000, Lavorel &
Garnier 2002, Cornelissen et al. 2003). For example, the fall velocity of propag-
ules after a phase of acceleration is regarded as a reliable predictor of dispersal
ability by wind (Sheldon & Burrows 1973, Askew et al. 1997, Tackenberg et al.
2003, Katul et al. 2005). Further details on each dispersal vectors are presented
below. To underline the context specific nature of seed dispersal, the discussion of
the classification of individual dispersal vectors is supplemented with some brief
information on properties of the dispersal vector in a landscape ecological context.
Dispersal by water (Hydrochory)
Propagule traits
Morphological or physiological adaptations of propagules that increase the ability
to float on the water surface (buoyancy) include: low specific weight (e.g. due to
air filled structures such as spongy tissues, balloons or air-catching hairs or due to
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Class Dispersal ability
0 low, no attributes that facilitate dispersal over distances >100m 
1 intermediate
2 high, attributes that facilitate dispersal over distances >100m
Table 2.2: Potential for propagule transport by the dispersal vector under consideration.
Further details on the classification are presented for the individual dispersal vectors.
large surfaces such as wings), water repellent seed or fruit coat, and high oil con-
tent (Praeger 1913, Ridley 1930, Baskin & Baskin 1998). In many grasses and
sedges the bract remains attached to the seed as a ‘balloon’ and encloses a small
amount of air.
For several species the dispersal capacity by water is mainly or solely depend-
ent on floating vegetative parts (Ridley 1930, Feekes 1936, Boedeltje et al. 2003,
2007) or on floating seedlings (Ridley 1930, Huiskes et al. 1995, own observa-
tions; Fig. 2.1). For riparian plants, floating seedlings can be regarded as a quite
elaborated dispersal strategy. Germination on the bottom promotes the establish-
ment near the parent plant in favourable conditions, while under less favourable
conditions (e.g. if the seedling cannot anchor itself by the radicle due to the hard
soil or heavy wave action) the floating seedlings may disperse over considerable
distances.
Properties of the dispersal vector
Whether water can act as an efficient dispersal vector not only depends on the
floating ability of seeds but also on the landscape ecological context, e.g. the fre-
quency and extent of inundations. Andersson et al. (2000) performed experi-
ments with wooden cubes to mimic seed dispersal and deposition by boreal rivers.
For free flowing rivers they found that species richness of the established vegeta-
tion increased with the number of deposited cubes. The dispersal kernel was in
general leptokurtic with an increase of average and maximum dispersal distance
with the size of the river (Andersson et al. 2000). The shape of the dispersal kernel,
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Figure 2.1: Example of the results of buoyancy experiments for the plant species Luzula mul-
tiflora. In this example the T50 value can be deduced from the results (indicated by the left
arrow), but it is not possible to quantify the T10 value. In this experiment germinated
seedlings started to float (indicated by the right arrow), indicating that seedlings can be dis-
persed over long distances. This figure also demonstrates differences in floating ability be-
tween still and stirred water.
is driven largely by landscape elements that trap propagules (e.g. curves or other
obstacles along rivers; Schneider & Sharitz 1988, Nilsson et al. 1991, Johansson
& Nilsson 1993, Andersson et al. 2000). 
The relation between floating time and dispersal distance is strongly depend-
ent on landscape characteristics. In fast flowing boreal and alpine rivers all
species with floating seeds can be dispersed efficiently by water. In lowland
rivers, regulated rivers or stagnant water bodies, in contrast, the proportion of
seeds in drift traps relative to the abundance in the species pool is positively relat-
ed with floating time (Jansson et al. 2000, Andersson et al. 2000, Nilsson et al.
2002, Boedeltje et al. 2003). This suggests that in regulated rivers, disrupted by
dams, short-floating seeds do not float long enough to disperse successfully across
impounded river sections.
Classification criteria for dispersal ability
Many species float well without clearly visible morphological adaptations
(Praeger 1913, Johansson et al. 1996). Thus, classifications based on simple mor-
phological traits tend to underestimate hydrochory. Measurements of the floating
capacity can give a more accurate classification of the dispersal capacity by water.
Our classification is based on studies in which the floating time of propagules is
quantified (see Table 2.3 for criteria). This is expressed as the time after which
50, 10 and 0 % of the seeds still float (see Fig. 2.1 for an example). Ideally the es-
timation of the floating capacity should be determined in stirring water (Ecklund
1927, Feekes 1936, Danvind & Nilsson 1997, Bill et al 1999, Boedeltje et al.
2003). Experiments without stirring tend to overestimate the floating ability (e.g.
Ecklund 1927, Feekes 1936). For the classification we also used data on viable
seeds trapped in nets or in drift-line material. This information was used only for
the classification if data on floating capacity were lacking. The dispersal ability for
these species was classified as ‘1/2’ because the exact floating capacity is not
known. Given the stochasticity of peak floods (especially in rivers), drift sedi-
ments may contain additional rare species in comparison with field studies with
nets. An important disadvantage of drift litter is that it might include wind dis-
persed propagules, and therefore species with only records from drift litter were
not included in the classification. Seeds of several plant species can also be trans-
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Dispersal Criterion
ability water
0 propagules sink at once or float < 1 hour
1 propagules float 1 hour – 7 days
2 propagules float >7 days (including floating vegetative parts or seedlings)
1/2 propagules float > 1 hour, but floating capacity unknown
Table 2.3: Classification of the ability for long-distance dispersal by water.
ported in the water column, but this dispersal mechanism is only effective in fast
flowing rivers, and therefore this mechanism is not considered here. The database
includes information on the ability to disperse by floating vegetative parts (0 or
1) or by floating seedlings (0 or 1).
Dispersal by wind (Anemochory)
Propagule traits
Plants can increase the efficiency for wind as a dispersal vector by decreasing the
fall velocity of propagules and by increasing the height at which propagules are
released. The constant rate of fall of propagules after a phase of acceleration (ter-
minal velocity, Vterm) is regarded as the most important indicator of dispersal abil-
ity by wind for a given species (Sheldon & Burrows 1973, Augspurger 1986,
Green & Johnson 1989, 1996, Andersen 1992, Askew et al. 1997, Jongejans &
Schippers 1999, Nathan et al. 2003, Tackenberg et al. 2003, Katul et al. 2005).
Species with a low terminal velocity have a higher ability to profit from uplifting
air turbulence which is important to give seeds access to airflow above the vege-
tation (Nathan et al. 2002, 2003, Tackenberg 2003, Soons et al. 2004, Katul et al.
2005).
In general Vterm increases with propagule weight (Burrows 1975, Tackenberg
2001, 2003, Fig. 2.2). Seeds with a weight of less than about 0.01 mg (‘dust
seeds’) are likely to be effectively dispersed by wind due to their small surface
area relative to their weight (Burrows 1975). Many other plant species have spe-
cial appendices on the seeds that increase the surface-area relative to the seed
weight, such as wings or pappus-like structures. For a given propagule weight, the
possession of a pappus or a large wing, substantially lower the terminal velocity
(Fig. 2.2). The degree to which these structures enhance the potential for disper-
sal by wind is dependent on the ‘wing-loading’, which is the propagule’s weight
over the surface of the wing / pappus (Burrows 1975, Sheldon & Burrows 1973,
Dale 1989, Sipe & Linnerooth 1995, Minami & Azuma 2003).
In general seeds with a well developed pappus have a relatively low terminal
velocity for a given propagule weight (Fig 2.2). Species with a higher terminal ve-
locity then expected from propagule weight, are in general characterized by
weakly developed pappus-like structures (e.g. Galinsoga spec. with a pappus of
small scales). Seeds with large wings have a weaker between seed size and Vterm.
Here the a-central position of the centre of gravity relative to the wing is probably
more important (Sipe & Linnerooth 1995, Minami & Azuma 2003). The posses-
sion of large asymmetric wings (samaras), which leads to auto-rotating propag-
ules, appears to be very effective in reducing Vterm for propagules that weigh over
5 mg (Fig. 2.2). 
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Plant traits
Plants can also increase the potential for wind dispersal distance by increasing the
release height of the propagules (Nathan et al. 2002, Tackenberg et al. 2003) but
this parameter should be considered relative to the surrounding vegetation (Grace
1977, Oke 1987, Green & Johnson 1996, Soons & Heil 2002). The relatively high
potential for wind dispersal observed in several tree species with winged propag-
ules, can be attributed to the considerable release height (Green & Johnson 1996,
Nathan et al. 2002, Tackenberg et al. 2003).
Properties of the dispersal vector
Most models on wind dispersal (e.g. Sharpe & Fields 1982, Andersen 1991) and
wind tunnel experiments (e.g. Van Dorp et al. 1997, Strykstra et al. 1998) do not
take into account vertical turbulence and can therefore lead to underestimation of
the fraction of seeds dispersed over long distances. Adding vertical turbulence
greatly increases model performance, because uplifting events, in which upward
vertical wind velocity exceeds terminal velocity of seeds, is crucial in determining
long-distance dispersal (Bullock & Clarke 2001, Nathan et al. 2002, Tackenberg
2003, Soons et al. 2004a, Katul et al. 2005, Nathan & Katul 2005). Tackenberg
2003 suggested that seed uplifting is mainly caused by thermic turbulence. In an
unstable atmosphere (with low horizontal wind velocity and high surface heating),
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Figure 2.2: Relationships between propagule weight and terminal velocity plotted on loga-
rithmic scales. Species are divided into three groups according to the presence of adaptations
which reduce wing-loading: pappus-like structures, large wing-like structures or with no obvi-
ous structures. 
thermic turbulence can lead to a net updraft, which can reach values of 3 m/s for
several minutes above 20-100 m (Tackenberg 2003). Soons et al. (2004), howev-
er, argue that mechanically produced vertical turbulent air movements under high
wind velocity conditions are more important for long-distance dispersal.
Dispersal of complete inflorescences or whole plants rolling on the ground sur-
face and driven by wind (‘tumbleweeds’ or ‘chamaechory’) can occur for plants
with spherical growth forms (Ridley 1930, Feekes 1936). This way of wind-dis-
persal is only effective for long-distance dispersal if the vegetation cover is below
20% (Feekes 1936), e.g in open sand-dunes and along shorelines.
Classification criteria for dispersal ability
The classification of the  ability for dispersal by wind adopted in this database is
based on a combination of terminal velocity (Vterm) and the mean height of seed
release (Hrel). The criteria for the three classes in Table 2.4 are based on the re-
sults of model simulations by Tackenberg (2001, 2003). This mechanistic model
simulates the proportion of propagules exceeding a reference distance under vari-
ous landscape topographies and weather conditions. We used the results of model
simulations with a reference distance of 100 m with standard weather conditions
for central-European grasslands (Tackenberg 2003). For species with low disper-
sal abilities for wind, the proportion of propagules exceeding 100 m was < 0.008,
for the intermediate category the proportion was 0.008-0.064, and for species
with a high  ability for wind dispersal the proportion of long-distance transport
was > 0.064. These proportions are very sensitive to weather conditions, but the
relative ranking of species is rather stable (Tackenberg et al. 2003), allowing a
relative classification at the species level. For species without data on terminal
velocity, this parameter was estimated from the propagule weight and the pres-
ence of morphological structures which increase wing-loading (pappus or wing,
see Fig. 2.2).
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Dispersal Hrel
ability wind 0.2 1.0 2.0 5.0 10.0
0 >1.6 >1.8 >2.2 >2.6 >3.1
1 0.5-1.6 0.6-1.8 0.75-2.2 1.0-2.6 1.4-3.1
2 <0.5 <0.6 <0.75 <1.0 <1.4
Table 2.4: Classification of the ability for long-distance dispersal by wind. The classification
is based on a combination of release height of the propagules (Hrel in m) and the falling ve-
locity of propagules after a phase of acceleration (terminal velocity, Vterm in m/s).  The crite-
ria are based on the results of model simulations by Tackenberg et al. (2003). Values in the
cells give the terminal velocity for a given release height.
Dispersal by mammalian dung (Endozoochory
by mammals)
Propagule traits
The ability to be dispersed through dung of mammals (endozoochory) is depend-
ent on (1) the capacity to survive passage through the digestive tract (propagule
trait), and (2) the probability to be eaten (plant trait). The probability of propag-
ules to survive passage through the digestive tract is suggested by several authors
to increase with decreasing seed size and with decreasing variance in seed shape.
Thus small and spherical seeds on average are more likely to be dispersed through
endozoochory. Evidence for this generalization has been published for sheep
(Özer 1979, Russi et al. 1992, Peco et al. 2006), cattle (Gardener et al. 1993),
horses (Cosyns 2004), rabbits (Pakeman et al. 1999, 2002), red deer, roe deer
and fallow deer (Heinken et al. 2002, Mouissie 2004) and hare (Heinken et al.
2002). The inverse relation between seed size and gut survival might be ex-
plained partly by a lower susceptibility to damage by chewing and a shorter re-
tention time in the digestive tract for small seeds (Janzen 1982, Gardener et al.
1993, Blackshaw & Rode 1991, Pakeman et al. 2002, Mouissie et al. 2005). This
dependence on seed weight and shape can also explain the high correlation with
the capacity to form a persistent soil seed bank as shown by Pakeman et al.
(1998, 2002), and Cosyns (2004). Evolution to maximize either gut survival or
seedbank survival may have preadapted species for the other process (Pakeman et
al. 2002). Seed weight and shape have thus a predictive power for the gut-sur-
vival  ability. The high ability for dispersal through dung in small seeded seeds
might be explained partly by a numerical effect (i.e. through the seed size – seed
number trade-off) rather than by a seed-size effect per se as has been suggested
by Eriksson & Jakobsson (1999) and Bruun & Poschlod (2006).
Another way of increasing the rate of gut survival is the occurrence of a hard
seed coat or physical dormancy (Russi et al. 1992, Gardener et al. 1993, Miller
1995, Baskin & Baskin 1998, Peco et al. 2006). Several species with physical dor-
mancy show even an increased germination after passage through digestive tracts,
for example Amaranthus, Chenopodium, Polygonum and several Leguminosae
(Ridley 1930, Müller-Schneider 1983, Russi et al. 1992, Ghassali et al. 1998).
This is probably the result of increased permeability of the seed coat due to abra-
sion or due to removal of soluble inhibitors (Baskin & Baskin 1998).
Plant traits
A first condition that needs to be fulfilled for endozoochory by mammals is to in-
crease its probability to be eaten through possession of a high forage quality of
propagules or of the plants as a whole. Plant species differ largely in their foliage
quality for herbivores, which is determined by the contents of nutrients, cellwall-
components (e.g. hemicellulose, cellulose, and lignin) and toxic secondary
metabolites (Klapp et al. 1953, Coley et al. 1985, Davidson 1993, Reich et al.
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1999). Seeds of several toxic species can potentially survive passage through the
digestive system, but are not eaten because they are poisonous and bitter. This
has for example been shown for Agrostemma githago (Kempski 1906). Janzen
(1984) suggests that many small-seeded herbaceous plants are dispersed acciden-
tally by large herbivores because the green parts have a high food quality so the
foliage functions ecologically as an attractive fruit (‘foliage is the fruit hypothe-
sis’), although this seems not to be a general rule (Collins & Uno 1985). It is in-
teresting to note that for most species, except a few dominants, the food quality
of the single species will constitute only a small fraction to the meal of large
mammalian herbivores (bulk feeders), and therefore not the food quality of a sin-
gle species, but the food quality of the vegetation as a whole is of ecological rele-
vance. Therefore, palatable plant species as a group might be regarded as a ‘key-
stone resource’, whose fluctuating abundances are likely to influence grazing pres-
sure (Davidson 1993). This mediates a positive interaction between plant traits
and the behaviour of the dispersal vector, with herbivores sowing their own meal.
On the other hand unpalatable plant species with mechanical or chemical de-
fences may provide protection to palatable plant species (‘associational re-
sistence’, Huntley 1991, Olff et al. 1999) and can prevent premature seed con-
sumption of these species.
Properties of the dispersal vector
While the potential of species to be dispersed by mammalian dung depends on
seed and plant traits, the actual probability for dispersal is also dependent on her-
bivore characteristics and the landscape ecological context. Differences in species
composition in dung from various herbivores, foraging in the same area were
shown by various authors, e.g. Janzen 1982, Welch 1985, Malo & Suárez 1995a,b,
Heinken et al. 2002 and Cosyns 2004. Herbivore species differ in their home
range, digestive system, food retention time, diet with regard to food quality and
habitat preference. Herbivorous species can be classified according to their diet
and digestive system in a continuum ranging from browsers to grazers (Hofmann
1989, Bodmer 1990, Clauss et al. 2003. Pérez-Barbería 2004). According to
Clauss et al. (2003) the content of the stomach of grazers shows a distinct stratifi-
cation in which denser particles sink to the bottom. The absence of stomach con-
tents stratification in browsers is, in the view of Clauss et al. (2003), the best ex-
planation for the less selective particle retention and generally shorter retention
time in browsers than in grazers. In addition, there are important differences be-
tween animals that process their food in their hindgut (e.g. horses) and forestom-
ach processors (ruminants such as deer, sheep, cattle). Ruminants are less able
than hindgut processors to move large particles through their digestive system.
Hindgut processors such as horses digest their food less thoroughly and defecate a
higher proportion of large seeds (Stevens & Hume 1995). 
Further differences between mammalian species can be explained by the rela-
tion between body mass and the spatial scale and precision of foraging (Ritchie &
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Olff 1999). In general herbivores become less selective for certain plant species as
body size increases (Demment & Van Soest 1985, Ritchie & Olff 1999). This im-
plies that the forage of large herbivores has in general a higher proportion of
seeds from plants with a low foliage quality. With regard to dispersal distance
there are again pronounced differences between mammalian species, with a log-
linear relation between body weight and maximum dispersal distance (Sutherland
et al. 2000). Together the differences between mammalian species will translate
in differences in spectrum of species which are dispersed through the dung of var-
ious herbivorous species.
Herbivory is not only important for the dispersal of seeds per se, but also for
the establishment of seedlings by the creation of gaps through trampling (Grubb
1977, Bakker 1989, Bullock et al. 1995). Cosyns (2004) showed that cattle or
horse dung in itself does not provide optimal germination conditions for most
plant species and that effects of dung deposition were most pronounced in dis-
turbed (sod-cut) plots. Malo et al. (1995) provide evidence that plant species that
are efficiently dispersed through the digestive tract of mammals have in general
an improved efficiency in the colonization of gaps generated by herbivores. This
directed dispersal yields a higher probability of survival to maturity on a per seed
basis (Wenny 2001).
Classification criteria for dispersal ability
The classification of the  ability of species to be effectively dispersed by survival of
the digestive tract of mammals is less straightforward, as compared to other dis-
persal vectors due to the lack of simple measurable morphological seed traits.
Conventional classifications, based on simple morphological traits, tend therefore
to underestimate the proportion of species with the ability to be effectively dis-
persed through survival of the digestive tract. Many species which are classified as
‘unspecialised’ in such conventional classification systems (e.g. Willson et al.
1990, Hughes et al. 1994, Hodgson et al. 1995) have been shown to be efficiently
dispersed by large mammalian herbivores after gut passage survival (e.g. Janzen
1984, Müller-Schneider 1986, Malo & Suarez 1995a,b, Pakeman et al. 1998,
1999, Cosyns 2004).
Species were classified as endozoochorous if they fulfil two conditions: (1) they
have been shown to survive the digestive tract of large mammals (two classes:
0/1), and (2) the propagules are frequently eaten under natural conditions (three
classes: 0/1/2). The aggregated data are based on a multiplication of both fields
(three classes). Emphasis is put on mammals with a medium to large home range,
and separate fields are included for cattle, horse, sheep / goat, deer, pig and rab-
bit / hare. Most information is derived from studies on seedling germination from
freshly collected dung (see Table 2.5).
There are at least two possible sources of bias in the classifications of the ability
for dispersal by mammalian dung. Studies in which the abundance of germinating
seeds was not quantified relative to the availability of seeds in the surrounding
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vegetation are sensitive to a ‘sampling effect’, because abundant species have just
by their high abundance a higher chance to be recorded. A second source of bias
may stem from the inclusion of field data. Seedlings observed in dung in the field
may have originated from wind dispersal, and therefore field data are less reli-
able. These less reliable data sources were only taken into consideration if no
other information was available and those data were labelled with a question
mark. 
Dispersal by bird droppings (Endozoochory by birds)
Propagule traits
Although seed dispersal by bird droppings (‘ornithochory’) is a special case of en-
dozoochory, it differs in some important aspects, both with regard to propagule
traits and with regard to properties of the dispersal vector. Therefore dispersal by
bird droppings is treated here separately. Plant species which can be dispersed
through the digestive tract of birds can be divided into two broad groups: (1)
species in which the seeds are surrounded by a fleshy, coloured, nutrient- and
sugar-rich pulp, providing rewards to birds, and (2) species without nutritious re-
ward. We focus on the former group. 
In temperate regions, in contrast to tropical regions, plant species with fleshy
fruits are mainly dispersed by frugivorous birds, and form only a small fraction of
the diet of large mammals (Skeate 1987, Herrera 1987, 1995, Snow & Snow
1988, Jordano 2000). Plant species with fleshy fruits are in general relatively ef-
fectively dispersed by frugivorous animals due to high removal rates, and high
survival-rates of the digestive tract (Herrera 1987, Snow & Snow 1988, Jordano
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Dispersal ability Criterion
dung (mammals)
0 not eaten by animals and/or no germination after passing the digestive tract
1 survival of seeds after passing the digestive tract low (at least 3 germinating 
seeds, but relative abundance in dung lower than 5% of relative abundance
in the diet) and/or eaten rarely (plants with physical or chemical
herbivore-defence)
2 survival of seeds after passing the digestive tract high (at least 3 germinating
seeds and relative abundance in dung higher than 5% of relative abundance in
the diet) or with physical dormancy and frequently eaten 
1/2 seeds can survive digestive tract, but no further classification possible
Table 2.5: Classification of the ability for long-distance dispersal by mammalian dung.
2000, Kollmann 2000). During fall bird migration in the Northern Hemisphere,
plant species with lipid-rich fruits are the most highly preferred species (Stiles
1992). In several plant species the unripe fruits are prevented from premature
consumption by defensive secondary metabolites (e.g. Arum, Solanum, Lycium,
Phytolacca, Rhamnus, Sorbus). Furthermore, fruits from nearly all bird-dispersed
plant species change colour on ripening from green to red or black (Stebbins
1971, Van der Pijl 1982, Herrera 1995). Wahaj et al. (1998) provide experimental
evidence that secondary metabolites in fruit pulp influence retention time in bird
guts, mediating a trade-off between dispersal distance (longer retention time) and
seed viability (shorter retention time).
Many plant species without fleshy fruits have also been shown to be dispersed
over long distances by birds, but the efficiency of birds as dispersal mode for most
of these species is probably lower because the seeds are less selectively eaten and
the mean survival rate is lower (e.g. Eikelboom 1941, Van der Pijl 1982). Based
on an extensive literature review Ridley (1930) already states that it is probable
that granivorous birds disperse many more seeds than is commonly thought.
Salisbury (1961) assumed therefore that most seeds within a certain range of size
at one time or another will be dispersed by birds, and Wilkinson (1997) suggests
that for many wind dispersed seeds the wind dispersal mechanism is mainly
adapted to local dispersal (over distances of a few canopy diameters) and larger
scale dispersal is due to birds. The germination of some species is augmented by
passage of their seeds through the digestive tract of birds, as has been shown for
Anthemis arvensis, Chenopodium album, Plantago lanceolata, and Sparganium
emersum (Salisbury 1961, Figuerola & Green 2002, Pollux et al. 2005). This may
partly involve mechanic or chemical breaking of seed dormancy (Proctor 1968,
Baskin & Baskin 1998). Another way in which seed passage in the digestive tract
may increase seedling performance is by inhibition of fungal infections as has
been shown by Eikelboom (1941).
Properties of the dispersal vector
In comparison to mammals, frugivorous bird species possess on average a higher
forage and habitat selectivity (Herrera 1987, 1995, Snow & Snow 1988, Stiles
1992, Jordano 2000), and a higher degree of directed transport towards suitable
safe sites for germination (Stiles 1992, Debussche & Isenbussche 1994, Wenny
2001). Moreover, the daily dispersal distances during migration are in general
longer as compared to mammals (Sutherland et al. 2000). Migrating birds are ca-
pable of dispersing seeds over distances over hundreds of kilometres (e.g. Proctor
1968, Fridriksson 1975, Wilkinson 1997). Throughput times for seed defecation
are usually in the range of 0.3-1.5 h (Snow & Snow 1988, Worthington 1989).
It is important to distinguish between seed-dispersers and seed-predators. This
distinction is gradual and depends on the plant species involved. As a rule of
thumb the following birds act as important seed dispersers in NW-Europe: Water-
fowl (Anatidae), Thrushes (Turdus spp.), Crows, Jays, and Magpies (Corvidae),
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some Warblers (e.g. Blackcap - Sylvia atricapilla) and Waxwing (Bombycilla garru-
lus). Several other bird-families, such as Grouses (Tetraonidae), Pheasants and
Patridges (Phasianidae) and Doves (Columbidae) are only effective dispersers for
plant species with relatively hard seeds and predators for other plant species.
Sparrows (Passeridae), Tits (Paridae), Finches (Fringillidae) and Buntings (Em-
berizidae) can in many cases be regarded as seed predators or pulp-predators
(Cramp et al. 1977-1994, Levey 1987, Snow & Snow 1988, Stiles 1992, Chang et
al. 2005). Fleshy fruits of some plant species are only eaten by specialists. The bit-
ter tasting fruits of Viburnum opulus for example are hardly eaten, with Waxwings
(Bombycilla garrulus) as one of the exceptions. Periodic invasions of Waxwings
therefore may be an important dispersal vector for this shrub species.
Classification criteria for dispersal ability
The classification is based on a combination of observations on wild or captive
birds and propagule morphology (see Table 2.6). We define fleshy fruits as those
propagules with soft, pulpy, nutrient- and sugar-rich layers around the seed(s).
Some arillate seeds are included in this ecological definition, despite the differ-
ences in morphological derivation, because the function of an edible aril as a re-
ward for dispersers is the same as that of an edible exocarp or pericarp (Van der
Pijl 1972, Willson et al. 1989).
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Dispersal  Criterion
ability birds
0 not eaten by birds and/or no germination after passing the digestive tract
1 germinating seeds after passing the digestive tract and not with morphological
adaptations to attract birds
2 germinating seeds after passing the digestive tract high (at least 3 germinating
seeds and relative abundance in droppings higher than 5% of relative abundance 
in the diet) and morphological adaptations to attract birds (fleshy fruit)
2? morphological adaptations to attract birds (fleshy fruit), but no actual
observations
Table 2.6: Classification of the ability for long-distance dispersal by bird droppings.
Dispersal by mammalian fur (Epizoochory by mammals)
Propagule traits
In comparison to dispersal through the digestive tract of mammals, the potential
for dispersal by adhesion in the fur of mammals (epizoochory or exozoochory)
can be inferred more easily from propagule morphology. Various experiments
have revealed that propagules with awns or burrs have on average a higher ca-
pacity to become attached and to remain attached on the fur of large mammals
than seeds without such appendages (Carlquist 1981, Shmida & Ellner 1983,
Sorensen 1986, Kiviniemi 1996, Kiviniemi & Eriksson 1999, Fischer et al. 1996,
Heinken 2000, Gorb & Gorb 2002, Couvreur et al. 2004, 2005, Mouissie et al.
2005, Römermann et al. 2005). Moreover, seeds with hooked appendages have a
longer median dispersal distance in fur of large mammals than smoother seeds
(Willson 1993, Kiviniemi 1996, Kiviniemi & Eriksson 1999, but see Fischer et al.
1996). Although small, smooth propagules may also be dispersed in the fur of
mammals (e.g. Shmida & Ellner 1983, Fischer et al. 1996, Heinken 2000) the ca-
pacity to become and to remain attached for a given seed weight is lower
(Couvreur et al. 2004, 2005, Römermann et al. 2005). 
Another attribute which might increase the attachment capacity is the excre-
tion of a thin layer of sticky substances under moist conditions (mucilagous
seeds). The sticky layer, however, may primarily serve the purpose of cementing
the seed to moist soil before germinating, restricting transpiration and increasing
protection against pathogens (Ridley 1930, Baskin & Baskin 1998). In dry sites
the seeds may be blown along the soil till they reach a spot sufficiently moist to
exude the sticky layer and germinate. A further adaptation that probably facili-
tates external dispersal by mammals is the development of shedding-tolerant
seeds or fruits to prevent premature seed release (Müller-Schneider 1983, Oba
et al., 2000).
Comparative data on attachment capacity at the species level are scarce, since
many field studies do not control for confounding factors such as vegetation
structure, availability of propagules and animal behaviour. The potential for adhe-
sive dispersal is driven by two key processes: 1) the ability of propagules to be-
come attached to the fur of mammals, i.e. the attachment potential, and 2) the
ability of attached seeds to remain attached, i.e. the retention potential (Fischer et
al. 1996, Couvreur et al. 2004, Mouissie et al. 2005, Römermann et al. 2005, Will
et al. 2007). 
Plant traits
The proportion of propagules which becomes attached to fur is constrained by the
height at which the seeds are released. The vast majority of species for which the
propagules have frequently been observed in the fur of large mammals, have a
seed release height between 0.2 and 2.0m (Sorensen 1986, Fischer et al. 1996,
Graae 2002, Mouissie et al. 2005).
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Properties of the dispersal vector
Among the large mammals, seeds in general show the best attachment and reten-
tion to the dense and fatty wool of sheep and to the long hairs of several Cattle
breeds (e.g. Galloway-cattle, Scottish Highland cattle) and to a lesser extent to
the long bristly hairs of Wild boar, while the sleek hairs of horses, short-haired
cattle breeds (e.g. Holstein), rabbits and deer on average contain far less seeds
(Ridley 1930, Mrotzek et al. 1999, Heinken & Raudnitschka 2002, Couvreur et al.
2004, Mouissie 2004). Sheep have been demonstrated experimentally to be able
of transporting seeds over distances of more than 100 km (Manzano & Malo
2006). These distances largely exceed field observations on dispersal distances so
far (Manzano & Malo 2006). Even within mammalian species there can be sub-
stantial differences in the suitability of the fur for seed attachment between
breeds (W.A. Ozinga et al., unpubl. data for sheep breeds, Couvreur et al. 2004
for two cattle breeds).
The high efficiency of sheep for epizoochorous seed dispersal is further illus-
trated by the hundreds of plant species that have been reported in the wool of
sheep. Until the beginning of the 20th century many alien plant species were in-
troduced as so called ‘wool aliens’ in various centres for wool industry (e.g.
Thellung 1912, Hayward & Druce 1919, Kloos 1939, Salisbury 1961). No less
than 348 species of wool aliens were recorded by Hayward & Druce (1919) in a
region with large quantities of sheep-wool import. 
Not only interspecific differences in fur characteristics are important determi-
nants of epizoochory, but also movement behaviour of mammals may influence
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Dispersal  Criterion
ability fur
0 morphology: propagules with smooth surface and not with mucilagus; or when
propagules with rough surface: release height < 0.2 or > 2m;
field observations: species present in vegetation but not in fur or only in low 
quantities (<5% as compared to the relative abundance in the vegetation)
1 morphology: propagules with rough surface, but no hooks (raw hairs, pappus
without barbs, style with little hook; and release height 0.2 - 2m;
field observations: observed in fur in low quantities (> 3 seeds but relative
abundance < 5% of relative abundance in vegetation)
2 morphology: propagules with awns, spiny teeth, burrs, pappus with barbs,
style with barbs, hooked hairs or with excretion of viscid substances (mucilagus);
field observations: observed in fur in high quantities (> 5% as compared to 
abundance in vegetation)
Table 2.7: Classification of the ability for long-distance dispersal by mammalian fur. Propa-
gules may include calyx or other plant parts.
both attachment and detachment of seeds (Bullock & Primack 1977, Fischer et al.
1996). For the detachment of seeds, grooming and wallowing are of particular
importance (Agnew & Flux 1970, Sorensen 1986, Kiviniemi 1996). Furthermore
the detachment may be facilitated by rain wash as has been observed for Galium
aparine in sheep wool (W.A. Ozinga, unpubl. data).
Classification criteria for dispersal ability
The classification is based on two data types: (1) data on seed morphology and
release height, and (2) data on observed attachment to the fur of mammals.
Propagules with rough appendages (awns, hooks, bristles, including raw calyx)
were classified as having a high potential for long-distance dispersal (Table 2.7).
For the majority of species the two sources of data were consistent. In case of con-
trasting classifications we gave an expert judgement, labelled with a question
mark. Emphasis is put on mammals with a medium to large home range, and sep-
arate fields are included for cattle, horse, sheep / goat, deer, pig and rabbit / hare.
Within the LEDA project a standardized protocol was developed to quantify the
species specific ability to remain attached to the fur of mammals (Römermann et
al. 2005), while a protocol for the quantification of the ability to become attached
was developed by Will et al. (2007).
Dispersal by multiple dispersal vectors (polychory)
Propagule traits
Many species have the potential to be effectively dispersed by more than one
long-distance dispersal vector (Ridley 1930; Van der Pijl 1982; Higgins et al.
2003, Ozinga et al. 2004). These species can be regarded as generalists in terms
of long-distance dispersal. On the other hand, several species have low potential
for all five long-distance dispersal vectors (although many of them have special
adaptations for short-distance dispersal, such as mechanisms to release seeds bal-
listically or nutrient-rich appendages to attract ants). For dispersal in general, po-
tential dispersal by multiple vectors has been termed ‘polychory’ (e.g. Ridley
1930; Van der Pijl 1982), but we restrict this term for the five long-distance dis-
persal vectors.
Classification criteria for polychory
The quantification of the potential use of multiple dispersal vectors is based on
the number of long-distance dispersal vectors (out of five possible vectors) for
which the species have a high dispersal ability.
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Glossery
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Trait: A well-defined, measurable property of the organism that is used comparatively across
species. To be useful for analysis at the community or landscape level, traits should vary more be-
tween than within species (McGill et al. 2006). Species traits are assumed to represent evolutionary
adaptations to their physical and biological environment (Ackerly 2003). Each species is thus charac-
terized by a certain set of trait states (attributes).
A functional trait is one that strongly influences the performance of organisms (cf. McGill et al.
2006). A life-history trait is a trait that strongly influences population dynamics and mobility such as
adult longevity, seed production and ability to disperse in space and time.
Propagule (=Diaspore): The actual dispersal unit, being any part of a plant (generative or vegeta-
tive) which can give rise to a new plant individual. Many seeds or fruits have special appendages to
facilitate dispersal. These appendages include plumes and wings (wind dispersal), awns, spiny teeth
or burrs (adhesion to animals), small oil rich appendages (elaiosomes facilitating ant dispersal) or
fleshy pulp rich in simple sugars or lipids (vertebrate dispersal). The seeds plus the appendages are
termed propagule and form the unit of dispersal. This definition includes vegetative parts, such as
bulbs, rhizomes or stem fragments.
Vegetative dispersal: Several plant species have the ability to disperse by means of vegetative
plant parts. Most, if not all, species can be made to regenerate from other plant parts than seeds,
but we only regard plants which under natural conditions are capable of producing independent off-
spring by means of vegetative parts. Dispersal by vegetative parts is especially common in most
aquatic and many riparian species (Titus & Hoover 1991, Grace 1993, Klimes & Klimesová 1999,
Combroux et al. 2001, Andersson & Nilsson 2002, Boedeltje et al. 2003) and for this subset of
species a trade-off with regenerative dispersal has been suggested (Boedeltje et al. 2007).
Dispersal vector: Mode by which propagules are transported. 
Long-Distance Dispersal (LDD): Transport of propagules over distances >100m (cf. Cain et al.
2000) as necessarily to maintain meta-population networks of plants.
LDD vector: Mode of transport with a high (potential) efficiency to transport propagules over dis-
tances >100m (see Table 2.1).
Polychory: Capacity to use multiple dispersal vectors. In this paper indicated by the number of LDD
vectors (see Ozinga et al. 2004).
Seed limitation: Community assembly is restricted by the low availability of seeds in suitable habi-
tat patches (= seed-source limitation + dispersal limitation, see table 9.1). Seed limitation can be
demonstrated experimentally by the establishment of a new population or an increase in population
size when seeds are added (cf. Turnbull et al. 2000).
Seed-source limitation: Community assembly is restricted by the low abundance of populations in
the surroundings that act as seed-sources (see table 9.1).
Dispersal limitation: Community assembly is restricted by the low rate of seed transport to suit-
able habitat patches (see table 9.1).
Main data sources
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Dispersal by water: Andersson et al. 2000, Andersson & Nilsson 2002, Bakker 1989, Bill et al.
1999, Boedeltje et al. 2003, Bouwman et al. 2000, Cappers 1993, Danvind & Nilsson 1997, Ecklund
1927, Feekes 1936, Geertsema 2002, Guppy 1906, Heintze 1914, Huiskes et al. 1995, Katenhusen
2001, Koutstraal et al. 1987, LEDA traitbase (www.leda-traitbase.org), Martins 1857, Müller-
Schneider 1986, Praeger 1913, W.A. Ozinga et al. (unpubl. data), Ridley 1930, Rommel 1938,
Skoglund 1990, Van den Broek et al. 2005, R. Van Diggelen (unpubl. data), Van der Marel 1919,
Vogt et al. 2004, Weeda 1985-1994, Wolters & Bakker 2002.
Dispersal by wind: Andersen 1992, 1993, Askew et al. 1997, Augspurger 1986, Bonn et al. 2000,
Carlucci (unpubl. data), Feekes 1936, Greene & Johnson 1993, 1995, Hensen & Müller 1997,
Jongejans & Schippers 1999, Jongejans & Telenius 2001, LEDA traitbase (www.leda-traitbase.org),
Matlack 1987, Minami & Azuma 2003, Müller-Schneider 1986, W.A. Ozinga (unpubl. data), Ridley
1930, Schulz & al. 1990, Sheldon & Burrows 1973, Soons & Heil 2002, Tackenberg 2001, K.
Thompson (unpubl. data), M. von Lampe  (unpubl. data).
Dispersal by mammalian dung: Bakker 1989, Bakker & Olff 2003, Bonn et al. 2000, Bonn &
Poschlod 1998, Bouwman et al. 2000,Campbell & Gibson 2001, Cosyns 2004, Dai 2000, Gardener et
al. 1993, Ghassali et al. 1998, Heintze 1915, 1916,1918, 1932, Heinken et al. 2001, Joenje 1978,
Feekes 1936, Fischer et al. 1996, Knevel 1997, Knight & Walter 2003, Klapp et al. 1953, Klapp 1971,
LEDA traitbase (www.leda-traitbase.org), Lennartz 1957, Malo & Suarez 1995a,b, Matevjková et al.
2003, Meyers et al. 2004, Mouissie 2004, Müller-Schneider 1948, 1986, Özer 1979, Pakeman et al.
1999, 2002, Petrak 1987, Ridley 1930, Russi et al. 1992, Schmidt et al. 2004, Traba et al. 2003, Van
Genderen et al. 1996, Weeda 1985-1994, Welch 1985.
Dispersal by bird droppings: Carrière & Van der Werf 1977, Cramp et al. 1977-1994, De Vries
1939, 1940, Eikelboom 1941, 1942, Heintze 1918, Herrera 1987, Joenje 1978, Johnson et al. 1985,
Kempski 1906, Kollmann 2000, Krach 1959, Ridley 1930, Müller-Schneider 1986, Van der Pijl 1982,
Van Genderen et al. 1996, Snow & Snow 1988, Van Steenis 1925, 1928, Weeda 1985-1994.
Dispersal by mammalian fur: Agnew & Flux 1970, Bonn et al. 2000, Bullock & Primack 1977,
Couvreur et al. 2004, 2005, Fischer et al. 1996, Genard & Lescourret 1985, Graae 2002, Hayward &
Druce 1919, Heintze 1918, Heinken 2000, Heinken & Raudnitschka 2002, Hillegers 1985, Joenje
1978, Mouissie et al. 2005, Mrotzek et al. 1999, Müller-Schneider 1986, Kiviniemi 1996, Kiviniemi &
Telenius 1998, Kiviniemi & Eriksson 1999, Kloos 1939, LEDA traitbase (www.leda-traitbase.org),
W.A. Ozinga (unpubl. observations on sheep; 1999-2002), Ridley 1930, Römermann et al. 2005,
Salisbury 1961, Shmida & Ellner 1983, Schmidt et al. 2004, Stender et al. 1997, Thellung 1912,
Weeda 1985-1994.

Predictability of plant community
composition from environmental
conditions is constrained by
dispersal limitation
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Chapter3
Species with a high capacity for long-distance dispersal have a higher ability to track the spa-
tial and temporal dynamics of habitat patches as compared to immobile species. The latter
group leaves many suitable habitat patches unoccupied. The propagules of Crested Dog's-tail
(Cynosurus cristatus) can be effectively dispersed through attachment to the fur of large
mammals. 
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Abstract
Despite recent modelling approaches integrating the effects of
niche-based processes and dispersal-based processes on local plant
species composition, their relative importance is still not clear. We
test whether the predictability of local species composition from en-
vironmental conditions is influenced by dispersal traits. We analyzed
a large database with co-occurrence data, using ordination tech-
niques (DCA and CCA) to identify the major environmental determi-
nants of species composition. The percentage of explained variance
in occurrence was quantified for individual species with CCA. Effects
of life-history traits on the predictability of occurrence patterns were
tested by means of regression analysis, using a Generalized Linear
Models approach. The results reveal close correlations between
species composition and environmental conditions, implying that the
predictability of the set of species that might occur in a given envi-
ronmental setting (“habitat species pool”) is high. The habitat
species pool, however, reflects the potential species composition,
and not the actual local situation. At the level of individual species,
a large proportion (>90%) of the variation in occurrence remained
unexplained. Predictability of species occurrence patterns was in-
creased by a greater capacity for long-distance dispersal, greater
adult longevity and the capacity to build a persistent seed bank. The
results indicate that the predictability of species composition from
environmental conditions is reduced by a few orders of magnitude by
dispersal limitation and that poor dispersers are underrepresented.
Introduction
Understanding plant species diversity requires insight into the mechanisms that
determine species richness, but also into the mechanisms that determine local
species composition. Compared to species richness, species composition is more
difficult to assess, as this requires a more detailed knowledge of the constituent
species. Species composition involves not only the number of species and the
abundance of each species, but also the specific nature of the species. Local
species composition arises partly from stochastic processes such as local extinc-
tions due to demographic drift and rare long-distance dispersal events, and partly
from deterministic processes linking habitat characteristics to species-specific
niches.
The prediction of spatial and temporal patterns of species composition can be
approached by defining “community assembly rules” in terms of a set of “filters”
which remove some of the species from the total species pool according to their
functional attributes (Keddy 1992, Díaz et al. 1998). There are two major, com-
plementary, views on the rules at work in structuring plant communities, each op-
erating at a different scale level.
On a local scale, the so-called “niche assembly view” focuses on interactions
between individuals of different species and, more specifically, on inter-specific
niche differences. In this view, the species composition of a community is a deter-
ministic consequence of physiological processes and biological interactions (e.g.
Tilman 1985, Keddy 1992, Grace 1999). Patterns of species composition can then
be largely explained by a few key environmental variables which act as filters on
the available species pool.
On the other hand, the so-called “dispersal assembly view” focuses on larger
scales both in space and time and assigns a more prominent role to stochastic
events such as catastrophic changes in environmental conditions, local extinction
and long-distance dispersal (e.g. Tilman 1994, Eriksson 1996, Zobel 1997, Clark
et al. 1999). The dispersal assembly view was inspired by MacArthur and Wilson’s
(1967) theory of island biogeography and by metapopulation theory (e.g. Levins
1969 and Hanski 1998). Metapopulation theory predicts that for a given plant
species, only a fraction of suitable habitat patches are actually occupied, because
species continually become extinct on a local scale (<100m2) and the dispersal
ability of most (if not all) species is expected to be limited, at least at larger spa-
tial scales (Levins 1969, Eriksson 1996, Hanski 1998, Turnbull et al. 2000). Traits
affecting species’ dispersal ability and local persistence can be expected to influ-
ence the dynamic equilibrium between colonisation and local extinction (Tilman
1994, Ehrén and Van Groenendael 1998, Eriksson 2000). This may translate at
the community level into differences in local species composition between plots
with the same environmental conditions (e.g. Tilman 1994 and Zobel 1997).
Although the existence of interspecific differences in dispersal ability and local
persistence is well established, this does not necessarily mean that these differ-
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ences affect local species composition. When there is an interspecific trade-off
among competitive ability and dispersal capacity (e.g. Tilman 1994, Ehrlén and
Van Groenendael 1998), the net effect on local species composition may not be
different from random sampling from the species pool (Hubbell 2001). The criti-
cal question is thus not whether dispersal is an important process, but whether
differences in dispersal traits translate into differences in local species composi-
tion.
Most empirical studies of dispersal have focused on single plant species rather
than on species assemblages. Only recently have modelling approaches started to
integrate the effects of local and regional processes on local species composition
(e.g. Tilman 1994, Chave et al. 2002, Mouquet and Loreau 2002, Leibold et al.
2004). It is still not clear, however, to what extent local species composition is de-
termined by dispersal limitation. If local, niche-based, processes are the overrid-
ing factor determining local species composition, we expect no differences in pre-
dictability of occurrence between species that differ in their dispersal ability.
Alternatively, if dispersal limitation is an important process, we expect that the
correspondence between occurrence predicted on the basis of environmental con-
ditions and the patterns that are actually observed in the field is smaller for
species with limited dispersal ability. Such species will leave many suitable sites
unoccupied. In other words: dispersal limitation will reduce our ability to predict
local species composition from niche-based processes.
The degree of dispersal limitation for a species is influenced both by species
traits and by landscape characteristics. At the landscape level, the degree of dis-
persal limitation can be affected by the abundance of species in the regional
species pool and by the spatial configuration and connectivity of suitable habitats
(Ouborg 1993, Zobel 1997, Hubbell 2001, Leibold et al. 2004). The present study
focuses on the species level, and tests whether the predictability of local species
composition from environmental conditions is influenced by life history traits.
The study includes three life history traits that are considered to be important for
the spatial and temporal dynamics of species (cf. Tilman 1994, Eriksson 1996,
Ehrlén and Van Groenendael 1998, Muller-Landau et al. 2003), namely: (1) po-
tential for long-distance dispersal, (2) adult persistence, and (3) potential to build
up a persistent soil seed bank (“dispersal in time”). These three traits are expected
to contribute positively to dispersal (that is, a high value for these traits reduces
the degree of dispersal limitation) and hence positively to the predictability of the
local occurrence of a particular species.
Recently extensive databases have become available on species composition
and on species traits. Based on these databases we first quantify the major envi-
ronmental variables that determine species composition. Then we test the hypoth-
esis that the predictability of local species occurrence from environmental condi-
tions reduces when dispersal ability is limited.
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Methods
Dutch Vegetation Database
We used the vegetation database of the Netherlands, which comprises over
400,000 specific descriptions of the species composition of small plots
(Hennekens and Schaminée 2001, see Box 2). It is currently the largest database
of local plant species co-occurrence data worldwide. The database is based on a
large “space-time window” (plots having been examined throughout the
Netherlands over the period of 1930 to 2000) and covers the entire environmen-
tal “niche space” in the Netherlands. This provides the opportunity to explore re-
lations between local species composition and environmental conditions at large
spatial and temporal scales, based on vast numbers of data, an exercise best de-
scribed as “ecoinformatics”. For computational reasons, we based our analysis on
a selection of 22,770 plots out of the complete set. This selection was based on
criteria with regard to plot size, representation of various environments, environ-
mental homogeneity and prevention of spatial autocorrelation (see Schaminée et
al. 1995-1999 for details). Plot size in this database has been scaled approximate-
ly according to the mean size of individual plants and ranges from 2x2 m (grass-
lands) to 10x10 m (forests). Plots located in saline and aquatic environments
were excluded. For the 22,770 plots, the database includes information on the
presence or absence of 1,492 species.
Identification of major environmental gradients
The relation between environmental conditions and species composition was de-
termined by means of both indirect and direct ordination methods. Both ap-
proaches are complementary (Lepsv & S
v
milauer 2003). Indirect ordination meth-
ods provide a powerful tool to extract hypothetical environmental variables from
species composition data (Hill and Gauch 1980, Peet et al. 1988, and Jongman et
al. 1995). Analyses were performed using the CANOCO 4.5 program (Ter Braak
and S
v
milauer 2002). Since a unimodal response model is recommended for
datasets covering large environmental gradients, as in our case, we focused on de-
trended correspondence analysis (DCA, Hill and Gauch 1980, Jongman et al.
1995). DCA constructs a theoretical variable (DCA axis 1) that best explains the
variance in species composition between local communities, and constructs sec-
ond and further axes with the constraint that they have to be uncorrelated with
previous axes (Jongman et al. 1995). The relative positions of the plots along the
axes provide a measure of their floristic similarity.
We interpreted the ordination axes in terms of environmental gradients by
adopting Ellenberg indicator values for moisture, productivity (originally called
nitrogen availability), pH / base saturation, light availability, temperature, and
salt tolerance (Ellenberg et al. 1992). These indicator values are species-specific
scores ranging from 1–9 (or 1–12 for moisture), which estimate the optimum oc-
currence of species along environmental gradients. Mean indicator values were
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calculated for each plot, based on the species present in the community and these
were correlated to the DCA axis scores for the plots. Evidence for the accuracy of
these indicator values has been provided by several studies reporting a close cor-
relation between average indicator values and corresponding measurements of
environmental variables (e.g. Hill and Carey 1997, Schaffers and Sy´kora 2000,
and Diekmann 2003). It should be emphasized that the position of plots within
the multidimensional ordination space is solely based on similarities in species
composition. Ellenberg indicator values were only used indirectly to facilitate the
interpretation of the ordination axes. 
Predictability of species occurrence in relation to dispersal traits
We quantified the predictability of species occurrence from environmental condi-
tions for individual species with the help of Canonical Correspondence Analysis
(CCA; Ter Braak 1986, Palmer 1993, and McCune 1997). The CCA ordination was
constrained by the same set of environmental indicator values as used in the un-
constrained DCA ordination. These variables were entered in the CCA model by
stepwise, forward selection. The statistical significance of each selected variable
was tested for deviation from randomness by a Monte-Carlo permutation test.
Residuals from the reduced model were permutated 499 times for each variable.
The reduced model included the environmental variables that had already been
selected, with the variable to be tested being excluded (Ter Braak and S
v
milauer
2002). Strictly speaking, mean indicator values are no independent variables,
since they are derived from the species composition, but the test of the signifi-
cance of each environmental variable with CCA is just illustrative and the results
are in accordance with the results from the indirect DCA ordination. The main
aim of the CCA was the comparison of explained variance across species.
For each species, the goodness of fit of the CCA model was quantified as the
cumulative fraction of the variance observed in the species occurrence data that
could be explained by the fitted response curves in the CCA model, as calculated
by the Cfit procedure within CANOCO 4.5. The goodness of fit for species k is
quantified by this procedure as the regression sum of squares of the weighted re-
gression of the data for species k on the ordination axes 1 to 4, expressed as a
fraction of the total sum of squares for the species (Ter Braak and S
v
milauer
2002).
The proportion of explained variance in species occurrences was linked to
three traits, namely: (1) potential for long-distance dispersal, (2) adult persist-
ence, (3) potential to build up a persistent soil seed bank (“dispersal in time”).
We tested whether the predictability of occurrence form environmental conditions
was influenced by these “mobility traits”. We used a simple binary classification in
order to include as many species as possible, and to enhance comparisons be-
tween traits. Raw data were extracted from the LEDA database (Knevel et al.
2003, 2005, Kleyer et al. in prep.) and adapted to a binary classification (see
Chapter 2). Species were classified as long-lived if their lifespan generally exceeds
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two years. In terms of dispersal, a species was classified as having a high potential
for long-distance dispersal (>100m, cf. Cain et al. 2000) if it can be effectively
dispersed by wind, water or large mammals. The classification of seed longevity
was based on Thompson et al. 1997. Seeds were regarded as persistent if their
seed longevity index (cf. Bekker et al. 1998) exceeded 0.3. Only species which oc-
curred in at least five plots and for which we had reliable trait data were selected
for further analyses, while trees (often planted) were excluded, leaving a total of
593 vascular plant species.
Effects of traits on the predictability of species occurrence were tested by
means of regression analysis, using a Generalized Linear Models procedure
(GLM). Regression analyses were performed with the GenStat package (Lawes
Agricultural Trust 2002). Because the response variable consisted of percentages,
a logit link function was used, ensuring that the fitted values lay in the 0-100
range (Wedderburn 1974, McCullagh and Nelder 1989).
Results
The DCA ordination of the plots revealed close correlations between the position
of plots along the DCA axes (based on species composition) and environmental
variables indicated by Ellenberg indicator values (Table 3.1). This means that the
differences in the position of plots within the ordination space can be explained
largely in terms of these environmental variables. Moreover, the three ordination
axes had high eigenvalues, implying a high resolution. The first ordination axis
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Ordination axes 1 2 3 4
Eigenvalues 0.72 0.69 0.52 0.42
Lengths of gradient 9.594 9.307 8.441 9.285
Species-environment correlations:
Total (multiple correlation) 0.973 0.923 0.917 0.86
Moisture –0.93 0.28 0.17 –0.06
Productivity –0.04 0.85 0.33 0.02
Light availability 0.23 –0.03 –0.78 0.07
Ph / Base saturation 0.18 0.73 0.04 0.28
Salinity 0.07 0.22 –0.54 0.10
Temperature 0.42 0.64 –0.11 0.13
Table 3.1: Summary of the DCA ordination. Number of plots: 22,770; number of species, in-
cluding lichens and bryophytes: 1,492; number of occurrences: 433,564. The total inertia
(sum of all unconstrained eigenvalues, representing the total amount of variance in the
species data): 76.14.
was strongly negatively correlated with the mean moisture indication values
(r = –0.93; Table 3.1), while the second DCA axis was positively correlated with
productivity (r = 0.85) and pH / base saturation (r = 0.73). Productivity and
base saturation showed a close correlation (r = 0.72, data not shown). The third
DCA axis was negatively correlated with light availability (r = –0.78; Table 3.1). 
The results of the CCA ordination were consistent with the results obtained by
the DCA ordination. Monte-Carlo permutation tests showed that all environmen-
tal variables significantly contributed to the CCA model, but the highest explana-
tory values (as indicated by Lambda-A) were provided by moisture, productivity,
and light availability (Table 3.2).
Despite the close correlation between the position of plots along the ordina-
tion axes and environmental variables, the proportion of explained variance in
species occupancy patterns averaged only 7.7 (Fig. 3.1). The results of the regres-
sion analysis indicate that the degree of predictability of species occurrence from
environmental conditions was significantly positively related to the ability for
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Variable Lambda-A F-ratio
Moisture 0.70 210.86
Productivity 0.63 191.18
Light availability 0.56 174.12
Ph / Base saturation 0.39 121.05
Salinity 0.27 83.64
Temperature 0.16 49.57
Table 3.2: Test statistics for the environmental variables used in the CCA, based on Monte
Carlo permutation tests. Variables were entered into the model with the forward selection
procedure. Environmental variables are listed in order of the variance they explain. Lambda-A
gives the additional variance explained by each variable as it was included in the model
(variance explained by all variables: 3.51). All variables significantly contribute to the model
(P<0.001).
Parameter F-ratio P-value
LDD 179.90 <0.001
Adult longevity 37.66 <0.001
Seed longevity 5.22 0.023
Table 3.3: Test statistics for the Generalized Linear Model, with the percentage of explained
variance as the dependent variable and long-distance dispersal potential (LDD), adult
longevity, seed longevity and their interactions as explanatory variables (d.f. total = 592; d.f.
regression = 7). All interaction effects were not significant.
long-distance dispersal and adult longevity, and to a smaller extent to the ability
to build a persistent soil seed bank (Table 3.3). There were no significant interac-
tion effects. The predictability of occurrence for species with low scores for all
three traits was a factor 5.8 lower than that for species with a high score for all
three traits (Fig. 3.1). The results imply that the predictability of local species
composition from environmental conditions is reduced by dispersal limitation. 
Discussion
The extensive databases used in the present study allowed us to quantify the ef-
fect of interspecific differences in dispersal traits on the predictability of species
composition from environmental conditions. The results reveal close correlations
between the position of plots along ordination axes and environmental condi-
tions. The main environmental gradients reflect differences in the availability of
(1) water, (2) limiting nutrients (highly correlated with pH), and (3) light (Tables
3.1 and 3.3). These environmental variables can be used as accurate predictors
(“filters”) to assemble a list of species that are potentially able to coexist in a
small-scale plot from a given habitat. In other words, the predictability of the
“habitat species pool” (as a fuzzy set of species) on the basis of a given environ-
mental setting was high. The habitat species pool, however, reflects the potential
species composition for a given plot, rather than the actual local species composi-
tion. Many species which might be expected in a plot, given the combination of
environmental conditions, are lacking. Unlike the high predictability of the habitat
species pool, the predictability of the actual occurrence of individual species in
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Figure 3.1: Percentage of variance in species occurrence as explained by the CCA model.
Species were grouped into one of eight cells, according to their capacity for long-distance dis-
persal, adult longevity and seed longevity (Ntotal = 593; overall mean = 7.7). 
small-scale plots (and thus local species composition) was therefore relatively low
(>90% unexplained variation).
The large percentage of unexplained variance is a common finding in ordina-
tion models of plant communities (e.g. Økland 1999), and is usually explained by
the notion that species data are often very “noisy” (Gauch 1982, Palmer 1993, Ter
Braak and S
v
milauer 2002) and that only a reduced number of explanatory vari-
ables is used (Ter Braak and S
v
milauer 2002). The high proportion of unexplained
variance is inherent in presence / absence data, since the probability of occur-
rence at specific sites translates into a binary pattern. Other factors reducing the
predictability of local species composition from environmental gradients include
small-scale (<<0.1m) environmental heterogeneity (Tilman and Pacala 1993,
Rosenzweig 1995) and inherent stochasticity in the location of individual plants
(cf. Huisman and Weissing 1999). Alternatively, the low proportion of explained
variance may indicate that local species composition is influenced by other
processes, which were not covered by the ordination model. One of these addi-
tional mechanisms may be a “dispersal filter”. It follows from basic metapopula-
tion theory (Levins 1969, Hanski 1998) that species occupy only a fraction of
suitable habitat patches, because species continually become extinct on a local
scale (<100m2) and the dispersal ability of many species is expected to be limited
at least at larger spatial scales. Within plots, there is thus a continuous turnover of
species, as has been demonstrated by detailed field observations in grasslands by
Van der Maarel and Sykes (1993). It is to be expected that dispersal limitation
will reduce the correspondence between the predictions of species occurrence
based on environmental conditions and actual field observations. Our results
(Table 3.3) indicate that this was indeed the case. The degree of predictability of
species occurrence from environmental conditions is significantly positively relat-
ed to the ability for long-distance dispersal and adult longevity and to a smaller
extent to the ability to build a persistent soil seedbank (Table 3.3 and Fig. 3.1).
Apparently, the predictability of species composition is negatively affected by dis-
persal limitation. In brief, our results indicate that the large percentage of unex-
plained variance in species occurrence data was not just a matter of noise, but
that the data may contain additional information about the degree of dispersal
limitation of the various species. The present study does not take into account
spatial aspects of dispersal, such as the degree of spatial and temporal isolation of
plots relative to seed sources. A complementary study showed that when the spa-
tial configuration of populations is taken into account, the predictability of species
occurrence patterns can be further increased (Ozinga et al. 2005a; Chapter 6).
At first glance, there is a paradox between the high predictability of the com-
position of the habitat species pool and the low predictability of species composi-
tion on a small spatial and temporal scale. In our opinion, this apparent paradox
can be resolved by recognizing the complementary nature of niche-based process-
es and dispersal-based processes on the assembly of community composition: The
potential species composition (the habitat species pool as a fuzzy set of species) is
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determined by physiological processes and interspecific interactions (environmen-
tal filters), whereas deviations from this potential composition are at least partly
determined by the degree of dispersal limitation. We thus expect that the niche-
based approach and the dispersal-based approach can reinforce each other. 
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Chapter4
Buxbaum's Sedge (Carex buxbaumii) is an example of a species with a high local above-
ground persistence and a very low dispersal ability. This sedge species is in Europe rare on
the landscape scale (i.e. many unoccupied habitat patches), but in the few locations were it
occurs it locally dominates the vegetation for many decades by clonal extension. The same
phenomenon of local dominance by regionally rare species can also be observed for some
other sedge species, like C. aquatilis and C. hartmanii.
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Abstract
Questions: Which plant traits and habitat characteristics best ex-
plain local aboveground persistence of vascular plant species, and is
there a trade-off between local aboveground persistence and the
ability for seed dispersal and belowground persistence in the soil
seed bank?
Locations: 845 long-term permanent plots in terrestrial habitats
across the Netherlands.
Methods: We analysed the local aboveground persistence of vas-
cular plants in permanent plots (monitored once a year during on
average 16 years) with respect to functional traits and habitat pref-
erences using survival statistics (Kaplan-Meijer analysis and Cox’ re-
gression). These methods account for censored data and are only
rarely used in vegetation ecology.
Results: Local aboveground persistence is determined by both func-
tional traits (especially the ability to form long-lived clonal connec-
tions) and habitat preferences (especially nutrient requirements).
Aboveground persistence is negatively related to the ability for dis-
persal by wind and to the ability to accumulate a long-term persist-
ent soil seed bank (‘dispersal through time’) and is positively related
to the ability for dispersal by water.
Conclusions: The majority of species have a half-life expectation
over 15 years (often much longer), which may contribute to time
lags after changes in habitat quality or habitat configuration (the so
called ‘extinction debt’). The results provide evidence for a trade-off
relationship between local aboveground persistence and below-
ground seed persistence, while the relationship with dispersal in
space is vector specific. The rate of species turnover increases with
productivity.
Introduction
Many empirical studies have shown that there is a continuous small-scale
turnover of plant species (Watt 1947, 1960, Van der Maarel & Sykes 1993, Sykes
et al. 1994, Herben et al. 1997, Klimesv 1999, Palmer & Rusch 2001), with the net
result that plant species show temporal variation in their spatial distribution pat-
terns as ‘shifting clouds in the sky’ (Grubb et al. 1982). This species turnover may
be unidirectional (succession), cyclic (cyclic succession leading to shifting mo-
saics: Watt 1947, Remmert 1991, Olff et al. 1999) or non-directional. While the
direction of vegetation changes (successional pathways) has received much atten-
tion this is less the case for the rate of vegetation change (Prach et al. 1993, Van
der Maarel & Sykes 1993, Palmer & Rusch 2001). Van der Maarel & Sykes (1993)
introduced the ‘carousel model’ to describe small-scale dynamics (cyclic or non-di-
rectional) within local plant communities in which species ‘ride the carousel’ at
rates that may vary between species and between habitats. It is however not clear
which factors determine the speed of the carousel (Van der Maarel & Sykes 1993,
Palmer & Rusch 2001). 
Vegetation dynamics are determined by a dynamic balance between coloniza-
tion and local extinction (MacArthur & Wilson 1967, Huston 1994, Tilman 1994,
Hanski 1998, Ehrlén & Van Groenendael 1998, Eriksson 2000, Palmer & Rusch
2001). In the present study we focus on the extinction side of this dynamic bal-
ance. At the scale of small plots the rate of local aboveground extinction can be
expressed as the reciprocal of the mean or median time that a species persists in a
plot (‘residence time’ according to Palmer & Rusch 2001, who defined residence
time as the reciprocal of the probability of an occupied plot becoming empty per
year). Here we define local aboveground disappearance as the disappearance of
aboveground parts from year t to year t+1. For perennials belowground storage
organs and seeds may persist, for annuals seeds could persist. Although local
aboveground disappearance is correlated to local extinction it is thus not the
same.
At the species level there may be intrinsic differences in the likelihood of local
aboveground persistence (survival time), due to trade-offs between investments
in attributes that enhance aboveground persistence and investments in other life-
history traits. Adult lifespan is hypothesised to be negatively related to dispersal
ability (Werner & Platt 1976, Grubb et al. 1982, Venable & Brown 1988, Tilman
1994, Ehrlén & Van Groenendael 1998, Eriksson 2000) and to seed longevity
(Klinkhamer et al. 1987, Venable & Brown 1988, Rees 1993). This so called com-
petition – colonization trade-off is generally explained by an underlying trade-off
between seed size and seed number, where smaller-seeded species are superior
colonizers and larger-seeded species are superior competitors, at least during the
seedling phase (Venable & Brown 1988, Shipley & Dion 1992, Jakobsson &
Eriksson 2000, Westoby et al. 2002). The advantage of large seeds, however,
might not come through higher competitive ability, but rather through increased
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tolerance of environmental hazards (Coomes & Grubb 2003, Turnbull et al.
2005). At the landscape scale species may ensure regional persistence by a high
ability to colonize unoccupied sites or by reducing their risk of local extinction
(MacArthur & Wilson 1967, Venable & Brown 1988, Tilman 1994, Hanski 1998,
Eriksson 2000, Grime 2001, García & Zamora 2003). Local aboveground persist-
ence and dispersal in space or through time may therefore be regarded as alterna-
tive strategies for regional persistence. Empirical evidence for such trade-offs be-
tween local aboveground persistence and dispersal ability, however, is very scarce
and appears to be contradictory (Rees 1996, Thompson et al. 2002, Coomes &
Grubb 2003, Moles & Westoby 2004, Kneitel & Chase 2004, Fenner & Thompson
2005). This might be explained, at least partly, by methodological difficulties in
measuring local aboveground persistence (see below). 
If there is a trade-off between aboveground persistence and dispersal ability,
we may also expect a relationship between aboveground survival patterns and
habitat requirements, since environmental constraints may impose restrictions to
the viable trait combinations in a given habitat (Tilman 1990, Grime 2001,
Kneitel & Chase 2004). The balance between traits enhancing local aboveground
persistence and traits favouring dispersal in space or through time might depend
on ecosystem properties such as disturbance regime (i.e. removal of aboveground
biomass) and availability of resources (Huston 1994, Grime 2001, Westoby et al.
2002). The local aboveground persistence of a plant species may therefore also
depend on its habitat preference.
Comparative data on the local aboveground persistence of plant species across
habitats are sparse and generally from studies based on few populations of a lim-
ited number of species (Menges 2000, Palmer & Rusch 2001, Ehrén & Lehtilä
2002, Zens & Peart 2003). This is probably explained by at least two methodolog-
ical problems. In the first place it is difficult to distinguish plant individuals within
local communities (Ehrén & Lehtilä 2002), especially for perennial plants with ca-
pacities for clonal extension, where genetic individuals (genets) can split into spa-
tially separated units (ramets). It is therefore very difficult to quantify the above-
ground persistence of individuals, but from a metacommunity perspective the
local performance of a subpopulation is more important than the longevity of an
individual. Therefore, we focus on the local aboveground persistence of species
(irrespective of the number of individuals) in a large set of permanent plots. A
second methodological complication is the fact that for many time series an ap-
pearance or disappearance is not observed for many species. These incomplete
data can be analysed with survival statistics (Zens & Peart 2003) to estimate local
residence times of species. We used these survival statistics to analyse the effect of
life-history traits and habitat requirements on local aboveground persistence and
to test for existence of a trade-off between aboveground persistence and the abili-
ty for dispersal in space and time.
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Methods
Analysis of local aboveground persistence with permanent plot data
Permanent plots can generate valuable insights in the temporal dynamic of plant
communities (e.g. Dodd et al. 1995, Bakker et al. 1996, Foster & Tilman 2000,
Silvertown et al. 2002). We used a selection of 845 permanent plots, distributed
throughout the Netherlands and representing all major terrestrial habitats in the
country. The plots have been recorded annually for at least 5 years up to 40 years
and plot sizes range from 2 m x 2 m to 4 m x 4 m (roughly scaled according to
the size of plant individuals). The selection was derived from a large survey of
permanent plot data in the Netherlands (see Smits et al. 2002 for further details)
and was based on availability of digital data, minimal observation period (>5
years), plot size and the absence of missing years in the time-series).
The permanent plots allow quantification of year-to-year local persistence of
aboveground organs, but it should be emphasised that this is not the same as the
persistence of genetic individuals. Three types of aboveground events can be dis-
tinguished in the transition between two subsequent years: 1) Local aboveground
persistence (survival): a species stays present aboveground in both years; 2)
aboveground appearance: a species is absent in one year and present in the next
year; 3) local aboveground disappearance: a species disappears from a plot. At
the species level we may quantify the residence time as the average time spent in
a plot, as suggested by Palmer & Rusch (2001). Permanent plot data, however,
contain many cases where the sample period does not include the full period of
residence for a species. For a given species we often have both complete ‘uncen-
sored’ data for which we know the exact period of local aboveground persistence
(aboveground disappearance in the observation period) and incomplete ‘censored’
data for which the period of aboveground persistence is at least the observed peri-
od. For these data a simple regression analysis is inaccurate and may lead to
wrong conclusions (e.g. Bressens et al. 1991, Zens & Peart 2003). Therefore we
used statistical techniques (so-called ‘survival statistics’) that account for censored
data: Kaplan-Meijer analysis and Cox’ regression. The Kaplan-Meier procedure
and Cox’ regression are based on estimating ‘conditional’ probabilities at each
time interval and taking the product limit of those probabilities to estimate the
survival rate (in our case: aboveground persistence) at each point in time
(Hosmer & Lemeshow 1999). The probability is conditional because it refers only
to those plants that survived to the interval under consideration. The permanent
plots containing the species of interest are ranked according to increasing ob-
served period of local aboveground persistence (survival time X in years). The es-
timation of the probability of the persistence (survival) at time t ( ^Sn(t)) can be ob-
tained from equation 1 by cumulative multiplication. 
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^Sn(t) = Π 1 –  δ n:i (1)n – i +1
Where:
S = estimate of probability of persistence (survival) at time t
n = ranknumber of time-series 
δ = uncensored (δ=1) or censored (δ=0) time-series
i = rank number of the observed survival times
This function can be plotted stepwise for each time interval in a graph to ob-
tain ‘survival curves’ and to estimate the survival time at the 75th, 50th and 25th
percentiles. In order to extract the input parameters for the calculation of 
^
Sn(t) we
have developed a computer routine to extract for every species X and δn:i for all
the permanent plots in which the species occurs in at least one year. 
All statistical analyses were performed with the software package SPSS 12 (©
SPSS Inc. 1989-2003). For comparisons of survival curves between species groups
(grouped according to functional traits, see below) the log-rank test within the
Kaplan-Meier procedure was used. The Kaplan-Meier procedure is only suitable
for analyses with at most one covariate with only a few levels. For the analyses of
continuous variables and for the simultaneous analysis of several covariates we
used Cox’s regression model (or Cox’s proportional hazards model) with stepwise
selection of variables. As in logistic regression, the effect of one unit increase of a
given variable adjusted for the other covariates is described by eβi, the so-called
hazard ratio. We used Wald statistics for significance testing (Hosmer &
Lemeshow 1999).
We excluded species that occurred in less than 10 permanent plots and species
that are frequently planted (i.e. many tree and shrub species), leaving a total of
276 species.
Classification of plant characteristics
Data on functional traits were extracted from the LEDA database of life-history
traits of the Northwest European flora (Kleyer et al. in press, www.leda-trait-
base.org) and adapted to a binary classification. We included three groups of
traits that are considered to be important for the spatial and temporal dynamics
of species (cf. Tilman 1994, Eriksson 2000 and Ehrlén & Van Groenendael 1998,
Ozinga et al. 2005): (1) potential for long-distance dispersal, (2) potential to
build up a persistent soil seed bank (‘dispersal through time’), and (3) potential
adult life-span and ability for clonal extension (see Table 4.1). By long-distance
dispersal we mean dispersal over distances of roughly more than 100 metres (cf.
Cain et al. 2000). We consider the following dispersal vectors with a high efficien-
cy for long-distance dispersal: water (hydrochory), wind (anemochory), attach-
ment to the fur of large mammals (epizoochory by mammals), and survival in the
digestive tract of large mammals (endozoochory by mammals). In order to
Chapter 470
n
1
( )
include as many species as possible and to facilitate comparisons between differ-
ent dispersal vectors, we aggregated the available data into a binary classification
for each vector, assigning each species a ‘1’ if the species is effectively dispersed
by a given vector and ‘0’ if not (see Ozinga et al. 2004). For the classification of
dispersal through time we used the seed longevity index (after Bekker et al.
1998), based on persistence data from the LEDA database (Thompson et al. 1997,
Kleyer et al. in press, www.leda-traitbase.org): transient: index < 0.3; short-term
persistent: index ≥ 0.3 – 0.5; long-term persistent: index > 0.5.
For clonal reproduction we classified the species according to the distance of
lateral spread (≤ 10 cm or > 10 cm) and the longevity of the connection (≤ 1
year or > 1 year; cf. Klimesv et al. 1997, Van Groenendael et al. 1997).
The habitat requirements for individual species were based on Ellenberg indi-
cator values for moisture, nitrogen availability, base saturation, light availability,
and temperature (obtained from Ellenberg et al. 1992). These indicator values are
species-specific scores ranging from 1-9 (or 1-12 for water), which estimate the
optima for species along environmental gradients. 
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Plant characteristic Description
Adult longevity The potential life span of an individual adult plant
(0 = annual or biennial, 1 = perennial)
Distance of lateral spread Distance bridged by clonal spread (0 = ≤ 10cm, 1= > 10cm)
Longevity of clonal connection Longevity of the clonal parent-offspring connection (0 = transient, 
≤1 year, 1 = persistent, > 1 year)
Dispersal potential water Potential for Long Distance Dispersal by water (0 = low, 1 = high)
Dispersal potential wind Potential for Long Distance Dispersal by wind (0 = low, 1 = high)
Dispersal potential fur Potential for Long Distance Dispersal by fur of mammals
(0 = low, 1 = high)
Dispersal potential dung Potential for Long Distance Dispersal by dung of mammals
(0 = low, 1 = high)
Seed longevity Persistence in the soil seed bank (transient: < 1 year; short-term
persistent: 1-5 years; long-term persistent: > 5 years)
Nutrient requirements Ellenberg Indicator Value for nutrient (esp. nitrogen) requirements 
(1 = low, 9 = high)
base saturation Ellenberg Indicator Value for base saturation of the soil
(1 = low pH, 9 = high pH)
Moisture requirements Ellenberg Indicator Value for moisture (1 = low, 9 = high)
Light requirements Ellenberg Indicator Value for light requirements
(1 = low, 9 = high)
Temperature requirements Ellenberg Indicator Value for temperature (1 = low, 9 = high)
Table 4.1: Overview of the functional plant traits used in the case study.
Results
There is a wide variation between species in their local aboveground persistence.
Results of the Kaplan-Meier survival analysis for individual species, in Appendix
1, give times in years after which 75%, 50% and 25% of the plots are still occu-
pied. Local aboveground persistence is, by necessity, strongly related to adult
longevity (Table 4.2). The aboveground persistence among perennials is increased
by the ability to form persistent (long-lived) clonal connections between parent
and offspring ramets. It is, however, only the temporal aspect of the clonal con-
nection which is of importance (longevity of the parent-offspring connection); the
spatial aspect (distance of the parent-offspring connection / lateral spread) is in-
significant.
Species with the ability to build up a long-term persistent soil seed bank have
on average a lower aboveground persistence (Fig. 4.1). The same is true for
species with a high potential for long-distance dispersal by wind. Species with a
high potential for long-distance dispersal by water in contrast have on average a
higher local aboveground persistence, while the effects of other dispersal vectors
were not significant (Table 4.2).
With regard to habitat characteristics, local aboveground persistence decreases
with increasing nutrient requirements (Fig. 4.1) and, to a much smaller extent,
with increasing light requirements. Persistence increases with preferred base satu-
ration of the soil (Table 4.2). This implies that the rate of species turnover is high-
est in communities with nutrient-rich soil conditions.
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Variables ß SE Wald χ2 Sig.
Adult life span –0.601 0.044 182.46 <0.001
Longevity clonal connection –0.358 0.045 64.37 <0.001
Nutrient requirements 0.213 0.030 49.29 <0.001
Dispersal potential wind 0.224 0.046 23.81 <0.001
Dispersal potential water –0.190 0.040 22.27 <0.001
Seed longevity 0.085 0.022 15.23 <0.001
Base saturation –0.120 0.035 12.12 <0.001
Light requirements 0.128 0.058 4.90 0.027
Table 4.2: Results of Cox’ regression for hazard rate based on 276 species, 845 plots and
12,189 observed survival times (periods of local aboveground persistence) among which 27%
were uncensored (aboveground disappearance in the observation period). For the significant
variables that were included in the final multivariate model the following parameters are
given: regression coefficient (ß; negative values indicate that the variable reduces the hazard
rate and thus increases the local aboveground persistence, while positive values imply a
trade-off), standard error (SE), the Wald test statistics (indication of the relative importance
of the effect), and the significance of the regression coefficients ßi. 
Discussion
Trade-off between aboveground and belowground persistence
Within the large group of perennial plant species, local aboveground persistence
is strongly enhanced by the ability to form long-lived clonal connections between
parent and offspring plants. These long-lived clonal connections may reduce local
extinction risk due to the buffering effect against temporally suboptimal environ-
mental conditions such as low resource availability or high disturbance intensity
(Cook 1983, Oborny & Bartha 1995, Eriksson 1996, Eckert 2002). This buffering
effect against local extinction is caused by the translocation of resources and
photo-assimilates, which results in equalization of the environmental quality
across space and time (Cook 1983, Oborny & Bartha 1995, Van Groenendael et al.
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Figure 4.1: Aboveground local persistence illustrated with ‘survival curves’ related for vari-
ous functional traits. The y-axis gives the cumulative percentage of plots in which the species
persists at a given time. Species are classified according to functional traits or habitat charac-
teristics. Panel A: Longevity of clonal connections between parent and offspring plant; Panel
B: Ability to accumulate a persistent soil seed bank; Panel C: Ability for long-distance disper-
sal by wind; Panel D: Nutrient level at which the species has its highest frequency of occur-
rence. All curves within individual panels differ significantly (p < 0.0001), except in pane B
where the curves for transient and short-term persistent seed banks are not significantly dif-
ferent (p = 0.49).
1996, Klimesv et al. 1997). The results suggest that it is the longevity of the clonal
connection that is of importance for local aboveground persistence, while the spa-
tial scale of clonal extension is insignificant.
At the landscape scale species may ensure regional persistence by a high abili-
ty to colonize unoccupied sites or by reducing their risk on local extinction
(MacArthur & Wilson 1967, Venable & Brown 1988, Tilman 1994, Hanski 1998,
Eriksson 2000, Grime 2001, García & Zamora 2003). Local aboveground persist-
ence and dispersal in space or through time may therefore be regarded as alterna-
tive strategies for regional persistence. Our results demonstrate that plant species
with the ability to build up a long-term persistent soil seed bank have on average
a lower local aboveground persistence as compared to species with only short-
term seed persistence in the soil seed bank (Fig. 4.1). This implies a trade-off rela-
tionship between aboveground adult persistence and belowground seed persist-
ence, as suggested by Klinkhamer et al. (1987), Venable & Brown (1988) and
Rees (1993). The trade-off relationship however appears to be rather loose and
there are several species that combine a long-term persistent seed bank with a
high local aboveground persistence (e.g. Calluna vulgaris, Juncus acutiflorus,
Ranunculus repens; see Appendix). This loose relationship between regeneration
traits might be explained by the fact that regeneration strategies do not necessari-
ly reflect trade-offs in resource allocation, but may rather represent a spatio-tem-
poral trade-off between ‘an unsatisfactory present and the expectation for a
brighter future at another place or at another time’ (Southwood 1988, Strykstra
et al. 2002).
With regard to dispersal in space, our results suggest that the hypothesized
trade-off relationship with local aboveground persistence is less straightforward.
Local aboveground persistence was indeed negatively related to the potential for
dispersal by wind but was positively related to the potential for dispersal by
water. This contrasting result might be explained by the complex relationship be-
tween seed mass (which is expected to be positively related to seedling survival in
the competition – colonization trade-off) and dispersal ability. While the potential
for long distance dispersal by wind is strongly related to seed mass (Augspurger &
Franson 1987, Greene & Johnson 1993, Tackenberg et al. 2003, Soons et al.
2004), this is not the case for the potential for long distance dispersal by water
(Praeger 1913). Moreover, many aquatic plants combine long-lived clonal connec-
tions with the ability for long-distance dispersal by stem fragments (Boedeltje et
al. 2003). Apparently, dispersal ability cannot be regarded as a single trait (e.g.
based on seed mass as in the competition-colonisation trade off), but should be
differentiated according to dispersal vectors.
Species turnover increases with productivity
The results support the perspective that plant communities are dynamic entities,
even on relatively short time scales (cf. Van der Maarel & Sykes 1993). Our re-
sults, however, indicate that local aboveground persistence decreases with in-
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creasing nutrient requirements, and to a much smaller extent with increasing light
requirements and preference for acid soils (i.e. persistence increases with base sat-
uration of the soil). The positive relation between nutrient requirements and the
rate of species turnover might be explained at least partly by differences in meta-
bolic rates across productivity gradients. Evidence is accumulating that there is a
fundamental trade-off between attributes enabling high rates of resource acquisi-
tion in productive habitats and attributes enabling efficient retention of resources
in unproductive habitats (Grime et al. 1997, Díaz et al. 2004, Tjoelker et al.
2005). Relative growth rates and nutrient turnover tend to be larger for species
characteristic of productive environments (Grime & Hunt 1975, Hunt &
Cornelissen 1997, Meziane & Shipley 1999, Grime 2001). Within perennial
species, high rates of resource acquisition and relative growth rate are inversely
related to adult life-span (Stearns 1992, Enquist et al. 1999, Brown et al. 2004).
The higher relative growth rate in productive habitats therefore is expected to
lead to higher species turnover.
Comparable mechanisms might explain the decreasing local aboveground per-
sistence with increasing light requirements, since high light requirements are gen-
erally associated with an on average shorter leaf lifespan (cf. Hubbell & Foster
1992, Westoby et al. 2002). In comparison to productivity, however, the relation-
ship between light requirements and local aboveground persistence is relatively
weak.
At the same time, habitats with a low nutrient and/or light availability may be
less suitable for new colonists, probably due to the lower levels of resources left
unused by the resident species for newly arriving colonists (Burke & Grime 1996,
Davis et al. 2000, 2005, Foster & Dickson 2004, Tilman 2004). Therefore, these
environments may select for longer local aboveground persistence. The environ-
mental filtering in favour of species with attributes that increase local above-
ground persistence might result in a lower species turnover in habitats with a low
nutrient and light availability.
Local aboveground persistence and the extinction debt
For 55% of plant species included in our study the half-life residency expectation
(once established) was over 15 years. Our results are in agreement with observa-
tions by various authors that many plants may persist in small plots for decades
(e.g. Tamm 1956, Watkinson 1992, Økland 1995). Although competitive interac-
tions are important in shaping plant communities (Huston 1994, Grime 2001,
Tilman 2004), competitive exclusion is apparently often a very slow process for
many species, especially in unproductive habitats, unless the environmental con-
ditions suddenly change. Conservation biologists usually assume a causal relation
between species distribution patterns and current habitat configuration. In
metapopulations the frequency of occurrence is determined by the dynamic bal-
ance between colonization and local extinction. For species with a high local
aboveground persistence, however, there will be a time lag between reduced seed
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dispersal due to habitat fragmentation and the establishment of a new equilibri-
um in frequency of occurrence (Tilman et al. 1994, Eriksson 1996, 2000, Hanski
& Ovaskainen 2002, Nagelkerke et al. 2002, Helm et al. 2006). For some species
the current landscape may not support viable metapopulations anymore, resulting
in regional extinction on the long-term. These doomed species with only remnant
(cf. Eriksson 1996) populations may be regarded as ‘living deaths’ (cf. Diamond
1991) with present day distributions reflecting the configuration and land-use of
past landscapes. Some authors therefore suggest that the present regional extinc-
tions are only a forerunner of larger-scale future extinctions (‘extinction debt’ cf.
Tilman et al. 1994). Our results suggest that time lags in local extinctions are
most pronounced in habitats with a low nutrient availability. This implies that the
extinction debt might be most severe in unproductive habitats and that species
characteristic of these habitats might be most prone to underestimations of their
extinction risk in changing landscapes.
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Species name Nplots % Censored T75 T50 T25
Achillea millefolium 77 95 >16 >16
Aegopodium podagraria 39 95 >17 >17
Aethusa cynapium 11 73 2 2 2
Agrostis canina 81 86 >19 >19
Agrostis capillaris 225 93 >21 >21
Agrostis stolonifera 131 82 10 >15
Agrostis vinealis 22 95 16 >16
Aira praecox 10 20 1 1 2
Ajuga reptans 13 69 4 10
Alopecurus geniculatus 21 38 1 1
Alopecurus myosuroides 17 24 1 3 3
Alopecurus pratensis 10 80 6 5
Anagallis minima 10 40 2 6 9
Anagallis tenella 10 70 6 6
Angelica archangelica 15 40 1 4 5
Angelica sylvestris 111 72 4 >15
Anthoxanthum odoratum 221 91 >21 >21
Anthriscus sylvestris 39 62 2 >15
Apera spica-venti 10 50 1 1
Aphanes inexpectata 10 20 1 3 5
Arabidopsis thaliana 12 42 1 1 3
Arenaria serpyllifolia 24 17 1 1 4
Arrhenatherum elatius 90 97 >16 >16
Asparagus officinalis 14 36 1 2
Bellis perennis 32 63 1 >15
Berula erecta 17 71 2 >15
Blackstonia perfoliata 14 50 2 2 6
Blysmus compressus 18 83 >20 >20
Briza media 38 92 >16 >16
Bromus hordeaceus subsp. hordeaceus 81 43 1 5 12
Calamagrostis epigejos 54 78 6 >15
Calluna vulgaris 23 96 >18 >18
Caltha palustris 24 63 2 14
Calystegia sepium 95 80 11 >15
Campanula rapunculus 32 66 1 >15
Campanula rotundifolia 18 89 >14 >14
Capsella bursa-pastoris 54 67 2 2
Cardamine amara 18 44 2 3
Cardamine hirsuta 56 43 1 3 9
Cardamine pratensis 156 78 6 >15
Carduus crispus 10 10 1 1 3
Carex arenaria 80 98 >18 >18
Carex disticha 41 76 3 >15
Carex flacca 47 83 8 >15
Carex hirta 82 83 >19 >19
Carex nigra 70 74 4 >15
Carex oederi subsp. oederi 75 88 >18 >18
Carex ovalis 81 74 5 >15
Carex panicea 50 76 6 >15
Carex remota 15 27 1 5 7
Carex trinervis 43 79 6 6
Carex x timmiana 18 78 >6 >15
Appendix 1: Results of the Kaplan-Meier survival analysis for individual species. Given are the
times in years after which 75%, 50% and 25% of the plots are still occupied. For many persist-
ent species it was only possible to give a minimum estimate for the 75 quartile because all ob-
served periods of local aboveground persistence were censored (i.e. the actual local above-
ground extinctions fell after the observation period). Nomenclature: Van der Meijden (1990).
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Species name Nplots % Censored T75 T50 T25
Centaurea jacea 57 91 >17 >17
Centaurium erythraea 40 43 2 6
Centaurium littorale 30 70 4 >15
Centaurium pulchellum 20 55 1 3 4
Cerastium arvense 25 80 >16 >16
Cerastium fontanum 204 64 2 15
Cerastium glomeratum 69 30 1 2 3
Cerastium semidecandrum 20 25 2 3 6
Chamerion angustifolium 95 69 5 >15
Chenopodium album 38 79 >3 >15
Chenopodium polyspermum 11 82 >1
Cirsium arvense 72 74 5 >15
Cirsium palustre 128 64 2 >15
Cirsium vulgare 60 38 1 2 5
Conyza canadensis 75 23 1 3 5
Corynephorus canescens 49 90 >18 >18
Crataegus monogyna 110 62 2 7
Crepis biennis 14 86 >8 >8
Crepis capillaris 57 51 1 4
Cynosurus cristatus 40 73 4 12
Dactylis glomerata 88 73 6 >15
Dactylorhiza incarnata 30 73 8 >15
Dactylorhiza maculata 10 90 >9 >15
Danthonia decumbens 13 69 1 >5
Daucus carota 52 58 3 12
Deschampsia flexuosa 47 91 >20 >20
Digitalis purpurea 20 60 3 5
Echinodorus ranunculoides 12 58 1 >5
Eleocharis palustris 81 75 3 >15
Eleocharis quinqueflora 25 48 2 3 10
Elytrigia repens 122 93 >16 >16
Epilobium hirsutum 17 65 2 >15
Epilobium montanum 11 9 1 2 2
Epilobium palustre 44 68 3 >15
Epilobium parviflorum 52 52 1 4
Epilobium tetragonum 113 35 2 4 6
Epipactis palustris 41 78 8 >15
Equisetum arvense 187 75 7 >15
Equisetum fluviatile 11 36 1 2 3
Equisetum palustre 91 70 3 >15
Equisetum variegatum 33 76 11 >15
Erigeron acer 17 59 1 >15
Erodium cicutarium 13 23 1 3 5
Erophila verna 24 25 1 3 9
Eupatorium cannabinum 84 79 6 >15
Euphorbia exigua 12 33 1 2 2
Euphorbia helioscopia 28 64 2 2 3
Euphrasia stricta 75 60 2 9
Fallopia convolvulus 20 85 2 >15
Festuca arundinacea 38 76 >17 >17
Festuca ovina agg. 46 85 >17 >17
Festuca pratensis 16 63 2 7
Festuca rubra agg. 214 92 >21 >21
Fragaria vesca 28 82 13 13
Fragaria x ananassa 24 46 1 5
Galeopsis tetrahit 34 44 1 3
Galium aparine 57 53 1 6
Galium mollugo 24 92 >15 >15
Galium palustre 88 76 6 >15
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Species name Nplots % Censored T75 T50 T25
Galium uliginosum 68 74 4 >15
Galium verum 26 81 >16 >16
Gentianella amarella 44 61 2 8
Geranium dissectum 43 16 1 2 5
Geranium molle 23 96 >7 >15
Glaux maritima 22 73 3 >15
Glechoma hederacea 84 94 >19 >19
Glyceria fluitans 10 80 3 >5
Gnaphalium luteo-album 14 57 1 4
Gnaphalium uliginosum 35 63 2 2 4
Helictotrichon pubescens 48 83 >15 >15
Heracleum sphondylium 55 82 >21 >21
Hieracium pilosella 47 98 >14 >14
Hippophae rhamnoides 63 63 2 8
Holcus lanatus 280 73 6 >15
Holcus mollis 121 98 >21 >21
Hydrocotyle vulgaris 100 88 >25 >25
Hypericum dubium 21 52 6 7
Hypericum humifusum 17 24 1 2 3
Hypericum perforatum 39 51 3 7 13
Hypericum tetrapterum 19 74 3 >15
Hypochaeris radicata 137 72 7 >15
Impatiens noli-tangere 12 25 1 1 3
Jasione montana 40 58 1 8 10
Juncus acutiflorus 60 98 >21 >21
Juncus articulatus 71 77 8 >15
Juncus bufonius 53 57 1 3
Juncus bulbosus 10 40 2 3 6
Juncus conglomeratus 63 63 2 >15
Juncus effusus 124 76 8 >15
Juncus gerardii 38 71 5 >15
Juncus subnodulosus 13 54 1 8 8
Knautia arvensis 52 90 >16 >16
Koeleria macrantha 31 90 >14 >14
Lamium hybridum + L. purpureum 41 56 2 2 6
Lapsana communis 15 40 1 4
Lathyrus pratensis 23 83 4 >15
Lathyrus tuberosus 11 64 2 >5
Leontodon autumnalis 23 39 1 3 7
Leontodon hispidus 47 96 >17 >17
Leontodon saxatilis 18 56 1 3
Leucanthemum vulgare 98 97 >20 >20
Ligustrum vulgare 20 45 1 1
Linum catharticum 59 71 3 >15
Liparis loeselii 30 63 2 4
Littorella uniflora 14 64 3 >15
Lolium perenne 75 56 2 7 16
Lotus corniculatus 41 80 7 >15
Lotus pedunculatus 124 74 5 >15
Luzula campestris 188 90 >20 >20
Luzula multiflora 49 84 7 >15
Lycopus europaeus 57 77 7 >15
Lysimachia vulgaris 46 85 >16 >16
Lythrum salicaria 45 62 2 10
Matricaria recutita 29 48 1 3 4
Medicago lupulina 33 94 >16 >16
Mentha aquatica 102 92 >25 >25
Moehringia trinervia 23 30 1 2 7
Molinia caerulea 39 87 >18 >18
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Species name Nplots % Censored T75 T50 T25
Myosotis arvensis 85 40 2 4 9
Myosotis discolor 91 20 1 2 3
Myosotis laxa (subsp. cespitosa) 45 69 2 9 9
Myosotis ramosissima 26 23 1 3 9
Myosotis scorpioides 17 35 1 4 11
Oenanthe lachenalii 23 57 1 6 10
Oenothera biennis 56 52 2 6
Ononis repens 51 89 >17 >17
Ornithopus perpusillus 20 40 1 2
Oxalis fontana 68 53 2 3
Papaver dubium 24 21 1 1 3
Papaver rhoeas 39 44 1 2 5
Parnassia palustris 54 81 8 >15
Pastinaca sativa 18 72 5 >15
Persicaria hydropiper 15 73 5 15 15
Persicaria maculosa 20 80 3 >15
Peucedanum palustre 13 92 >10 >10
Phalaris arundinacea 10 60 7 10
Phleum pratense 33 61 6 16
Phragmites australis 117 85 16 >16
Pimpinella saxifraga 34 94 >11 >11
Plantago lanceolata 71 76 6 >15
Plantago major subsp. intermedia 16 75 5 >15
Plantago major subsp. major 52 67 3 8
Poa annua 74 62 2 4
Poa palustris 10 50 2 2
Poa pratensis 278 80 >25 >25
Poa trivialis 212 70 4 >15
Polygala vulgaris 15 73 1 >15
Polygonum aviculare 25 64 2 2
Potentilla anserina 46 72 5 >15
Potentilla erecta 37 95 >19 >19
Potentilla palustris 18 78 3 >15
Potentilla reptans 46 78 6 >15
Primula veris 12 83 >15 >15
Prunella vulgaris 122 77 6 >15
Pulicaria dysenterica 27 67 1 >15
Pyrola rotundifolia 13 69 3 >5
Ranunculus acris 178 88 >21 >21
Ranunculus bulbosus 31 81 7 >15
Ranunculus ficaria 37 73 3 >15
Ranunculus flammula 63 73 3 >15
Ranunculus repens 268 86 >25 >25
Rhamnus cathartica 44 52 1 5
Rhamnus frangula 14 64 2 6
Rhinanthus angustifolius 21 76 2 >15
Rhinanthus minor 38 97 12 >15
Rosa pimpinellifolia 20 90 >8 >15
Rubus caesius 102 65 2 14
Rubus fruticosus 31 42 2 4 12
Rubus idaeus 19 47 2 6
Rumex acetosa 234 92 >21 >21
Rumex acetosella 92 71 5 >15
Rumex crispus 43 49 2 6
Rumex obtusifolius 79 96 >15 >15
Sagina nodosa 49 78 7 >15
Sagina procumbens 48 40 1 2
Samolus valerandi 24 79 6 >15
Scrophularia nodosa 31 68 6 >15
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Species name Nplots % Censored T75 T50 T25
Scutellaria galericulata 14 64 1 >5
Sedum acre 13 85 >18 >18
Senecio erucifolius 24 38 2 9 13
Senecio jacobaea 119 64 3 15
Senecio viscosus 17 6 1 1 2
Senecio vulgaris 12 50 1 2
Silene dioica 12 50 4 10 11
Sinapis arvensis 12 67 1 2
Solanum dulcamara 29 34 1 3 4
Sonchus arvensis 27 56 1 3
Sonchus asper 49 59 1 3
Sonchus oleraceus 24 63 1 2
Spergula morisonii 11 45 2 3
Stachys sylvatica 14 50 2 6 9
Stellaria graminea 71 77 3 >15
Stellaria media 72 61 2 2
Symphytum officinale 78 87 >16 >16
Taraxacum officinale 184 73 6 17
Teesdalia nudicaulis 41 54 1 7
Thymus pulegioides 16 94 >16 >16
Tragopogon pratensis 19 74 2 >15
Trifolium dubium 85 55 1 6
Trifolium fragiferum 37 54 3 7
Trifolium pretense 68 63 3 >15
Trifolium repens 189 76 4 >15
Tripleurospermum maritimum 22 32 1 2 5
Trisetum flavescens 54 78 5 >15
Tussilago farfara 25 64 5 10
Urtica dioica 85 93 >30 >30
Valeriana officinalis 21 52 1 14 14
Verbascum densiflorum 10 30 3 3 5
Veronica agrestis 16 50 1 2 2
Veronica arvensis 91 41 2 3 8
Veronica chamaedrys 90 89 >16 >16
Veronica officinalis 12 50 6 7 13
Veronica persica 10 50 2 2 3
Veronica serpyllifolia 37 41 1 4 7
Vicia cracca 27 67 2 >15
Vicia hirsuta 98 41 1 3 8
Viola arvensis 24 29 1 1 3
Viola curtisii 14 36 2 7 9

Dispersal potential in plant communities
depends on environmental conditions
Ozinga, W.A., R.M. Bekker, J.H.J. Schaminée & J.M. Van Groenendael 
Journal of Ecology 92: 767–777.
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The diet of Bohemian Waxwing (Bombycilla garrulus) consists primarily of berries and this
bird species can be an effective vector for long-distance seed dispersal. For some shrub
species with bitter tasting fruits, like Guelder Rose (Viburnum opulus), it can be one of the
main dispersal vectors (photo L. Hoogenstein).
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Abstract
Local plant communities can only function within a metacommunity
context if they are connected by appropriate dispersal vectors, ac-
commodating the transport of propagules between sites. The capac-
ity for long-distance dispersal may be a key factor in the survival of
local populations, especially in fragmented landscapes, and hence
may have a large impact on local species composition. Dispersal
vectors with a large efficiency for long-distance dispersal included in
this study are: water, wind, large mammals and birds.
We tested the hypothesis that variation in dispersal traits across
plant communities is related to the position of the communities
along major environmental gradients. This hypothesis was tested for
(1) separate long-distance dispersal vectors and (2) multiple disper-
sal vectors (the number of potential long-distance dispersal vectors
per species).
To quantify linkages between dispersal traits and environmental
gradients, we coupled a database containing dispersal attributes
with another database, containing 40,000 local vegetation descrip-
tions aggregated into 123 plant communities. For each dispersal
vector, the proportions of species that have access to this vector per
community (weighted trait scores) were projected along three major
environmental gradients: soil moisture, nutrient availability and light
availability.
The potential importance of individual dispersal vectors showed
clear differences along the three environmental gradients, with the
greatest differences along the light availability gradient. The differ-
ences in dispersal traits probably reflect environmental constraints
on the availability or efficiency of individual dispersal vectors.
The ability to be dispersed by multiple dispersal vectors is a
common phenomenon in most plant communities (an average of
2.15 vectors per species). The mean number of potential long-dis-
tance dispersal vectors per species increases with light availability.
This probably implies that plant communities differ in their response
to both habitat fragmentation and habitat restoration.
Despite differences in trait spectra among communities, all dis-
persal syndromes are represented in nearly all communities. An im-
portant consequence of this complementarity in dispersal traits is
that species within the same community may experience different
connectivity.
The results emphasize the need for dispersal models based upon
multiple dispersal vectors that explicitly include parameters for habi-
tat characteristics.
Introduction
Given a certain set of environmental conditions, the community composition at a
site is influenced by both the rates of local extinction and the rates of colonization
from the species pool (e.g. Freckleton & Watkinson 2002). It follows from basic
metapopulation theory (Levins 1969; Hanski 1998) that species within a meta-
community (sets of communities connected by dispersal of component species;
Mouquet & Loreau 2002) occupy only a fraction of the suitable habitat patches
because species continually become locally extinct and these sites may not be re-
occupied if colonization capacity is limited, at least at larger spatial scales. Within
local communities, there is thus a continuous turnover of species, as has been
demonstrated by detailed field observations in grasslands by Van der Maarel &
Sykes (1993). Seed sowing experiments have underpinned the notion that disper-
sal limitation is almost universal in plant communities (Turnbull et al. 2000;
Foster & Tilman 2003; Xiong et al. 2003). Interspecific differences in dispersal
traits are therefore expected to affect local species composition.
Short-distance dispersal (i.e.within local populations) will generally be suffi-
cient for the local survival of populations in habitats with a high level of spatial
and temporal continuity. But in spatially heterogeneous landscapes (such as in
many industrialized parts of the world) the survival probability of local popula-
tions increases for species that have higher rates of long-distance dispersal.
Studies by Ellstrand & Elam (1993), Ouborg (1993) and Harrison et al. (2000) in-
dicate that species in patches that are more isolated have a higher probability of
becoming locally extinct, and such patches have a lower probability of becoming
colonized or recolonized. The emphasis in our study was therefore on long-dis-
tance dispersal, which we define as dispersal between sites separated by more
than 100 m, following Cain et al. (2000).
At the species level, there are large interspecific differences in seed attributes
which determine the potential of the various dispersal modes to serve as long-dis-
tance dispersal vectors (e.g. Cain et al. 2000; Pakeman et al. 2002; Tackenberg et
al. 2003). Moreover, species differ not only in the efficiency of dispersal by differ-
ent dispersal vectors, but also in the number of dispersal vectors by which they
are potentially dispersed between sites (specialists vs. generalists for long-dis-
tance dispersal or with no adaptations for long-distance dispersal at all), but reli-
able quantifications of this variation are lacking.
Interspecific differences in dispersal traits can be integrated at the community
level by quantifying the proportions of potential dispersal vectors. There have
been few studies on differences in dispersal traits between habitats (Gentry 1983;
Willson et al. 1989; Willson et al. 1990; Hughes et al. 1994) and these studies
show methodological limitations as both dispersal traits and habitat characteris-
tics are poorly defined. The recent compilation of large databases on community
composition and on dispersal attributes for species offers new opportunities to
quantify the relationship between environmental conditions and dispersal traits.
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Linking species composition and data on dispersal attributes may improve our un-
derstanding of the interactions between local (<100m) and regional (>>100m)
processes. 
The assembly of local communities from a given species pool is generally stud-
ied by means of two complementary approaches, relating to different scales. At
the local scale, the so-called ‘niche assembly view’ focuses on interactions be-
tween individuals of different species and interspecific niche differences.
According to this view, the species composition of a community is a deterministic
consequence of physiological processes and biological interactions (e.g. Mac-
Arthur & Connell 1966; Tilman 1985; Keddy 1992). On the other hand, the so-
called ‘dispersal assembly view’ focuses on larger scales, both in space and time,
and assigns a more prominent role to stochastic events such as catastrophic
changes in environmental conditions, local extinction and long-distance dispersal
(e.g. MacArthur & Wilson 1967; Zobel 1997; Turnbull et al. 2000).
If environmental conditions constrain the availability or efficiency of individ-
ual dispersal vectors (cf. Grubb 1987), differences may be expected between com-
munities with regard to dispersal attributes. If the relative importance of dispersal
vectors is indeed influenced by environmental conditions, this implies that there
is an uneven dispersal potential across landscapes dependent on the distribution
of habitats. This will in turn affect the community assembly processes that deter-
mine local species composition and biodiversity. Linkages between dispersal traits
and environmental gradients imply that communities will differ in their response
to habitat fragmentation and habitat restoration.
We tested the hypothesis that variation in dispersal traits across plant commu-
nities is related to the position of communities along major environmental gradi-
ents. This hypothesis was tested for (1) the distribution of individual dispersal
vectors in plant communities and (2) the degree to which species within commu-
nities are served by multiple dispersal vectors. 
Materials and methods
Our approach is based on combining large databases containing species-level dis-
persal traits and environmental optima with those for community-level species co-
occurrence. An overview of the database linkages is given in Fig. 5.1.
Dispersal attribute database
The efficiency of various dispersal vectors for a given species can be classified based
either on differences in actually realized dispersal distance or on differences in at-
tributes that (potentially) give access to dispersal modes with a high efficiency for
long-distance dispersal (Muller-Landau et al. 2003). Long-distance dispersal (>100
m, cf. Cain et al. 2000) depends on the tail of the ‘dispersal kernel’ and is extremely
difficult to quantify (Cain et al. 2000; Bullock & Clarke 2000; Nathan & Muller-
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Landau 2000). The probability of ending up in the tail of the dispersal kernel is not
only dependent on species traits, but also on landscape characteristics, such as veg-
etation structure, presence of barriers and availability of dispersal vectors. Even
perfect information on the dispersal distance of all seeds in a population would
only provide a case-specific documentation of differences in realized dispersal dis-
tance (Tackenberg et al. 2003; Nathan et al. 2003). Realistic, mechanistic models,
are only available for dispersal by wind (e.g. Nathan et al. 2002; Tackenberg et al.
2003; Soons et al. 2004), but are lacking for other dispersal vectors. It is therefore
not realistic to quantify the probability of seeds dispersing over distances of
>100m for many species under various conditions for all dispersal vectors.
On the other hand, differences in attributes that determine the degree of ac-
cess to various dispersal modes can be quantified more easily (Weiher et al.1999;
Pakeman et al. 2002; Boedeltje et al. 2003; Tackenberg et al. 2003; Cornelissen et
al. 2003, Knevel et al. 2003, 2005). Therefore we have adopted a trait-based ap-
proach, and have compiled a database for the Dutch flora, with plant and propag-
ule traits that are relevant to dispersal. Raw data were extracted from the LEDA
database (Knevel et al. 2003, 2005, Kleyer et al. in prep.). We consider the follow-
ing dispersal vectors to have a high efficiency for long-distance dispersal (for fur-
ther details see Chapter 2): water (hydrochory), wind (anemochory), attachment
to the fur of large mammals (epizoochory by mammals), survival in the digestive
tract of large mammals (endozoochory by mammals) and frugivorous birds (endo-
zoochory by birds). The degree to which species have access to these dispersal vec-
tors is inferred from morphological and physical traits that have been shown to be
related to the efficiency of dispersal by the various vectors (Weiher et al.1999;
Pakeman et al. 2002; Boedeltje et al. 2003; Tackenberg et al. 2003; Cornelissen et
al. 2003; see Chapter 2 for a detailed explanation for each dispersal vector). This
provides us with a relative classification of the potential of species for dispersal by
various vectors that is independent of landscape characteristics, climatological
conditions and the number of seeds produced. In order to include as many species
as possible and to facilitate comparisons between different dispersal vectors, we
aggregated the available data into a binary classification, assigning each species
to one of two classes for each dispersal agent: ‘1’ if the species has attributes that
give access to a given vector and ‘0’ if the species has no such attributes (see
Chapter 2 for criteria). This resulted in a species-by-trait matrix (matrix 1 in
Fig. 5.1). Although the binary classification of the continuum is relatively impre-
cise for individual species, it allows generalizations to be made at the community
level across habitats.
It is important to note that many species have a high dispersal potential (i.e. a
‘1’ in the database) for more than one long-distance dispersal vector. These species
can be regarded as generalists in terms of long-distance dispersal. On the other
hand, several species have low potential for all five long-distance dispersal vectors
(although many of them have special adaptations for short-distance dispersal, such
as mechanisms to release seeds ballistically or nutrient-rich appendages to attract
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ants). To summarize this information, we included a field with the number of
long-distance dispersal vectors per species (a summation of the scores for the five
dispersal vectors; see matrix 1 in Fig. 5.1). For dispersal in general, potential dis-
persal by multiple agents has been termed ‘polychory’ (e.g. Ridley 1930; Van der
Pijl 1982), but since we restricted our analysis to dispersal vectors with a high ef-
ficiency for long-distance dispersal, we called this aggregated trait ‘long-distance
polychory’. Although long-distance polychory is probably closely related to total
long-distance dispersal potential, it is not exactly the same and merely reflects the
number of possible types of vectors for long-distance dispersal.
A total of 900 vascular plant species (ca. 75% of the total terrestrial flora of
the Netherlands) were included in the analysis. Trees, spore-plants and orchids
were excluded. 
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Figure 5.1: Overview of the database linkages needed for the establishment of the trait-by-
environment pattern. Matrices 1 and 4 contain data at the species level for dispersal potential
(matrix 1) and the optimum occurrence along environmental gradients as expressed by
Ellenberg indicator values (matrix 4). Both matrices were multiplied by the species-by-com-
munity matrix (matrix 2) to calculate weighted means at the community level (matrix 3 and
5). The data from matrices 1 and 4 have been weighted by the % presence of the species within
the communities (in the cells of matrix 2, based on 40,000 local plot descriptions). Combining
matrix 3 (percentage of species within communities with a high potential for dispersal by each
dispersal vector) and matrix 5 (position of communities along the three major environmental
gradients) results in a set of relationships between environmental gradients (x-axis) and dis-
persal traits (y-axis). This combination of large ecological databases on different organisa-
tional levels to reveal new information can be regarded as an example of ‘ecoinformatics’.
Vegetation Database
We quantified the proportions of species that have access to specific dispersal vec-
tors at the community level using the Dutch Vegetation Database (Hennekens &
Schaminée 2001, see Box 2 in Chapter 1), which comprises over 400,000 descrip-
tions of species composition at specific plots (<100m2) throughout the Nether-
lands. The Dutch vegetation classification (Schaminée et al 1995-1999), uses
cluster analysis to analyse a subset of 40,000 plots, and assign them to 228 plant
communities. We made a further selection to exclude plant communities occur-
ring in saline and aquatic environments, to give a simpler database representing
terrestrial plant diversity in the Netherlands. This compressed the information
into a species-by-community matrix (matrix 2 in Fig. 5.1) with 123 plant commu-
nities and 900 plant species, in which each cell contained the percentages of plots
for a given community in which the species was present (% presence).
Dispersal attributes within communities
Combining the species-by-trait database (matrix 1) with the species-by-communi-
ty matrix (matrix 2) allowed us to quantify patterns of dispersal traits at the com-
munity level (community-by-trait matrix; matrix 3). The proportions of species
that have access to specific dispersal vectors (trait scores) were weighted accord-
ing to the percentage of plots in which the species were present (abundance in the
‘habitat species pool’).
Position of communities along environmental gradients
We characterized the environmental conditions of communities using Ellenberg
indicator values (species-by-environment matrix; matrix 4). These indicator val-
ues give the ecological optima of species for a range of abiotic parameters and
were obtained from Ellenberg et al. (1992). Evidence for the accuracy of the indi-
cator values has been provided by several studies reporting close correlations be-
tween average indicator values and corresponding measurements of environmen-
tal variables (e.g. Thompson et al. 1993; Schaffers & Sy´kora 2000; Diekmann
2003). Multiplying the species-by-environment matrix (matrix 4) by the species-
by-community matrix (matrix 2) resulted in a community-by-environment matrix
(matrix 5) in which the position of each community is quantified relative to the
three major environmental gradients. The Ellenberg indicator values were weight-
ed with the percentage of plots in which the species were present.
We used two complementary ordination methods (DCA and CCA) to reveal re-
lationships between the species-by-community matrix (matrix 2) and the commu-
nity-by-environment matrix (matrix 5). Variation in species composition of terres-
trial plant communities in the Netherlands was mainly related to three major en-
vironmental gradients (Ozinga et al. 2005b), reflecting differences in the avail-
ability of water and oxygen, of nutrients and of light and open space. We restrict-
ed our analysis to these three environmental variables between which communi-
ty-level correlations were low (r<0.25; Ozinga et al. 2005b).
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Trait-environment linkages
Finally, relationships between the distribution of the five dispersal traits over the
three major environmental gradients were quantified at both the species level and
the community level. At the species level this was achieved by the combination of
matrices 1 and 4.
At the community level the trait-environment patterns were quantified by the
linkages between the community-dispersal trait database (matrix 3) and the com-
munity-environment database (matrix 5; Fig. 5.1). We also calculated the mean
number of long-distance dispersal vectors per species within each community
(‘long-distance polychory index’). In comparison to the species level analysis, the
community level analyses are less sensitive to misclassifications in the original
Ellenberg indicator values (e.g. Diekmann 2003) and account for inter-specific
differences in regional abundance (species-trait combinations of very rare species
are given less weight than those of common species).
Statistical analyses were conducted on the trait-environment data using SPSS
10.0 (© SPSS Inc. 1989-1999). Relationships between the trait scores and the
three main environmental gradients (availability of water, nutrients and light)
were tested for significance for each dispersal vector separately. For the analyses
at the species level we used stepwise logistic regression and for the analyses at the
community level we used stepwise multiple regression.
Results
An overview of the regression models for each dispersal vector is given in Table
5.1 for the species level (not weighted by regional abundance) and in Table 5.2
for the community level. The directions of the relationships between dispersal
traits and environmental conditions at the species level were consistent with the
results at the community level. At the community level, however, the patterns
were much more pronounced (Table 5.1 vs. Table 5.2), as indicated by higher
beta-values and higher proportions of explained variance (R2-values). At the com-
munity level the R2-values were, in general, more than 10 times as high as those
at the species level. Different dispersal vectors were only weakly correlated among
species (r<0.30 for all combinations; data not shown).
The strongest trait-environment linkages (R2change > 0.25) at the community
level are illustrated in Fig. 5.2. In the panels of this figure, each point represents a
plant community. The x-axes give the position of the communities relative to the
environmental gradient as indicated by Ellenberg indicator values (mean for com-
munities weighted by the percentage of plots in which each of the species was
present), while the y-axes give the trait scores for each community (also weighted
by the % presence).
The differences in the potential importance of individual dispersal vectors
were greatest along the light availability gradient, and all of the dispersal vectors,
Chapter 590
Dispersal potential depends on environmental conditions 91
Dispersal vector independent Beta 
variable (standardized) Nagelkerke R2 Sig. (G-test)
Water moisture 0.49 0.300 <0.001
Wind nutrient availability -0.15 0.036 <0.001
Mammals, externally light availability 0.17 0.013 0.002
Mammals, internally light availability 0.15 0.014 0.001
Birds, internally light availability -0.36 0.050 <0.001
Table 5.1: Significant trait-environment relationships at the species level. Binary logistic re-
gression models were performed with the dispersal traits as the dependent variable and the
Ellenberg indicator values for moisture, nutrient availability and light availability as inde-
pendent variables. Models are based on the total species pool (N=900). The percentage of
variance explained is approximated with Nagelkerke’s R2 (comparable to the R2 values in the
linear regressions in table 5.2).
environmental variable Beta R2adj Sig. R2change
entered in model (standardized)
Water moisture 0.92 0.84 <0.001
Wind nutrient availability -0.66 0.38 <0.001
light availability 0.36 0.50 <0.001
moisture 0.14 0.52 0.040
Mammals, externally light availability 0.64 0.41 <0.001
nutrient availability -0.20 0.44 0.005
Mammals, internally light availability 0.73 0.53 <0.001
nutrient availability 0.18 0.56 0.004
Birds, internally light availability -0.77 0.57 <0.001
nutrient availability -0.19 0.61 0.001
Long-distance polychory light availability 0.6 0.34 <0.001
moisture 0.55 0.59 0.000
No adaptations light availability -0.50 0.23 <0.001
moisture -0.47 0.33 <0.001
nutrient availability 0.43 0.48 0.008
Table 5.2: Significant trait-environment relationships at the community level. Linear regres-
sion models were performed with the proportion of species that have access to a given disper-
sal vector as the dependent variable and the positions of communities along environmental
gradients as independent variables. All models are based on 123 terrestrial plant communi-
ties. Environmental variables are given in order of entrance into the model. The R2adj values
refer to the total model, while Sig. R2change refers to the significance of the change in R2 after
entering the variable in the model. Explanatory variables were only included if the propor-
tion of explained variance increased significantly (Sig. R2change: p<0.05).
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Figure 5.2: Overview of relationships between dispersal traits and environmental gradients.
All combinations of long-distance dispersal vectors (N=5) and the major environmental gra-
dients (N=3) with a R2change >0.25 are given (see Table 5.2). The graphs show the propor-
tion of species with a high potential for dispersal by, respectively: (A) water, (B) wind, (C) fur
of large mammals, (D) dung of large mammals and (E) birds. Panel f shows the proportion of
species without any adaptations for long distance dispersal vectors. In these panels each
point represents a plant community (N=123). The x-axis shows the position of the communi-
ties relative to the environmental gradient as indicated by Ellenberg indicator values (mean
for communities weighted by the frequency of occurrence of the species). The y-axis shows
the percentage of species within each community with a high potential for dispersal by the
dispersal vector under consideration. 
except water, showed significant positive relationships with light availability
(Table 5.2). Both epizoochorous and endozoochorous dispersal by mammals be-
came more important with increasing light availability (Fig. 5.2C and D). The pro-
portion of species with a high potential for dispersal by frugivorous birds (Fig.
5.2E) and the proportion of species with no adaptations for long-distance disper-
sal at all (Fig. 5.2F) showed the opposite pattern, decreasing significantly with in-
creasing light availability. The variation in the potential for dispersal by water can
be largely explained by soil moisture (R2 = 0.84; Fig. 5.2A). Changes in the po-
tential of wind as a dispersal vector were most closely related to nutrient avail-
ability (Fig. 5.2B) and, to a smaller extent, to light availability. Although some
other long-distance dispersal vectors were significantly related to nutrient avail-
ability, the increases in the explained variance due to this environmental trait
were small (R2change <0.05). Despite the differences in relative importance of in-
dividual dispersal vectors, all dispersal syndromes are represented in many com-
munities (although sometimes with low proportions; Fig. 5.2), such that, in 70%
of communities, all dispersal vectors are represented by at least 5% of the species.
Many species in the Dutch flora have the potential to be dispersed over long dis-
tances by more than one dispersal vector (long-distance polychory). The average
number of dispersal vectors per species for all 900 species was 1.57. Weighted by
the frequency of occurrence in each community, the average becomes 2.15 vectors
per species. The average number of long-distance dispersal vectors per species
within the communities (long-distance polychory index) was found to decrease
with decreasing availability of light (Fig. 5.3), thus showing the opposite trend to
the proportion of species that have no access to any of the long-distance dispersal
vectors (2F). The average number of long-distance dispersal vectors per species
within a community was not related to nutrient availability (Table 5.2).
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Figure 5.3: Mean number of potential long-distance dispersal (LDD) vectors per species with-
in each community (long-distance polychory index) relative to the position along the light
availability gradient.
Discussion
Environmental constraints on the availability and efficiency of
dispersal vectors
The results show clear differences in the potential importance of the various dis-
persal vectors along the major environmental gradients, both at the species level
and at the community level. The non-random distribution of dispersal traits along
environmental gradients supports the hypothesis that the potential importance of
the various dispersal vectors depends on the environmental context. The patterns
were much stronger at the community level (higher Beta and R2-values; Table 5.1
vs. 5.2). This can be explained by a non-random selection of species assemblages
from the regional species pool with regard to dispersal traits. In a complementary
study (Ozinga et al. 2005; chapter 3) we have shown that species with high dis-
persal ability are indeed over-represented in local plots in comparison to a ran-
dom selection of species from the habitat species pool. In the present paper our
main interest is not the difference between the species level and the community
level results, but merely the differences in dispersal traits across environmental
gradients.
WATER
The close correlation (R2 = 0.84) between the position of a plant community
along the moisture gradient and the percentage of species with a high potential
for dispersal by water indicates that dispersal by water can be important in deter-
mining species composition within wet communities. This can be explained by the
high efficiency of water as a dispersal vector in frequently inundated sites, in
combination with the relatively high gap dynamics in landscapes where parts of
the vegetation are regularly destroyed by inundation and/or sedimentation, in-
creasing the availability of safe sites for establishment. These results are in agree-
ment with the findings of Boedeltje et al. (2003).
An unexpected finding was that even in communities with intermediate soil
moisture levels (mean Ellenberg values 6-8) the percentage of species that can be
dispersed by water is still as high as 20-40% (both at the species level and at the
community level). This illustrates that, although inundations in these communi-
ties may be occasional, the impact on species composition is potentially large. Dry
storage of seeds (e.g. remaining attached to the mother plant during winter) in-
creases the floating ability of the seeds of several species (Praeger 1913; Bill et al.
1999), probably due to shrinkage of the fruit content relative to the fruit surface,
seed coat hardening and increased water-repellency (Baskin & Baskin 1998).
Increased impermeability of the seed coat during maturation induces seed dor-
mancy in these species, and may, in dry environments, lead to a correlation be-
tween floating ability and seed longevity. This would imply that in medium-dry
environments, species with long-lived seeds may profit from occasional inunda-
tions.
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WIND
The proportion of species with a high potential for dispersal by wind increases
with decreasing nutrient availability and increasing openness of the vegetation
structure. At least two complementary mechanisms may explain this relationship.
Firstly, the efficiency of wind as a dispersal vector is constrained by the height and
density of the surrounding vegetation. Wind can be a very effective long-distance
dispersal vector, but is only reliable if the propagules become entrained by turbu-
lence in convective updrafts above the vegetation canopy (Tackenberg 2001;
Nathan et al. 2002). Within the vegetation, wind speed is inversely related to veg-
etation density (Grace 1977; Oke 1987), and neighbouring plants may directly in-
tercept propagules (Green & Johnson 1996). In general, therefore, there is only a
chance of effective wind dispersal if propagules are released well above the mean
canopy height (Tackenberg et al. 2003). Environments with high nutrient avail-
ability and low disturbance intensity (correlated with low light availability at
ground level) generally have taller and denser vegetation (e.g. Grime 2001),
making it increasingly difficult for individual plants to release their propagules
above the mean canopy height.
The increase in anemochory along the light availability gradient is presumably
also enhanced indirectly by environmental constraints on seed weight. Although
there is a huge seed weight variance within communities, median seed weight in-
creases in shaded environments (Salisbury 1974; Thompson & Hodkinson 1998;
Bazzaz et al. 2000). This may well be related to larger seeds having a higher
probability of successful germination and early seedling growth under high levels
of competition for light (Grime & Jeffrey 1965; Thompson & Baster 1992;
Westoby et al. 1996). This advantage is, however, at the expense of the capacity
for wind dispersal since, with constant seed morphology, heavy seeds have a
lower terminal velocity than light seeds (Augspurger & Franson 1987; Greene &
Johnson 1993; Tackenberg 2001).
The combination of these two factors (constraints of nutrient availability on
canopy height and seed weight) may, in herbaceous species in productive and
shaded environments, lead to a selection pressure against morphological adapta-
tions, such as wings and plumes, for wind dispersal. On a smaller temporal scale,
an interesting implication of this trait-environment relationship may be that eu-
trophication can lead to a decrease in the percentage of wind-dispersed species
within local communities. Evidence for this has been provided at the population
level for some grassland forbs (Soons & Heil 2002).
MAMMALS
In many plant communities, a large fraction of herbaceous plants have the poten-
tial to be dispersed efficiently by large mammals, externally or internally.
Variations between communities in the proportion of both epizoochorous and en-
dozoochorous species are mainly explained by variation in light availability (Fig.
5.2C and D), but different sets of species and different morphological adaptations
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are involved in each case. The increase in the potential importance of both epi-
zoochory and endozoochory by mammals along the light gradient probably re-
flects the higher grazing intensity of large mammalian herbivores in open commu-
nities due to a better supply of ‘high quality’ food. Shade-tolerant species general-
ly have leaves with a high level of compounds offering defence against herbivores
and pathogens (Coley et al. 1985; Davidson 1993; Reich et al. 1999), and com-
munities dominated by these species are thus less attractive to herbivores.
Furthermore, herbivore-specific patterns of habitat use at the landscape level may
be involved (e.g. shelter and migration in relation to variation in habitat struc-
ture), although this behaviour is probably less clearly related to environmental
gradients.
BIRDS
In contrast to endozoochory by mammals, endozoochory by frugivorous birds (or-
nithochory) is most common in forest and shrub communities. Although ornitho-
chory is a special case of endozoochory, it differs in some important aspects from
endozoochory by mammals and is therefore treated separately. The most pro-
nounced difference is the higher degree of specialization in bird-dispersed plant
species, which, in temperate regions, include many species with large, fleshy,
coloured, nutrient- and sugar-rich fruits. In contrast to tropical regions, such
fleshy fruits form only a small fraction of the diet of large mammals (Ridley 1930;
Snow & Snow 1988; Willson et al. 1989; Herrera 1995). While the capacity for
endozoochory by mammals is constrained by seed weight (not fruit weight), due
to the higher probability of small seeds escaping destruction by chewing or by the
long digestive tract (Janzen 1984; Pakeman et al. 2002), this is less the case for
bird-dispersed seeds with fleshy fruits. Therefore the trade-off between dispersal
capacity and recruitment capacity in shaded environments (Thompson & Baster
1992; Westoby et al. 1996) is probably less strong in specialized ornithochorous
species with large seeds and fleshy fruits (Herrera 1995; with the exception of ex-
tremely large-fruited species, but these are not native in the study area). The high-
er probability of heavy seeds germinating successfully in shaded environments
(Grime & Jeffrey 1965; Westoby et al. 1996) is counterbalanced by the need for
large investments of resources in the fruit and selective pressure for the develop-
ment of fleshy fruits is therefore expected to be strongest in shaded environments.
Multiple dispersal vectors are the rule
THE RELATIVE IMPORTANCE OF HAVING MULTIPLE DISPERSAL VECTORS
If we consider the various dispersal vectors together, the results demonstrate that
the ability of species to be dispersed by multiple long-distance dispersal vectors is
a common phenomenon in many plant communities. The mean number of poten-
tial dispersal vectors per species is greatest in communities with a high light avail-
ability (Fig. 5.3). This larger number of potential dispersal vectors does not neces-
sarily mean that dispersal is more effective, but it does at least indicate that, on
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average, the species in communities with a high light availability have more op-
portunities for long-distance dispersal and are thus less dependent on the avail-
ability of single dispersal vectors (risk spreading). The results confirm the general-
ization made by various authors (e.g. Harper et al. 1970; Connell 1978; Grime
2001) that species with a high dispersal ability will prevail in communities with
large-scale or high-intensity disturbances, while adaptations for long-distance dis-
persal will be less common in late successional stages. This generalization rests on
the assumption that, in communities with a severe disturbance regime, a selective
advantage is gained by those species that succeed in spreading high densities of
propagules across large parts of the landscape (Levin et al. 1984; Venable &
Brown 1988; Grime 2001).
The increase in the mean number of potential long-distance dispersal vectors
per species with increasing light availability is complemented by a decrease in
longevity of individual plants (data not shown) and a decrease in the proportion
of species with no access to any long-distance dispersal vectors (Fig. 5.2F). This
suggests increased importance of investment in attributes favouring the coloniza-
tion of new sites (long-distance dispersal) relative to short-distance dispersal and
local persistence. This notion is consistent with the existence of a trade-off be-
tween dispersal ability and adult longevity, as suggested by Shmida & Ellner
(1984), Tilman (1994), Ehrlén & Van Groenendael (1998) and Van Groenendael
et al. (2000). 
DIFFERENCES IN SENSITIVITY TO FRAGMENTATION BETWEEN PLANT COMMUNITIES
The differences between communities in the proportion of species that have ac-
cess to multiple dispersal vectors probably implies that communities differ in
mean rate of long-distance dispersal. These differences may lead to differences in
the sensitivity of different plant communities to habitat fragmentation. Moreover,
this finding has important consequences for restoration management, because it
means that even if the abiotic conditions can be properly restored, communities
will probably still differ in the probability of establishment of a representative set
of characteristic species from the regional species pool.
It is important to keep in mind that the trait spectra reported here represent
only the potential dispersal ability of species. This is no guarantee of actual seed
transport, which will be determined by the production of ripe seeds and by the
actual availability of dispersal vectors. In the long term, the decline of specific dis-
persal vectors (e.g. large herbivores) may result in a decline of a subset of species
from the regional species pool which depends on these dispersal vectors. This hy-
pothesis, however, remains to be tested. In restoration projects that try to counter-
act the effects of habitat fragmentation, our results may be used to suggest which
dispersal vectors need to be restored when aiming at complete recovery of the
‘target communities’.
The effects of habitat fragmentation may be delayed if species with a lower
dispersal capacity have higher local persistence, as suggested by Tilman (1994)
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and Ehrlén & Van Groenendael (1998). The buffering effects of high adult persist-
ence cease to be important after severe disturbance or after the creation of new
environments. 
TOWARDS MULTIPLE VECTOR DISPERSAL MODELS
The observation that, even in relatively stable late-successional communities (e.g.
forests), potential dispersal by more than one long-distance dispersal vector is a
common phenomenon (Fig. 5.3), sets limits to the applicability of dispersal mod-
els. Whereas most existing dispersal models only consider a single dispersal vector
(see Nathan & Muller-Landau 2000), our results emphasize the need for ‘mixed
dispersal models’ (e.g. Clark et al. 1998; Higgins & Richardson 1999) based upon
multiple dispersal vectors. Furthermore, from the linkages between dispersal
traits and environmental conditions, it becomes evident that dispersal models
should explicitly include parameters for habitat characteristics in order to inte-
grate niche-based and dispersal-based assembly rules.
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Chapter6
Marsh Ragwort (Senecio aquaticus) is a characteristic species of wet grasslands. Even though
the seeds are equipped with a pappus for efficient wind dispersal, it leaves many seemingly
suitable habitat patches unoccupied. Its ability for wind dispersal is lower as compared to
more ruderal Senecio species.
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Abstract
Increased insight in the factors that determine the importance of
dispersal limitation on species richness and species composition is of
paramount importance for conservation and restoration ecology.
One way to explore the importance of dispersal limitation is the use
of seed-sowing experiments, but it is not feasible to screen large
sets of species and habitats. In the present paper we present a
complementary approach based on a comparison of small plots with
larger regions with regard to species composition and distribution of
functional traits. We developed a GIS tool to quantify species pools
at various spatial scales, based on ecological and geographical crite-
ria. In this GIS tool large databases are exploited, containing floris-
tic, phytosociological and functional information. Our premise is that
differences in the nature of the species in local and regional species
pools with regard to functional traits, can give important clues to
the processes at work in the assembly of communities.
We illustrate the approach with a case study for mesotrophic hay
meadows (Calthion palustris). We tested the effects of differences in
frequency in the local Habitat Species Pool and differences in disper-
sal and persistence traits of species on local species composition.
Our results show that both species pool effects and functional traits
affect the probability of occurrence in small plots. Species with a
high propagule weight have, given the frequency in the Local
Habitat Species Pool, a lower probability of occurrence in small
plots. On the other hand, the probability of local occurrence is in-
creased by the ability to form a persistent soil seed bank and by
adult longevity. This provides support for the view that the degree
of dispersal limitation is dependent on the degree of spatial isolation
of the focal site relative to source populations and moreover that
species inherently differ in the degree to which dispersal limitation is
a limiting factor for local occurrence.
Introduction
Evidence is accumulating that local species richness and species composition is
determined by both niche based processes and dispersal processes (Ricklefs &
Schulter 1993, Zobel 1997, Grace 1999, Kupferschmid et al. 2000, Grime 2001,
Xiong et al. 2003, Foster et al 2004, Ozinga et al. 2005). However, the knowledge
of the relative importance of both sets of processes under various conditions is
fragmentary (Huston 1999, Kolb & Diekmann 2004, Mouquet et al. 2004, Zobel &
Kalamees 2005). From a theoretical perspective, this knowledge is important
since it touches upon basic principles of community assembly.
Increased insight in the factors that determine the relative importance of vari-
ous constraints on species richness and species composition is also of paramount
importance for conservation and restoration ecology. Growing concern about the
decrease of biodiversity at local and regional scales has resulted in increased ef-
forts for restoration of species rich habitats. But even if abiotic conditions can be
restored sufficiently, the degree to which characteristic species recolonize the tar-
get area is often disappointing (e.g. Hutchings & Booth 1996, Bakker & Berendse
1999, Lockwood & Pimm 1999). It is increasingly acknowledged that the avail-
ability of seeds can be a major limiting factor in ecological restoration projects
(Bakker & Berendse 1999, Turnbull et al. 2000, Ehrlén & Eriksson 2000, Mouquet
et al. 2004). For efficient restoration efforts it is therefore important to have reli-
able indications to what degree the lack of certain target species might be ex-
plained by dispersal limitation or whether other constraints are involved. In other
words: it is necessary to differentiate between sites that are unsuitable for the es-
tablishment of species from an environmental perspective and sites that are suit-
able but yet unoccupied (Freckleton & Watkinson 2002, Münzbergová & Herben
2004, Ozinga et al. 2005).
How to test the relative importance of dispersal
Seed addition experiments
One way to explore the relative importance of dispersal limitation is the use of
seed-sowing experiments (e.g. Tilman et al. 1997, Turnbull et al. 2000, Zobel et
al. 2000, Xiong et al. 2003, Mouquet et al. 2004). If sowing of plant species from
the regional species pool results in a sustainable increase in species number at the
local scale, we may take this as evidence that species richness is limited by disper-
sal (Foster & Tilman 2003, Zobel & Kalamees 2005). Seed addition experiments
however suffer from several methodological complications (Mouquet et al. 2004,
Zobel & Kalamees 2005) and we agree with Zobel & Kalamees that there is a need
for well designed, long-term seed addition experiments according to a common
design across various ecosystems and geographical regions. However, there is a
dilemma between scale and precision. A large scale experiment may differentiate
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between alternative hypotheses on the importance of dispersal limitation, but it is
not feasible to screen large sets of species and habitats. This is an important draw-
back from the perspective of restoration ecology, since information on the degree
of dispersal limitation is needed for large sets of species and habitats. This dilem-
ma between scale and precision of ecological research may be mitigated by adopt-
ing complementary approaches.
Analyses of species richness across spatial scales
Early attempts to deduce the importance of dispersal limitation were based on
simple correlations between local and regional species numbers for a given habi-
tat type (e.g. Ricklefs 1987, Cornell 1993, Pärtel et al. 1996, Zobel 2001). The
critical issue in these studies was whether (1) local species richness ‘saturates’ at
some level independent of the total size of the pool of regionally available species,
or (2) local species richness continues to increase as the size of the regional
species pool increases. In the first case species richness is considered to be con-
trolled by local interactions, while in the second case local species richness is
mainly controlled by regional processes (Cornell 1993, Huston 1999). Using a
meta-analysis Cornell & Karlson (1997) and Cornell (1999) showed that unsatu-
rated species-richness curves are the rule, thus supporting the view that dispersal
limitation is an important constraint for local species richness.
Correlations between local species richness and the size of the regional
species pool, however, cannot exclude the possibility that these relations are sim-
ply a passive result of the accumulation of local processes (Rosenzweig & Liv 1999,
Herben 2000, Lep 2001, Wilson & Anderson 2001). Moreover this approach may
suffer from the inclusion of inappropriate spatial or temporal scales with regard
to the processes of interest (Huston 1999). In several studies (e.g. in Cornell &
Karlson 1997) for example, the scale of local plots was too large in comparison
to the scale at which interspecific interactions take place (Huston 1999, Loreau
2000).
Analyses of species composition and functional traits across spatial scales
A possible way to overcome the methodological problems associated with the
comparison of the species numbers across spatial scales may be to shift the focus
from species numbers towards the composition and functional attributes of the
species concerned. In this paper we propose the usage of such an approach based
on the linkage of information available in large databases. Our premise is that dif-
ferences in the nature of the species in local and regional species pools with re-
gard to functional traits, can give important clues to the processes at work in the
assembly of communities. Dispersal limitation is expected to be affected by
processes at both the landscape level and the species level.
At the landscape level, the degree of dispersal limitation can be affected by the
composition and frequency of species in the species pool, since this determines
the availability of propagules.
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At the species level there are intrinsic differences in the ability to disperse in
space and through time, due to trade-offs between dispersal ability and other life-
history traits. Dispersal ability is hypothesised to be negatively related to adult
longevity and competitive ability (Grubb et al. 1982, Venable & Brown 1988,
Tilman 1994, Ehrlén & Van Groenendael 1998) or to the ability to establish under
harsh conditions (Grime & Jeffrey 1965, Westoby et al. 1996, Leishman 1999). In
metapopulation theory, the probability of local occurrence of species is described
as a dynamic equilibrium between colonization and local extinction (Hanski
1998, Hanski & Gaggiotti 2004). Traits affecting species’ dispersal ability and
local persistence can be expected to affect this equilibrium (Tilman 1994, Ehrlén
& Van Groenendael 1998, Eriksson 2000). The degree of dispersal limitation may
therefore be expected to differ between species.
Although the existence of interspecific differences in dispersal traits is well es-
tablished, this does not necessarily mean that these differences at the species level
affect local species composition. This is only the case if dispersal limitation is an
important process relative to other processes that determine local species compo-
sition such as resource availability and species interactions. Hubbell (2001) even
suggests that interspecific differences in traits are not important at all in deter-
mining patterns in species regional abundance (frequency). Hubbell (2001) ex-
plains abundance patterns solely based on random processes. The critical ques-
tion is thus not whether species differ in their dispersal ability, but whether these
differences translate into differences in the probability of local occurrence. In the
present paper we tested the effects of differences in frequency in the species pool
(landscape level) and differences in dispersal traits (species level) on local species
composition. In the case study we tested the following hypotheses:
Landscape level:
H0: The probability of occurrence of species in small plots is independent of the
frequency of species in the species pool
H1: The probability of occurrence of species in small plots increases with frequen-
cy in the species pool.
Species level:
H0: No differences exist between species with different functional traits in their
probability of occurrence in small plots, given their frequency in the species pool.
H1: Species with a limited ability for dispersal in space, for dispersal through time
or with a short adult longevity are underrepresented in small plots, given their
frequency in the species pool.
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Introduction of an ecoinformatics approach
Outline of the approach
In the present paper we present an approach for the quantification of the relative
importance of dispersal limitation based on a comparison of small plots with larger
regions with regard to species composition and distribution of functional traits. For
this comparison we used large databases containing spatiotemporal explicit data
on species composition in small plots (<100m2) as well as species occurrences in 1
km2 grid cells. The third component of our approach consists of a species trait
database containing information on capacity of species to disperse in space and
through time and on adult lifespan. The databases were applied within a Geo-
graphic Information System (GIS) to determine the species composition and func-
tional attributes on different spatial scales. The integration of vast ecological data-
bases on different organisational levels and across spatial scales to reveal new in-
formation can be regarded as an example of the emerging field of ‘ecoinformatics’.
The databases
VEGETATION DATABASE
Co-occurrence data were obtained from the vegetation database of the
Netherlands, which comprises over 400,000 specific descriptions of the species
composition of small plots (Hennekens & Schaminée 2001, see Box 2 in Chapter
1). It probably is the largest database of local plant species co-occurrence data
worldwide to day. The database is based on a large ‘space-time window’ (plots
having been described throughout the Netherlands over the period of 1930 to
2000) and covers a large proportion of the environmental ‘niche space’ in the
Netherlands. Plot size in this database has been scaled approximately according to
the mean size of individual plants and ranges from 4 m2 (grasslands) to 100 m2
(forests). The position of all plots is recorded within a 1 km2 grid (and often the
exact coordinates as well).
FLORISTIC DATABASES
Floristic data were obtained from the databases FLORIVON and FlorBase. For fur-
ther details see Van der Meijden et al. (2000) and Tamis & Van ‘t Zelfde (2003).
These databases contain information on species occurrences within 1 km2 grid
cells in the Netherlands in the period 1902-1949 and the period 1975-1999, with
1.7 respectively 4.3 million records. In the present paper we only used the recent
floristic data.
TRAIT DATABASE
Data on functional traits of species were extracted from the LEDA database on
life-history traits of the species of the Northwest European flora (Knevel et al.
2005, Kleyer et al. in prep.) and adapted to a binary classification (see Chapter
2). We included three groups of traits that are considered to be important for the
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spatial and temporal dynamics of species (cf. Tilman 1994, Eriksson 2000, Ehrlén
& Van Groenendael 1998, and Muller-Landau et al. 2003): (1) potential for long-
distance dispersal, (2) potential to build up a persistent soil seed bank (‘dispersal
through time’), and (3) adult persistence (see Table 6.1). These three traits are
expected to contribute to the predictability of the local occurrence of a particular
species, either by fast and frequent re-colonisation of unoccupied sites or by per-
sistence once a re-colonisation has taken place. 
For dispersal in space we consider the following dispersal vectors with a high
efficiency for long-distance dispersal: water (hydrochory), wind (anemochory), at-
tachment to the fur of large mammals (epizoochory by mammals), survival in the
digestive tract of large mammals (endozoochory by mammals) and frugivorous
birds (endozoochory by birds). In order to include as many species as possible and
to facilitate comparisons between different dispersal vectors, we aggregated the
available data into a binary classification, assigning each species to one of two
classes for each dispersal agent: ‘1’ if the species has attributes that give access to
a given vector and ‘0’ if the species has no such attributes (see Chapter 2).
Although the binary classification of the continuum is less precise for the individ-
ual case, it allows generalizations at the level of large species pools. For the classi-
fication of dispersal trough time we used the seed longevity index (after Bekker et
al. 1998, based on data derived from the LEDA database). Species were classified
as long-lived if their lifespan exceeds two years.
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Functional trait Description
GHSPNetherlands Number of occupied 1 km2 grid cells in the period 1975-1999
(log transformed)
GHSPr=3km Percentage of occupied 1 km2 grid cells within a radius of 3 km
around the focal plot
Propagule weight Propagule weight (mg; log transformed)
Dispersal potential water Potential for Long Distance Dispersal by water (0 = low, 1=high)
Dispersal potential wind Potential for Long Distance Dispersal by wind (0 = low, 1=high)
Dispersal potential fur Potential for Long Distance Dispersal by fur of mammals (0 = low,
1=high)
Dispersal potential dung Potential for Long Distance Dispersal by dung of mammals (0 = low,
1=high)
Dispersal potential birds Potential for Long Distance Dispersal by bird-droppings (0 = low,
1=high)
Seed longevity Persistence in the soil seed bank (classified with the Seed Longevity
Index ranging from 0 = low to 1=high)
Adult longevity The average length of life of an adult plant (1=annual or biennial,
2=perennial)
Table 6.1: Overview of the functional plant traits used in the case study.
The determination of species pools from the databases
In this paper we follow Eriksson (1993) and Zobel (1997) in defining the species
pool as a set of species which are potentially capable of coexisting in a certain
community. This concept thus implies that for an ecologically relevant estimation
of species pools both habitat tolerances (environmental filter) and the spatial dis-
tribution (geographical filter) of species must be known (Zobel 1997, Zobel et al.
1998). Within a GIS-environment we developed a ‘species pool tool’ that uses
both criteria to quantify the species composition of various species pools from the
total species list. A conceptual overview of our approach is given in Fig. 6.1.
ENVIRONMENTAL FILTERS
The assembly of local communities is governed by processes that act like filters to
select community members from the broader species pool (e.g. Keddy 1992, Zobel
et al. 1998, Grime 2001). Such ecological filters applied to the Total Species Pool
(TSP) results in a Habitat specific Species Pool (HSP, sensu Kelt et al. 1995, see
Fig. 6.1). HSP’s can be defined using detailed knowledge of the optimal occur-
rence and tolerances of species along the major environmental gradients (Keddy
1992, Zobel et al. 1998). Alternatively HSP’s can be defined using a hierarchical
classification of plant communities (phytosociological approach cf. Zobel et al.
1998, Dupré 2000). This approach builds on the premise that the set of species
that are present in a plot has a predictive value for the habitat suitability of that
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Figure 6.1: Conceptual model of the major constraints on the composition of the actual
species composition in small plots, which operate as environmental filters and isolation filters
on the Total Species Pool. The Geographical Species Pool can be determined at various spatial
scales (e.g. local versus regional sensu Zobel 1997). Terminology for species pools adopted
from Kelt et al. 1995, terminology of filters is adapted from Keddy (1992) and Zobel (1997),
while the nature of the environmental filters is based on Ozinga et al. (2005). 
plot for other species which are not present (cf. McCune 1994, Witte 1998, Ewald
2002). Each individual plots was assigned to one or more vegetation types (maxi-
mal three) using the software package ASSOCIA (Van Tongeren et al. 2007). The
assignment of each plot is based on the calculated maximum likelihood, using the
dissimilarity between a plot and a set of pre-classified reference plots. All species
which were observed with a frequency of more than one percent within a plant
community were assigned to the HSP of that community. For plots that were iden-
tified as transitions between two or three vegetation types we used for each
species the average for the frequency values in the vegetation types weighted by
the likelihood for the assignment to each vegetation type. The HSP can be regard-
ed as a ‘fuzzy set’ composed of species with a different degree of community
membership and most species belonging to more than one HSP. Note that HSP’s
are scale independent and constitute habitat defined subsets of the Total Species
Pool (TSP).
GEOGRAPHICAL FILTERS
Based on the spatially explicit floristic inventories of 1 km2 grid cells in the
Netherlands it is possible to quantify the species composition of a Geographically
delimited Species Pool (GSP sensu Kelt et al. 1995) at several spatial scales (Fig.
6.2). On the largest spatial scale the GSPNetherlands equals the Total Species Pool
and is defined as the total species list for the Netherlands with their frequencies
based on the floristic databases (number of occupied 1 km2 grid-cells; Van der
Meijden et al. 2000). 
At smaller spatial scales it is possible to quantify the species composition in the
surroundings of any specific locality in the Netherlands. We used the GIS package
ArcView GIS3.2 (© ESRI INC. 1992-1999) to quantify the percentage of occupied
1 km2 grid cells in circles around each selected plot at various spatial scales. This
results for each plot in a series of local and regional Geographical Species Pools
(GSP). The spatial scales can be user defined by specifying the radius around the
focal locality. 
GEOGRAPHICAL AND ECOLOGICAL FILTERS COMBINED
Since species pools make only sense for sets of species which are potentially capa-
ble of coexisting in a certain community, we filter the GSP with the species list
from the HSP. This Geographically delimited Habitat Species Pool (GHSP) is thus
the site specific and scale specific intersection of HSP and GSP (e.g. GHSPr=3km =
HSP GSPr=3km). GHSP’s are unique for each plot for each spatial scale (Fig.
6.2). Higher frequency values in the local and regional GHSP are regarded as in-
dicative for a higher probability of propagule dispersal towards the focal plot, and
hence indicate a lower degree of isolation of the focal site. The user defined scale
in the GHSP enables a flexible quantification of the composition and frequency
distribution of species across spatial scales.
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Figure 6.2: Illustration of two steps in the procedure to quantify various species pools. Panel
A: GIS-based characterisation of the abundance of species within the Geographical delimited
Habitat Species Pools by linking the species composition in individual plots to grid based in-
formation on species distributions (in this example the frequency of occurrence of species be-
longing to the Habitat Species Pool within a radius of 1km: GHSPr=1km; e.g. Caltha palustris
occurs in 6 out 9 grid cells). Panel B: The species list from the Habitat Species Pool can be
subsequently linked to information on functional traits such as traits associated to seed dis-
persal (seed photos from Cappers et al. 2006). 
Quantification of the relative importance of
dispersal: a case study in hay-meadows
Materials and methods
In order to illustrate our approach we present the results of a case study from one
plant community. We selected moist mesotrophic hay meadows belonging to the
association Ranunculo-Senecionetum aquatici (alliance Calthion palustris) as de-
scribed in Schaminée et al. (1995-1999). The ecology of this community is well
studied in the Netherlands (e.g. Everts & De Vries 1991, Bakker & Olff 1995,
Schaminée et al. 1995-1999, Grootjans et al. 1996, Pegtel et al. 1996). The com-
position of the Habitat Species Pool (HSP) for this plant community was derived
from Schaminée et al. (1995-1999), but the frequency of the constituting species
was derived from the floristic database (GHSPNetherlands = HSP   GSPNetherlands).
We used a selection of 500 plots, each with an area of 4m2 for which the posi-
tion within the 1 km2-grid is known. Each 1 km2 grid cell was represented maxi-
mal by one plot and plots are scattered throughout the Netherlands to reduce con-
founding effects of spatial autocorrelation. For each plot the actual occurrence of
all the species of the GHSPNetherlands was scored on a binary scale (present or
absent). Subsequently, we determined for each plot the GHSP within a radius of 3
km (GHSPr=3km). Although the determination of species pool effects across spa-
tial scales is possible with this GIS approach, this is beyond the illustrative scope
of the present case study. The (GHSPr=3km) is based on floristic information from
maximal 45 km2 grid cells. Plots near the Dutch border were excluded. For the de-
termination of GHSPr=3km we only used the recent floristic data. The set of plot
specific species pools can now be used to test the hypothesis that frequency in the
species pool (GHSPr=3km) is a good predictor of occurrence in the small plots.
After this, the results can also be linked to the database with functional traits
to test for additional effects of functional traits on the probability of occurrence in
the 4m2 plots. An overview of the functional traits included in the present study is
provided in Table 6.1.
STATISTICS
The relative importance of spatial isolation and various functional traits on the
probability of occurrence in small plots was quantified by means of multiple logis-
tic regression. This method is based on fewer assumptions than simple linear re-
gression (McCullagh & Nelder 1989) and is considered an effective method in de-
scribing binary ecological data (e.g. Austin et al. 1990, Trexler & Travis 1993,
Huisman et al. 1993). Although high proportions of unexplained variance are in-
herent to presence / absence data since the chance of occurrence in specific sites
translates into a binary pattern, logistic regression may still provide a powerful
tool to separate between alternative hypotheses (Austin et al. 1990, Trexler &
Travis 1993). The statistical analyses were performed using SPSS 10 (© SPSS Inc.
1989-1999).
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As individual cases we used the occurrence of a given species in a given plot (0
or 1) and associated to this record the percentage of occupied 1 km2 grid cells within
a radius of 3 km (plot and species specific). The total number of cases was 36295.
In order to test for the effects of species frequency in the local GHSP we need
a proper null model based on random dispersal. For a given habitat random dis-
persal would imply that the species were assigned to plots by a weighted lottery
(cf. Chesson & Warner 1981) in which the probability of occurrence in a plot is
determined by the frequency in the GHSPNetherlands. Therefore we used a regres-
sion model with for each species the percentage of occupied 1 km2 grid cells (log
transformed) in the Netherlands (GHSPNetherlands) as our null model, and this
variable was entered first into the regression model.
We performed the multiple logistic regression in three steps. Firstly, we tested
the effect of abundance in the GHSP for the entire Netherlands (GHSPNetherlands).
This modal was used as our null model. Secondly, we tested for the effect of spa-
tial isolation relative to the null model, and thirdly we tested for additional effects
of functional traits. In the third step the functional traits were entered to the
model by stepwise forward selection. The parameters of the model were estimat-
ed by the likelihood ratio test. This is an assessment of the improvement of the fit
between the predicted and observed values on the response variable by adding
the predictor variable. Only variables for which the likelihood ratio χ2 had a P-
value <0.05 were included in the model.
Results and discussion
Our test of the hypotheses at the landscape level is presented in Table 6.2 (null
model versus species pool effect). The results demonstrate that the frequency of
species in the Habitat Species Pool for the entire Netherlands (GHSPNetherlands)
explains a significant proportion of the variation in probability of occurrence in
small plots. This can be regarded as an effect of random sampling from the
GHSPNetherlands according to statistical rules without ecological meaning. This re-
sult is consistent with lottery theory (Chesson & Warner 1981) and with neutral
theory (Hubbell 2001), in which species are common or rare purely by chance.
The proportion of explained variance, however, is very low (Nagelkerke R2 =
0.004) indicating that this cannot be the main explanation for species occurrence
patterns, and thus that there must be other mechanisms involved in the assembly
of local communities.
The inclusion of spatial differences in the frequency within the local Habitat
Species Pool (GHSPr=3km) largely improves the performance of the model (Table
6.2; Nagelkerke R2 = 0.190). The large effect of frequency in GHSPr=3km in explain-
ing the actual occurrence in 4m2 plots is consistent with both species pool theory
(Eriksson 1993, Zobel 1997) and metapopulation theory (Hanski 1998, Hanski &
Gaggiotti 2004). High densities of propagules across the landscape increase the
probability of colonization of unoccupied patches. On the other hand can recolonisa-
tions of already occupied patches buffer sites against local extinction (Hanski 1998).
Chapter 6112
The results at the species level indicate that the probability of local occurrence,
given the frequency in the Local Habitat Species Pool (GHSPr=3km), is affected by
functional traits (Table 6.2). The additive effect of functional traits is illustrated in
Fig. 6.3 for propagule weight. Species with a high propagule weight have, given
the frequency in the Local Habitat Species Pool (GHSPr=3km), a lower probability
of occurrence in small plots. This can be explained by a trade-off between seed
mass and seed number (Jakobsson & Eriksson 2000, Moles et al. 2004). The
lower seed output of larger-seeded species means that they have a lower probabil-
ity to reach suitable sites. Furthermore the probability of local occurrence is nega-
tively correlated with the ability to disperse with water, mammals (internal) or
with birds, although the effect size for these variables was limited. The negative
correlations for these dispersal traits may be explained by changes in land use in
the Netherlands during the 20th century (Chapter 8). On the other hand, the
probability of local occurrence is increased by the ability to form a persistent soil
seed bank, by adult longevity and by the ability to disperse by wind or in the fur
of mammals. The degree of dispersal limitation, given the frequency in the GHSP,
will therefore differ between species according to their functional attributes.
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Variable Wald df Sig. Odds ratio Nagelkerke R2
Nul odel
TSP 130.789 1 <0.001 1.182 0.004
Species pool effect
GHSPr=3km 3285.395 1 <0.001 1.034 0.190
Functional traits
Propagule weight 88.492 1 <0.001 0.816 0.204
Dispersal potential water 423.169 1 <0.001 0.505 0.215
Dispersal potential birds 92.641 1 <0.001 0.205 0.219
Adult longevity 216.156 1 <0.001 1.639 0.223
Seed longevity 137.216 1 <0.001 1.799 0.227
Dispersal potential fur 87.567 1 <0.001 1.423 0.230
Dispersal potential wind 85.032 1 <0.001 1.447 0.233
Dispersal potential dung 28.308 1 <0.001 0.852 0.234
Constant 3806.911 1 <0.001 0.010
Table 6.2: Results of Multiple Logistic Regression with the probability of occurrence in 4m2
plots as dependent variable and the frequency of occurrence in the GHSP and functional
traits as independent variables. Wald statistics are a measure of the relative effect size of the
variables in the full model. Deviations of the odds ratios from 1 indicate the increase in site
occupancy with the increase of a given variable. Nagelkerke’s R2 gives the cumulative propor-
tion of explained variance after entrance of the variable.
Conclusion
Our results indicate that both species pool effects (spatial differences in the fre-
quency of species in the local Habitat Species Pool) and functional traits related
to dispersal and local persistence affect the probability of occurrence in small
plots. This provides support for the view that degree of dispersal limitation is de-
pendent on the degree of spatial isolation of the focal site relative to source popu-
lations and moreover that species inherently differ in the degree to which disper-
sal is a limiting factor for local occurrence.
These results have important implications for restoration ecology. In highly iso-
lated target areas with an impoverished local Habitat Species Pool (GHSPr=3km) it
will not be feasible to re-establish a representative subset of the total Habitat
Species Pool (GHSPNetherlands). Characteristic species that are rare in the local
GHSP or that lack certain functional traits will be underrepresented in compari-
son to historical references. This means that either the aims have to be adjusted
or alternatively that additional measures are needed, such as reintroduction of
species.
Perspectives for the ecoinformatics approach
Our results illustrate that the linkage of databases with spatially explicit data and
with functional data within a Geographical Information System can be a powerful
tool in the assessment of the relative importance of dispersal limitation. The
species pool tool outlined in this paper is however amendable in various ways. In
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Figure 6.3: Relation between probability of occurrence of a species in a small plot and the
frequency of the species in the Geographical delimited Habitat Species Pool (GHSPr=3km) for
species with propagule weight <0.3 mg and for species with propagule weight > 0.3 mg. The
lines are based on fitted aggregated data (probability of occurrence within abundance classes
with an interval of 1%).
order to robustly analyse spatial effects the tool should include advanced methods
for correction for confounding effects of spatial autocorrelation in environmental
conditions (e.g. Legendre et al. 2002). Moreover the species pool tool can be ex-
tended by inclusion of spatial explicit information on actual land-use and land-
use history. Actual land use may have a large impact on the realized dispersal of
propagules from source populations towards target sites. In some habitats past
land use may be an even more important predictor of present day species compo-
sition (e.g. Poschlod & Bonn 1998, Cousins et al. 2003, Lindborg & Eriksson
2004, Ozinga et al. unpubl. data). This is probably especially true for species with
a high adult persistence or with a persistent soil seedbank.
The extension of the ecoinformatics approach critically depends on the avail-
ability of ecological data. Since spatial data are often very noisy due to the large
role of stochastic events (e.g. Herben & Hara 2003), large phytosociological and
floristic databases are required to test hypotheses on community assembly.
Moreover the information should be compiled according to common standards
(see Mucina et al. 2001, Chytry´ 2001, Ewald 2003), and should be spatially and
temporally explicit. The phytosociological databases should be compatible with
floristic databases and trait databases with regard to database structure and tax-
onomy to enable the determination of habitat species pools at various spatial
scales. The fast increase in availability of ecological databases holds a promise for
the near future. Once these databases are sufficiently filled the ecoinformatics ap-
proach presented here may provide a useful tool for the further analyses of hy-
potheses regarding factors that influence the degree of dispersal limitation.
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How important is long-distance seed
dispersal by wind for regional survival
of plant species?
Soons, M.B. & W.A. Ozinga (2005).
Diversity and Distributions 11: 165-172.
Chapter7
Meadow Thistle (Cirsium dissectum) is an endangered species of moist, nutrient poor hay-
meadows. Although its seeds are equipped with a pappus that facilitates wind dispersal, the
vast majority of the seeds (>99%) is dispersed within a radius of 10m. For the common
Creeping Thistle (Cirsium arvense) in contrast, the falling velocity of the seeds is stronger re-
duced by the pappus and 1% of the seeds reach distances over 50m.
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Abstract
Long-distance seed dispersal is generally assumed to be important
for the regional survival of plant species. In this study we quantified
the importance of long-distance seed dispersal for regional survival
of plant species using wind dispersal as an example. We did this
using a new approach, by first relating plant species’ dispersal traits
to seed dispersal kernels and then relating the kernels to regional
survival of the species. We used a recently developed and tested
mechanistic seed dispersal model to calculate dispersal kernels from
dispersal traits. We used data on 190 plant species and calculated
their regional survival in two ways, using species distribution data
from 36,800 1 km2-grid cells and 10,754 small plots covering The
Netherlands during the largest part of the 20th century. We carried
out correlation analyses and stepwise multiple regression analyses
to quantify the importance of long-distance dispersal, expressed as
the 99-percentile dispersal distance of the dispersal kernels, relative
to the importance of median-distance dispersal and other plant
traits that are likely to contribute to the explanation of regional sur-
vival: plant longevity (annual, biennial, perennial), seed longevity
and plant nutrient requirement. Results show that long-distance dis-
persal plays a role in determining regional survival, and is more im-
portant than median-distance dispersal and plant longevity.
However, long-distance dispersal by wind explains only 1–3% of the
variation in regional survival between species and is equally impor-
tant as seed longevity and much less important than nutrient re-
quirement. In changing landscapes such as in The Netherlands,
where large-scale eutrophication and habitat destruction took place
in the 20th century, plant traits indicating ability to grow under the
changed, increasingly-nutrient-rich conditions turn out to be more
important for regional survival than the ability for seed dispersal by
wind.
Introduction
Many plant species have morphological traits to enhance dispersal of their seeds
by specific vectors. These traits are considered to be adaptations to dispersal over
specific ranges of distances and/or to specific micro-sites, which benefits species
survival through (1) escape from kin-competition, predators and pathogens and
(2) colonization of unoccupied habitat patches (Howe & Smallwood 1982;
Nathan & Muller-Landau 2000; Willson & Traveset 2000). Species with traits that
enhance long-distance seed dispersal (e.g. a pappus that enhances seed dispersal
by wind) usually disperse the majority of their seeds over - somewhat - longer dis-
tances than other species, but disperse a small number of their seeds over very
long distances (Soons et al. 2004b). The few seeds that disperse over long dis-
tances make up the rare long-distance dispersal (LDD) events that are considered
an important component of the survival strategy of such species.
Theoretical studies have demonstrated that LDD enhances species range expan-
sion and migration (e.g. Higgins et al. 1996; Higgins & Richardson 1999; Kot et al.
1996; Clark 1998). Theoretical studies also demonstrated that LDD enhances re-
gional survival of species in dynamic landscapes, especially landscapes with high
turnover of habitat patches or habitat fragmentation (e.g. Malanson & Armstrong
1996; Valverde & Silvertown 1997; Hanski 1998, 1999). The positive effect on re-
gional survival is based on the assumptions that (1) LDD increases the frequency
and speed of colonization of unoccupied habitat patches and (2) LDD increases
gene flow between occupied habitat patches so that the probability of extinction in
these patches is reduced. Geographical range studies and studies on plant migra-
tion have provided evidence that LDD occurs and enhances plant range expansion
and migration (e.g. Macdonald 1993; Pitelka et al. 1997; Cain et al. 1998; Petit et
al. 2002). Empirical studies have related basic plant traits such as seed mass to
species distributions and changes in distributions (Thompson 1994; Thompson et
al. 1999; Kahmen & Poschlod 2004; Ozinga et al. 2005). However, no empirical
studies have been able to link morphological plant traits that indicate LDD by a
specific dispersal vector to (1) actual ability for LDD and (2) regional survival of
plant species. This is partly because ecologists are only starting to establish quan-
titative relationships between plant traits and dispersal distances including LDD
(for wind dispersal most progress has been made, see Nathan et al. 2002; Soons
et al. 2004a; Nathan et al. 2005). It is also partly because the analyses needed to
test for such links require detailed data on plant traits and plant distributions of a
large number of species, which until now were not readily available.
The aim of this study is to quantify the importance of LDD for regional species
survival. We do this using a new approach: We first relate plant species’ dispersal
traits to seed dispersal kernels and then relate these kernels to regional survival of
the species. This approach could not be used before, because no tools were avail-
able to relate plant traits to realistic seed dispersal kernels including LDD. We use
a recently developed and tested mechanistic seed dispersal model (Nathan et al.
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2002; Soons et al. 2004a, 2004b) for this purpose. Also, detailed data on plant
traits and distributions of many species were until now not readily available. We
use data from large databases that are currently being made available to ecolo-
gists in digital form. This allows us to include data on many plant species and
their distributions and makes our results robust. Other advantages of our ap-
proach are: First, we can directly quantify the link between LDD and regional sur-
vival, without having to use various single estimators of ability for LDD (such as
seed terminal velocity and release height) in our analysis. Second, we can distin-
guish between the importance of rare LDD events in the tail of the dispersal ker-
nel and the importance of overall, or median, dispersal distances. To quantify the
relative importance of LDD for regional species survival we also include other
plant traits that are likely to contribute to the explanation of regional survival in
our analysis: plant longevity, seed longevity and plant nutrient requirement
(Tilman 1994; Thompson 1994; Thompson et al. 1999; Ozinga et al. 2005). 
Methods
We selected seed dispersal by wind as dispersal mechanism for our study. We
chose wind dispersal as example for other dispersal mechanisms, because quanti-
tative relationships that have been established between plant traits and dispersal
distances - including LDD – are currently more realistic for wind dispersal than for
other dispersal mechanisms (cf. Nathan et al. 2002; Soons et al. 2004a). Also,
wind dispersal is a very common dispersal mechanism, making it a general and
global example. We selected 190 wind-dispersed plant species of open to relative-
ly open vegetation types in northwest Europe (see Electronic Appendix S1 and
S2). Selection criteria were: (1) Occurrence in the selected vegetation types, (2)
presence of morphological adaptations to reduce falling velocity (pappus, balloon-
like structure or wing-like structure > 0.1 times achene length) or to eject seeds
from capsules during wind movement, and (3) data on seed terminal velocity and
release height available. We studied regional survival of these species in The
Netherlands, a suitable study area for our analysis because species distributions
have been well-documented for a long time period (almost the entire 20th century).
To quantify the importance of LDD and the other plant traits (median dispersal
distance, plant longevity, seed longevity and plant nutrient requirement) for re-
gional survival we carried out correlation analyses between the plant traits and
regional survival. To quantify the relative importance of the plant traits in explain-
ing regional survival we carried out stepwise multiple regression analyses with all
traits as independent variables and regional survival as dependent variable. We
quantified ability for LDD as the 99-percentile dispersal distance of the seed dis-
persal kernel of a species. Similarly, we quantified median dispersal distance as
the median distance of the dispersal kernel. Dispersal kernels were obtained from
simulations with a mechanistic model (see Simulation of dispersal kernels). We in-
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cluded median dispersal in our analysis to separate the importance of rare LDD
events from the importance of ‘bulk’ dispersal, which is usually over relatively
short distances. We quantified plant longevity using life history strategy cate-
gories (annual=1, biennial=2, perennial=3), seed longevity in the seed bank
(Thompson et al. 1997) using the seed longevity index of Bekker et al. (1998),
and nutrient requirement using Ellenberg indicator values for nitrogen (Ellenberg
et al. 1992). These data were derived from the LEDA database (http://www.leda-
traitbase.org). We quantified regional survival using species distribution data at
two different scales: Nation-wide 1 km2-grid data and small-scale plot data. 
1 Km2-grid data
First, we used frequencies of occurrence of species in 1 km2 grid cells covering all
terrestrial area of The Netherlands. We used frequency classes from Tamis & Van 't
Zelfde (2003) in which several forms of recording bias were eliminated. We used
frequency classes for the time periods 1902-1949 (‘previous frequency of occur-
rence’) and 1988-1999 (‘current frequency of occurrence’) and quantified species
survival as the change in frequency of occurrence between the two periods. The
frequency classes are on a 3log scale, so we transformed them back to linear scale
before subtraction and then transformed the absolute differences to 3log scale
again, afterwards adding the sign of the difference. These data give a good
overview of the survival of plant species in The Netherlands. A limitation is, how-
ever, that changes in occurrence of species may result simply from changes in the
total area of their habitat in The Netherlands, i.e. from changes in the number of
grid cells in which their habitat occurs.
Small-scale plot data
Second, we used frequencies of occurrence of species in small-scale (1–10 m2)
plots of specific habitat types in The Netherlands. For this we obtained data from
the Dutch Vegetation Database, which comprises >35,000 descriptions of species
composition in small plots (relevés) throughout the Netherlands from 1930-1999
(Hennekens & Schaminée 2001, see Box 2). For our analysis we selected 11 vege-
tation types (see Electronic Appendix S1) using the following selection criteria:
(1) Representative of (semi-)natural, open to relatively open vegetation types in
The Netherlands, (2) sufficient data available (>100 plots for both time periods),
and (3) area of plots approximately equal for both time periods. We again quanti-
fied regional survival as the change in frequency of occurrence between two time
periods: 1930–1975 (‘previous frequency of occurrence’) and 1975–1999 (‘current
frequency of occurrence’). This measure of survival is not a measure of nation-
wide survival, but of survival in a specific habitat in which changes in the occur-
rence of species caused purely by changes in the total nation-wide area of their
habitat do not play a role. Effects of the spatial pattern of their habitat and
processes such as (re-)colonization of habitat patches and gene flow between
habitat patches do however play a role in these data.
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Simulation of dispersal kernels
For the calculation of dispersal kernels we assumed that seeds of the selected
species are dispersed by wind only and that there is no secondary dispersal. We
calculated dispersal kernels from plant traits using a mechanistic seed dispersal
model: the Synthetic Turbulence Generation Markov chain model (Soons et al.
2004a). This model is a slightly modified version, adapted for wind dispersal in
relatively open ecosystems, of a model previously developed by Nathan et al.
(2002). The model simulates dispersal trajectories of individual seeds as deter-
mined by gravity, air resistance and wind flow, including wind turbulence. The
main difference between this model and other mechanistic dispersal models (e.g.
Andersen 1991, Tackenberg 2003) is its simulation of realistic wind turbulence
and hence realistic LDD (Nathan et al. 2002; Soons et al. 2004a, 2004b). The sim-
ulated wind turbulence is stochastic, so that seeds experience unique dispersal
trajectories. For each species we simulated 10,000 dispersal trajectories to create
a dispersal kernel.
The model uses two plant traits as input parameters: seed terminal velocity
and release height. We obtained species’ mean terminal velocity and mean release
height from the LEDA database (http://www.leda-traitbase.org; see also Chapter
2). A third plant trait, period of seed release, determines the model wind velocity
input. We estimated the two-month period during which each species’ seed re-
lease peaks from Bouman et al. (2000). For each two-month period of the year we
used the natural distribution of horizontal wind velocities in The Netherlands as
wind velocity input (wind velocity distributions from Wieringa & Rijkoort 1983;
averages for The Netherlands excluding the coast). The model also uses height
and Leaf Area Index (LAI) of the vegetation as input parameters. Vegetation
height is the height of the dense part of the vegetation, i.e. excluding flowering
stalks. Because all selected species occur in the same open and relatively open
vegetation types and for practical reasons, we set the vegetation height to 2/3 of
seed release height and calculated the wind flow inside and above the vegetation
using the median vegetation height (0.35 m, data from the Dutch Vegetation
Database) and a standard LAI (3.5). This assumption is realistic for the majority
of species because the vegetation types in which they occur have similar heights,
but overestimates dispersal distances for tall species that may occur in monospe-
cific tall stands (e.g. Typha). For model details and model reliability we refer to
Nathan et al. (2002) and Soons et al. (2004a, 2004b).
Statistical analyses
We carried out statistical analyses in SPSS 10 (SPSS Inc. 1989–1999). We used
Spearman’s correlation coefficient for the correlation analyses, because most data
were not normally distributed. In the stepwise multiple regression analyses we ex-
cluded species for which any independent variable was missing. Regression mod-
els were tested for normality of unstandardized residuals and if necessary the
dependent variables were transformed. To get more insight in the relationships
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between the independent variables and regional survival we also carried out cor-
relation and regression analyses for the frequencies of occurrence in both time pe-
riods. In the analyses for regional survival and current frequency of occurrence we
added previous frequency of occurrence as independent variable.
Results
Several of the independent variables in our analyses were correlated (Table 7.1).
As expected model output, simulated LDD and median-distance dispersal were al-
most fully correlated using Spearman’s correlation coefficient. Dispersal distance
was also correlated with nutrient requirement and plant longevity: The plant
species with an optimal occurrence under nutrient-rich conditions and perennial
species disperse their seeds over longer distances than the plant species with an
optimal occurrence under nutrient-poor conditions and annuals. There was how-
ever also a weaker, but significant, negative correlation between nutrient require-
ment and plant longevity. Seed longevity was positively correlated to nutrient re-
quirement, indicating that the species with an optimal occurrence under nutrient-
rich conditions have longer-lived seed banks. Seed longevity was negatively corre-
lated to plant longevity.
Results for the 1 km2-grid data
Results of the analyses are presented in Table 7.2. Frequency of occurrence of the
selected plant species in the period 1902–1949 was correlated to plant nutrient
requirement, but could not be explained by any of the independent variables used
in our analysis. Frequency of occurrence in the period 1988–1999 was correlated
with nutrient requirement, seed longevity, LDD and median-distance dispersal.
However, by far the highest correlation was with frequency of occurrence in the
previous time period. The regression analysis showed that previous frequency of
occurrence, nutrient requirement, seed longevity and LDD contribute to explaining
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Spearman’s rho Median Nutrient Plant Seed
dispersal requirement longevity longevity
LDD 0.995 *** 0.24 ** 0.27 *** NS
Median dispersal 0.26 ** 0.28 *** NS
Nutrient requirement –0.19 * 0.27 **
Plant longevity –0.48 ***
Table 7.1: Correlations between LDD, median distance dispersal, plant longevity, seed
longevity and nutrient requirement. For each variable N=190, except for nutrient require-
ment (N=170) and seed longevity (N=124). * p<0.05, ** p<0.01, *** p<0.001.
the variation in current frequency of occurrence. Together they explained 79% of
the variation, of which only 13% was explained by the plant traits. Regional sur-
vival was correlated to all plant traits included in the analysis. The regression
analysis showed that three independent variables contribute significantly to ex-
plaining the variation in survival: nutrient requirement, seed longevity and LDD. 
Results for the small-scale plot data
Results of the analyses for all vegetation types together are presented in Table 7.3.
Again, frequency of occurrence of the selected plant species in the first time peri-
od (1930–1975) could not be explained by any of the independent variables in
our analysis. Frequency of occurrence in the period 1975–1999 was highly corre-
lated with frequency of occurrence in the previous period and also with nutrient
requirement, LDD and median-distance dispersal. The regression analysis showed
that current frequency of occurrence is explained best by previous frequency of oc-
currence and for a small part also by nutrient requirement. Regional survival was
correlated to all independent variables except plant longevity. The regression
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Correlating variables Explaining variables in 
Spearman’s stepwise multiple regression
rho R2
Frequency in period 1 (+) Nutrient requirem. + 0.13 –
(1902-1949)
Frequency in period 2 (+) Freq. period 1 *** 0.80 (+) Freq. period 1 *** 0.66
(1988-1999) (+) Nutrient requirem. *** 0.40 (+) Nutrient requirem. *** 0.08
(+) Seed longevity + 0.15 (+) Seed longevity *** 0.04
(+) LDD + 0.14 (+) LDD * 0.01
(+) Median distance + 0.13 Total 0.79
Regional survival:  (+) Nutrient requirem. *** 0.49 (+) Nutrient requirem. *** 0.24
change in frequency (+) Seed longevity *** 0.39 (+) Seed longevity *** 0.08
from period 1 (+) LDD ** 0.23 (+) LDD * 0.03
to period 2 (+) Median distance ** 0.23 Total 0.35
(–) Plant longevity * –0.18
Table 7.2: Results of the analysis of the 1 km2-grid data. Correlation analyses show which
variables are related to frequency of occurrence and regional survival of species. Spearman’s
rho is the correlation coefficient. Stepwise multiple regression analyses show which inde-
pendent variables best explain frequency of occurrence and regional survival of species. (+)
Indicates a positive relationship, (–) a negative relationship. R2 values indicate percentage of
variation explained. R2 values are given for individual variables and full models. Dispersal
distances were log-transformed for the analysis. Frequencies of occurrence and regional sur-
vival were arctan-transformed for the regression analyses. + p<0.10, * p<0.05, ** p<0.01,
*** p<0.001.
analysis showed that survival could be explained by previous frequency of occur-
rence, nutrient requirement and LDD. However, the total explaining power of
these three variables was relatively low (15%).
Results of the analyses for the vegetation types separately are presented in
Table 7.4. Because in all vegetation types specific sets of species occur, relation-
ships of regional survival and frequency of occurrence with plant traits differed
between vegetation types. Frequency of occurrence in the first time period was
explained by nutrient requirement, LDD and seed and plant longevity. Current fre-
quency of occurrence was explained best by previous frequency of occurrence, fol-
lowed by nutrient requirement and LDD. R2 values of the full regression models
for frequency of occurrence in 1930-1975 ranged from 0.06-0.33 and were much
lower than for frequency of occurrence in 1975-1999 (0.36-0.76). Note, however,
that the models for 1975-1999 included an extra explanatory variable. Regional
survival was explained best by previous frequency of occurrence, nutrient require-
ment, seed longevity and dispersal (both LDD and median-distance dispersal).
Interestingly, the relationship with previous frequency of occurrence was always
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Correlating variables Explaining variables in 
Spearman’s stepwise multiple regression
rho R2
Frequency in period 1 (+) Seed longevity ** –0.13 –
(1902-1949) (+) Plant longevity + 0.07
Frequency in period 2 (+) Freq. period 1 *** 0.63 (+) Freq. period 1 *** 0.55
(1988-1999) (+) Nutrient requirem. *** 0.17 (+) Nutrient requirem. *** 0.03
(+) Median distance * 0.08 Total 0.58
(+) LDD * 0.07
Regional survival:  (–) Freq. period 1 *** –0.35 (–) Freq. period 1 *** 0.08
change in frequency (+) Nutrient requirem. *** 0.25 (+) Nutrient requirem. *** 0.06
from period 1 (+) LDD *** 0.12 (+) LDD * 0.01
to period 2 (+) Median distance ** 0.12 Total 0.15
(+) Seed longevity * 0.08
Table 7.3: Results of the analysis of the small-scale plot data when all vegetation types are
analysed together. Correlation analyses show which variables are related to frequency of oc-
currence and regional survival of species. Spearman’s rho is the correlation coefficient. Step-
wise multiple regression analyses show which independent variables best explain frequency
of occurrence and regional survival of species. (+) Indicates a positive relationship, (–) a
negative relationship. R2 values indicate percentage of variation explained. R2 values are
given for individual variables and full models. Dispersal distances were log-transformed for
the analysis. Frequencies of occurrence and regional survival were arctan-transformed for the
regression analyses. + p<0.10, * p<0.05, ** p<0.01, *** p<0.001.
negative, as in the analysis for all vegetation types together. This indicates that
many species that previously were common decreased in abundance, whereas a
group of species that was rare in the selected vegetation types (but not so rare
elsewhere in The Netherlands) increased in abundance. This corresponds to the
finding that previous frequency of occurrence was most often negatively related to
nutrient requirement, whereas current frequency of occurrence was always posi-
tively related to nutrient requirement. This indicates that in several vegetation
types a shift occurred from species with an optimum at nutrient-poor conditions
to species with an optimum at more nutrient-rich conditions. R2 values of the full
regression models for survival ranged from 0.15-0.89.
Discussion and conclusions
We quantified the importance of LDD for the regional survival of wind-dispersed
plant species in The Netherlands. We used a new approach, by first linking plant
traits to ability for LDD and then linking ability for LDD to regional survival. The
main advantage of this approach is that realistic, consistent, quantitative meas-
ures of species’ ability for LDD are related to their regional survival. It should be
kept in mind, however, that the quantification of LDD is based on several key as-
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Explaining variables Number of 
in multiple regression veg. types  
Frequency in period 1 (1930-1975) Nutrient requirem. * - *** 7
Seed longevity ** 2
LDD * - ** 2
Plant longevity * - ** 2
Frequency in period 2 (1975-1999) Freq. period 1 *** 10
Nutrient requirem. * - *** 5
LDD * - ** 2
Regional survival: change in Freq. period 1 ** - *** 7
frequency from period 1 to period 2 Nutrient requirem. ** - *** 4
Seed longevity * 3
Median distance * - ** 2
LDD ** 1
Table 7.4: Results of the stepwise multiple regression analyses of the small-scale plot data
when all vegetation types are analysed separately. Results show which independent variables
best explain frequency of occurrence and regional survival of species. Per independent vari-
able the number of vegetation types (out of 11) for which the variable is significant (p<0.05)
is indicated. Dispersal distances were log-transformed and frequencies of occurrence and re-
gional survival were arctan-transformed for the analyses. * p<0.05, ** p<0.01, *** p<0.001. 
sumptions (including dispersal by wind exclusively and equal vegetation height
and LAI for all vegetation types) and simulated LDD is an indication, not the
exact value, of actual LDD. We used data on 190 plant species and species distri-
bution data for >36,000 1 km2-grid cells and >10,000 small plots, spanning the
largest part of the 20th century. These large numbers, the nation-wide coverage of
our data and the good agreement between results from different analyses make
our results robust. Our results give implications for species conservation; see
Trakhtenbrot et al. (2005).
LDD of plant seeds plays a role in determining regional survival of the plant
species. LDD is more important than median-distance dispersal: The large differ-
ences in ability for LDD between species explain differences in regional survival
better than the much smaller differences in median-distance dispersal. LDD is also
more important in explaining regional survival than plant longevity. However, the
explaining power of LDD is not very great: Ability for LDD explains only ca. 1–3%
of the variation in survival. This is comparable to seed longevity, but much less
than nutrient requirement, which by far explains the variation in survival best (by
6–24%). Patterns for the explanation of current frequency of occurrence by plant
traits are similar to those for regional species survival. Current frequency of occur-
rence is, however, by far best explained by previous frequency of occurrence (by
55–66%). Previous frequency of occurrence cannot be explained by any of the
plant traits when all vegetation types are analysed together, but within vegetation
types some plant traits do explain frequency of occurrence. The vegetation-specif-
ic results are likely caused by interactions between environmental conditions and
plant traits (Ozinga et al. 2004; chapter 5).
Several explanations may contribute to our finding that LDD is of relatively lit-
tle importance for regional species survival in comparison to nutrient require-
ment. First, the positive correlation between nutrient requirement and ability for
LDD, as well as seed longevity, may have obscured the relationships between sur-
vival and LDD and seed longevity in the stepwise multiple regression analyses.
However, in the correlation analyses the relationship between survival and nutri-
ent requirement was also much stronger than the relationships between survival
and LDD and seed longevity. Second, the assumption that LDD enhances regional
survival by increasing the frequency and speed of colonization of unoccupied
habitat patches may be wrong. Not necessarily because dispersal distances are too
low (in some species 99-percentile dispersal distances were very long; see
Electronic Appendix S2), but because during the 20th century many (semi-)natu-
ral vegetation types in The Netherlands were destroyed or severely fragmented
(Vos & Zonneveld 1993; Soons 2003) and only very few new, suitable but unoccu-
pied habitat patches came into existence. Lack of unoccupied habitat patches re-
duces the positive effect of LDD on regional survival through increased coloniza-
tion. Third, the assumption that LDD enhances regional survival by increasing
gene flow between occupied habitat patches, so that the probability of extinction
in these patches decreases, may be wrong. If habitat destruction and fragmenta-
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tion resulted in isolation of all remaining populations (e.g. Soons 2003), LDD
does not reduce patch extinction because it does not increase gene flow anymore.
This is not very likely though, because several of the selected vegetation types are
still relatively common and some species have very long dispersal distances (see
Electronic Appendix S2). It is more likely that isolated populations have not suf-
fered from lack of gene flow and a positive effect of gene flow on regional sur-
vival is not (yet) discernible. Fourth, the assumption that the selected plant
species achieve LDD primarily through primary wind dispersal may have been
wrong. Seeds of many plant species have adaptations for dispersal by more than
one potential LDD vector (Ozinga et al. 2004, see Chapter 2) or may be dispersed
over long distances by nonstandard processes, including secondary dispersal
(Higgins et al. 2003). If the selected plant species achieve LDD through a range of
different mechanisms, the importance of LDD by wind may be obscured, even
though it may be important for regional survival (cf. Hodkinson & Thompson
1997). Fifth, and most likely, is the explanation that habitat requirements are sim-
ply much more important for regional survival in The Netherlands than dispersal
ability. During the 20th century all vegetation types in The Netherlands experi-
enced changes in abiotic conditions, most notably nitrogen enrichment due to in-
tensification of agriculture (Bobbink et al. 1998; Vos & Zonneveld 1993; Aerts &
Bobbink 1999). In many vegetation types this resulted in shifts from species with
an optimum at nutrient-poor conditions to species with an optimum at more nu-
trient-rich conditions (Bobbink 1991; Bobbink et al. 1998; Aerts & Bobbink
1999), as we also found. Results indicating that species with high competitive
ability under nutrient–rich conditions are currently increasing most in The
Netherlands and other countries with high nutrient emissions have also been
found by Thompson (1994), Schaminée et al. (2002) and Tamis et al. (2004).
Finally, the relatively low total amount of variation in regional survival that is
explained (15–35%, up to 89% for the vegetation types separately) indicates that
other plant traits and/or random processes are also very important. Pollen disper-
sal distance, success of self-fertilisation and ability to grow under increasingly
common environmental conditions other than high nitrogen availability (e.g. tol-
erance to low groundwater levels) may contribute to the explanation of survival.
Detailed quantitative data on these plant traits were not available for our analy-
sis, but are being collected and will be available for future analyses which may
find a higher amount of variation in survival explained by plant traits. Alter-
natively, such future analyses may find that random processes (cf. Hubbell 2001)
have a relatively great importance for regional species survival.
We conclude that plant species’ ability for LDD by wind is important for their
survival in The Netherlands. Ability for LDD by wind is approximately of the same
importance as seed longevity in the seed bank. However, under the increasingly
nutrient-rich environmental conditions in The Netherlands the ability of species to
grow and survive under nutrient-rich conditions is far more important for their re-
gional survival than their ability for LDD.
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At the landscape level, the vectors that transport seeds between sides act like a complex ‘dis-
persal infrastructure’. During the 19th and 20th century this dispersal infrastructure was
strongly impoverished in most parts of Northwest Europe. The exchange of large mammals
between sites by free-ranging or herded livestock grazing, for example, has become rare.
Among the Northwest European mammals, sheep have the highest capacity for the long-dis-
tance transport of seeds by their fur.
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Abstract
The ongoing decline of many plant species in Northwest Europe indi-
cates that traditional conservation measures, although useful, are
not enough to halt diversity losses. Using recent databases, we
show for the first time that differences between species in adapta-
tions to various dispersal vectors, in combination with changes in
the availability of these vectors, contribute significantly to explaining
losses in plant diversity in Northwest Europe in the 20th century.
Species with water- or fur-assisted dispersal are over-represented
among declining species, while others (wind- or bird-assisted dis-
persal) are under-represented. Our analysis indicates that the ‘colo-
nization deficit’ due to a degraded dispersal infrastructure is no less
important in explaining plant diversity losses than that due to eu-
trophication and associated niche-based processes. Present-day
species losses are thus the legacy of changes in the dispersal infra-
structure. Our findings call for measures that aim to restore the dis-
persal infrastructure across entire regions and which go beyond cur-
rent conservation practices.
Introduction
Understanding the mechanisms behind observed losses of biological diversity is a
major scientific challenge for the 21st century  (Baillie et al. 2004, Balmford et al.
2005, Millennium Ecosystem Assessment 2005). Changes in plant species compo-
sition of vegetations in man-made landscapes are often explained in terms of
habitat degradation, especially by eutrophication (Vitousek et al. 1997; Bobbink
et al. 1998; Grime 2001; Tilman et al. 2002; Stevens et al. 2004; Suding et al.
2005). Restoration of habitat quality, however, often fails to deliver the expected
plant diversity (Dobson et al. 1997; Bakker & Berendse 1999). It has therefore
been questioned during the past decade to what extent community composition
indeed is constrained by local habitat quality or whether regional processes such
as limited rates of seed dispersal are crucial (Hodgson & Grime 1990; Tilman
1997; Poschlod & Bonn 1998; Turnbull et al. 2000; Foster et al. 2004; Ozinga et
al. 2005; Mouquet et al. 2004). 
Metapopulation theory asserts that regional survival of species requires that
local populations are connected by sufficient rates of dispersal (Hanski 1998).
The newly emerging concept of ‘metacommunities’ extends metapopulation theo-
ry towards the community level and analyses the role of species specific traits that
are important for local and regional processes (Leibold et al. 2004). 
In contrast to mobile animal species, plants depend for the transport of their
seeds on external vectors, including water, wind, birds and large mammals, each
with their own characteristics. At the landscape level, these dispersal vectors act
like a complex ‘dispersal infrastructure’ (cf. Poschlod & Bonn 1998). Although
changes in the relative availability of dispersal vectors during the 20th century
have been documented in many parts of the industrialized world (Ridley 1930;
Beaufoy et al. 1994; Dynesius & Nilsson 1994; Bignal & McCracken 1996; Euro-
pean Environment Agency 2003; see Poschlod & Bonn 1998 for a review), their
impact on plant diversity has never been examined in large-scale studies.
Dispersal by water has been restricted by the regulation of the natural flood
regimes of rivers and brooks for the purpose of flood control, while dispersal by
large mammals has declined due to the change from livestock grazing on common
grounds to grazing in fenced fields or livestock housing. In Northwest Europe,
these changes in dispersal infrastructure mostly took place some 50 to 150 years
ago (Ridley 1930; Beaufoy et al. 1994; Dynesius & Nilsson 1994; Bignal &
McCracken 1996; Poschlod & Bonn 1998; European Environment Agency 2003;
see Box 3).
The potential effect of changes in the availability of dispersal vectors on
species losses is founded upon two premises. Firstly, vascular plant species have
different specializations in terms of the kind of dispersal vectors which can effec-
tively transport their seeds (known as ‘dispersal syndromes’ (Ridley 1930;
Poschlod & Bonn 1998; Ozinga et al. 2004). Secondly, in any terrestrial habitat, a
variety of dispersal vectors may be available, so plants with different dispersal
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syndromes may find their requirements satisfied (Ozinga et al. 2004). A decline in
the availability of specific dispersal vectors is then expected to result in a decline
of those species that, given their traits, depend on these vectors. The effect of lim-
ited availability of dispersal vectors on plant diversity has never been tested on
large spatial and temporal scales, due to a lack of suitable data. 
Methods
Approach
We combined two types of large databases. The first contains information on
long-term changes in the frequency of occurrence of flowering plant species
(Angiospermophyta), and is based on repeated floristic inventories of over
200,000 grid cells in three countries (the Netherlands, Great Britain, and
Germany) recorded over the 20th century. The second is a recently completed
database containing quantitative information for more than 20 key plant charac-
teristics for over 3000 vascular plant species in NW Europe. This combination al-
lowed us to compare characteristics of declining and non-declining species. We se-
lected the plant characteristics best able to discriminate between two competing
explanations for plant diversity losses (see Table 8.1):
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Plant characteristic Classification
Frequency in historical Number of occupied grid cells in the first recording period (log-3
species pool transformed for the Netherlands, log-2 transformed for Great 
Britain: 1 (very rare) - 9 (very common)
Dispersal potential water Potential for Long Distance Dispersal by water (0 = low, 1=high)
Dispersal potential wind Potential for Long Distance Dispersal by wind (0 = low, 1=high)
Dispersal potential fur Potential for Long Distance Dispersal by fur of mammals (0 = low,
1=high)
Dispersal potential dung Potential for Long Distance Dispersal by dung of mammals (0 = low,
1=high)
Dispersal potential birds Potential for Long Distance Dispersal by bird-droppings (0 = low,
1=high)
No LDD Species with no attributes for Long Distance Dispersal by any of the
5 vectors considered (0 = no, 1 = yes)
Seed longevity Persistence in the soil seed bank (0 = seeds persist in the soil
< 1 year, 1 = seeds persist in the soil ≥ 1 year)
Nitrogen requirements Ellenberg indicator value for nitrogen requirements (1 = low,
9 = high)
Table 8.1: Variables used in the multiple logistic regressions.
For further details on the classification of dispersal traits see Table 8.2.
1) Nitrogen requirement. Loss of low-productivity habitats and eutrophication of
remaining habitat patches (with associated niche-based processes) are currently
regarded as one of the major drivers of species losses in large parts of the world
(Vitousek et al. 1997; Bobbink et al. 1998; Grime 2001; Tilman et al. 2002;
Stevens et al. 2004). 
2) Dispersal capacity. The ability to track the changes in habitat configuration,
through seed dispersal in space (long-distance dispersal) and / or time (formation
of a persistent soil seed bank) can be a major determinant of regional species dy-
namics (Tilman 1997; Turnbull et al. 2000; Leibold et al. 2004; Ozinga et al.
2005; Nathan 2006). The characteristics considered were seed bank longevity and
the capacity for dispersal by the following vectors, all capable of providing effec-
tive long-distance dispersal (>100 meters): water, wind, large mammals (both
externally through attachment to fur and internally through survival in the diges-
tive tract) and birds (internally).
The relative importance of the two alternative explanations was quantified by
means of multiple logistic regression, with decline during the 20th century as the
dependent variable and frequency in the historical species pool, nitrogen require-
ments and dispersal traits of species as independent variables.
Trends in frequency of occurrence during the 20th century
Trends in frequency of occurrence were assessed using published national surveys
of the occurrence of vascular plant species in grid cells (quadrats). Since trend
data are sensitive to various sources of bias and to differences in spatial and tem-
poral scale (Telfer et al. 2002; Hartley & Kunin 2003; Cheffings et al. 2005; Tamis
2005), we used a binary classification for species trend: declining versus not de-
clining. Stochastic effects of rarity were included in the analysis by assigning to
each species a rarity index related to its frequency of occurrence at the beginning
of the period over which the trend analysis was performed. Rarity in itself may in-
crease the risk of local extinction due to random processes such as demographic
and environmental stochasticity or genetic drift (Gilpin & Soulé 1986; Nee & May
1997; Hubbell 2001; Tilman 2004). The species lists from various data sources
were aggregated into one species list using the SynBioSys species checklist
(Schaminée et al. 2007; http://www.synbiosys.alterra.nl/eu/). Technical details
of the survey methods of national lists of declining species differ between coun-
tries and therefore the three countries were analyzed separately.
THE NETHERLANDS
Trends during the 20th century were based on the occurrences of plant species in
the Netherlands in 1 km2 grid cells during two periods: 1902–1949 and 1975–
1998 (over 7 million records; Van der Meijden et al. 2000). The analysis was
based on a selection of 7,374 grid cells with multiple observations within the grid
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cell across both periods (nearly 25% of the land surface of the Netherlands) and
corrected for temporal differences in sampling intensity (Van der Meijden et al.
2000; Tamis & Van ‘t Zelfde 2003; Tamis 2005). Species were labeled as declining
if the number of grid cell occurrences had declined by at least 25% over the 20th
century, representing local extinction at the 1 km2 scale. The historical frequency
of occurrence was defined as the log-3 transformed number of grid cells occupied
in the 1902–1949 period, ranging from 1 (very rare) to 9 (very common) (Tamis
& Van ‘t Zelfde 2003).
GREAT BRITAIN
The list of declining species for Great Britain was based on the change index pub-
lished in New Atlas of the British and Irish flora (Preston et al. 2002). The change
index is based on the comparison of the results of two nationwide surveys of
British plant distribution at a 10 x 10 km scale (1930–1969 and 1987–1999) and
takes into account differences in recording intensity (Telfer et al. 2002). In con-
trast to the change index for Netherlands, this index cannot be interpreted as a
percentage of change in the number of occupied grid cells, but refers to the
change in the frequency of occurrence compared to that of an ‘average species’.
The change indices of all species sum to zero. In the present study, species were
regarded as declining if they had a change index of -0.30 or less. The historical
frequency in the species pool was derived from the log-2 transformed number of
10 x 10 km quadrats for the 1930–1969 period, ranging from 1 (very rare) to 9
(very common).
GERMANY
The list of declining species for Germany is based on the trend index (tendency to
decline or increase) given by Ellenberg (2001), ranging from 1 (almost disap-
peared) to 9 (strongly expanding). This trend index is based on a combination of
floristic data over the 20th century and expert judgments by several experienced
botanists, and refers to changes in species frequency in 110 km2 quadrats and
their dominance within these quadrats. The list of declining species includes
species that had a trend index ≤ 3. As floristic inventories in the first half of the
20th century in Germany focused on rare species only, it was not possible to find
reliable information on species frequency in the historical species pool for all
species. Therefore we have analysed the German data without this variable (un-
like the two other datasets). 
Classification of nitrogen requirement
To compare the effects of changes in the frequency of occurrence due to dispersal
limitation with those due to habitat change (e.g. eutrophication), we used Ellen-
berg indicator values for nitrogen requirement (Ellenberg et al. 2001). These indi-
cator values are species-specific scores, ranging from 1–9, for the optimal occur-
rence of species along environmental gradients. For Great Britain, we used adjusted
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indicator values (Hill et al. 1999). Evidence for the accuracy of Ellenberg indicator
values has been provided by several studies reporting a close correlation between
average indicator values and corresponding measurements of environmental vari-
ables (see Diekmann 2003 for a review). For other habitat factors see Appendix.
Classification of dispersal traits
Data on dispersal ability by various vectors were extracted from the LEDA data-
base (life-history traits of the Northwest European flora; Knevel et al. 2003;
2005) and adapted to a binary classification (see Table 8.2 and Chapter 2). We
considered the following dispersal vectors, all capable of providing highly effec-
tive long-distance dispersal: water, wind, the fur of large mammals, the digestive
tract of large mammals and the digestive tract of frugivorous birds. Humans as
complex dispersal vector were not taken into account, as this would involve vari-
ous trait syndromes, and comparative data for large sets of species are lacking. We
aggregated the available data into a binary classification, assigning each species
to one of two classes for each dispersal vector: ‘1’ if the species has attributes for
long-distance dispersal by a given vector and ‘0’ if the species has no such attrib-
utes (see Table 8.2). Although the binary classification of the continuum is less
precise for individual species, it allows generalizations at the level of large species
pools. It is important to note that many species have a high dispersal potential
(i.e. a ‘1’ in the database) for more than one long-distance dispersal vector. As re-
gards dispersal through time, species were classified as being capable of accumu-
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Dispersal vector Criterion
Dispersal potential – water Propagules float on water surface for at least 7 days
Dispersal potential – wind Falling velocity of propagules after a phase of acceleration
(terminal velocity in m/s): < 0.5 (release height 0.2 m);
< 0.6 (release height 1 m); < 0.75 (release height 2 m)
Dispersal potential – dung High survival of seeds after passing through the digestive tract
(at least 3 germinating seeds and relative abundance in dung
higher than 5% of relative abundance in the diet) and seeds
frequently eaten
Dispersal potential – fur Propagules with awns, spiny teeth, burrs, pappus with barbs,
style with barbs, hooked hairs or excreting viscid substances
Dispersal potential – birds High survival of seeds after passing through the digestive tract
(at least 3 germinating seeds and relative abundance in dung
higher than 5% of relative abundance in the diet) and
morphological adaptations to attract birds (fleshy fruit)
Table 8.2: Classification criteria for the capacity for long-distance dispersal by individual dis-
persal vectors (see Chapter 2 for more details).
lating a persistent seed bank if their seeds can remain viable in the soil for ≥ 1
year, as indicated by a seed longevity index ≥ 0.3 (Knevel et al. 2005).
Analysis
The relative importance of nitrogen requirements and dispersal traits for the prob-
ability of a negative trend in frequency of occurrence was quantified for each
country by means of multiple logistic regression, which is considered an effective
method to analyze binary ecological data (McCullagh & Nelder 1989; Austin et al.
1990; Trexler & Travis 1993). The statistical analyses were performed using SPSS
12 (© SPSS Inc. 1989-2003). Variables were entered in the regression model by
stepwise forward selection. The parameters of the model were tested for inclusion
in the model using the likelihood ratio test, which assesses the improvement of
the fit between the predicted and observed values of the response variable caused
by adding the predictor variable. Only variables for which the likelihood ratio χ2
had a P value <0.05 were included in the model. The relative effect of individual
variables was assessed by means of Wald χ2. Wald statistics and the corresponding
probability are based on the squared ratio of the unstandardized logit coefficient
to its standard error.
Excluded from the analyses were species restricted to aquatic or alpine habi-
tats, species that are often planted (such as many trees), apomictic species and
species groups presenting taxonomic problems (see Van der Meijden et al. 2000
and Preston et al. 2002 for details for the Netherlands and Great Britain, respec-
tively). Actual species numbers are listed in Table 8.3.
Since model parameters for individual variables are expressed as differences in
logistic values, which are difficult to interpret in an ecologically meaningful way,
the effects of dispersal traits have been illustrated graphically for the Netherlands,
the country for which the most detailed information was available. 
The robustness of the results was tested for the Dutch dataset, since this data-
set has been recorded with the highest resolution and has the smallest proportion
of missing values (see Table 8.3). We checked for possible confounding effects due
to multicollinearity among variables, pseudocorrelation with other habitat factors
and phylogenetic non-independence of species as data points (see appendix).
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Netherlands Great Britain Germany
A: Total number of terrestrial, non-alpine species 1351 1583 2226
B: Subset of A with trend data 1268 (94%) 1252 (79%) 1851 (83%)
C: Subset of B with data on plant characteristics 1017 (80%) 841 (67%) 1085 (59%)
D: Subset of C labelled as declining 322 (32%) 355 (42%) 558 (51%)
Table 8.3: Number of species included in the analysis for the three countries (C, total num-
ber of species 1274), relative to the total number of terrestrial, non-alpine species (A).
Results
Overall, dispersal traits make a large and significant contribution to explaining
interspecific patterns of species losses, of the same order of magnitude as the ef-
fect of eutrophication (Table 8.4 and appendix). Interspecific differences in dis-
persal traits are thus good predictors of the extinction risk for plant species.
Despite methodolical differences the results are consistent across all three coun-
tries (Table 8.4). Moreover, the results proved to be unbiased by possible con-
founding effects such as multicollinearity among variables, pseudocorrelation
with other habitat factors and phylogenetic non-independence of species as data
points (see appendix). 
The direction of the relationship between dispersal traits and extinction risk
differs between dispersal vectors. For each dispersal vector, figure 8.1 shows the
percentage of declining species for two subsets of species: with and without a per-
sistent seed bank. Species with a high potential for dispersal in the fur of large
mammals or by running water are significantly more likely to decline than those
using other dispersal vectors (Figure 8.1). On the other hand, species with a high
potential for dispersal by wind or birds are less likely to decline. This is what we
had expected, since free roaming furred mammals and freely running water almost
disappeared from the Northwest European landscape (see Box 3 for an historical
overview). The results also demonstrate that species with the ability to accumulate
a persistent soil seed bank (‘dispersal through time’) perform relatively well.
Independent from the effect of dispersal vectors is the effect of eutrophication.
Species that are adapted to nutrient-poor conditions are over-represented among
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Figure 8.1: Percentage of plant species declining by more than 25% over the 20th century,
for five long-distance dispersal (LDD) vectors. Species are divided into two groups for each
dispersal vector, according to their ability to accumulate a persistent soil seed bank.
Horizontal lines indicate the average percentages (geometric means) for species with a per-
sistent soil seed bank (black) and those with a transient soil seed bank (grey) (data from the
Netherlands, the country with the most detailed information on species decline). 
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the declining species. Interspecific differences in the risk of a negative population
trend can thus be predicted from the interplay of nitrogen requirements (indicat-
ing risks on local extinction due to eutrophication) and adaptations to various dis-
persal vectors. On the other hand, there is no consistent effect of historical abun-
dance. We expected rare species to be more likely to decline (cf. Pimm et al. 1988,
Hubbell 2001). This is true for the Netherlands, but the opposite is true in the UK. 
Discussion
Our results imply that differences between species in adaptations to various dis-
persal vectors are an important but largely overlooked factor in explaining losses
in plant diversity in Northwest Europe in the 20th century, with water- or fur-as-
sisted dispersal being over-represented among declining species. Our analysis in-
dicates that dispersal limitation due to a degraded dispersal infrastructure is no
less important in explaining declines in regional plant diversity than the effects of
eutrophication and associated niche-based processes.
Several authors have suggested that many species show a delayed response to
habitat fragmentation and degradation due to time lags in local extinction (the so
called ‘extinction debt’, Tilman et al. 1994; Eriksson  1996; Stöcklin & Fischer
1999). There may be also a delay, following degradation of the services provided
by dispersal vectors, before species reach a new equilibrium corresponding to the
dispersal services currently provided by the landscape. Present-day distribution
patterns of many species that are highly dependent on dispersal by water or the
fur of large mammals may therefore reflect vanished landscape configurations
with a more diverse dispersal infrastructure. These spatial distribution patterns
may be regarded as reflecting the ‘ghost of land-use past’ (cf. Harding et al. 1998).
This ‘ghost’ thus represents present-day ecological effects of past changes in the
dispersal infrastructure, and may also be important in predicting the degree to
which plant species can track changes in the landscape e.g. due to ecological
restoration or climate changes (cf. Thomas et al. 2004).
Traditional habitat restoration measures that are directed at improving local
habitat quality, although very useful, may therefore be not sufficient to halt losses
in plant diversity. Our findings clearly show that survival of sessile plant species in
fragmented landscapes requires ‘moving corridors’ such as free flowing waters,
dispersing birds and free ranging or herded large mammals. Hence, the effects on
the regional persistence of endangered vascular plant species provided by ecologi-
cal networks such as the EU’s prestigious and costly ‘Nature 2000’ framework will
depend critically on the parallel conservation or restoration of an appropriate in-
frastructure of dispersal vectors. Otherwise conscientious but deliberate re-intro-
duction schemes need to be discussed.
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Appendix – Check for possible confounding effects
The robustness of the results was tested for the Dutch dataset, since this dataset
has been recorded with the highest resolution and has the smallest proportion of
missing values (see Table 8.3) and changes in frequency of occurrence are more
marked at more detailed spatial scales (Thomas & Abery 1995, Kunin 1998, Witte
& Torfs 2003, Tamis 2005). 
Correlations between variables
A potential problem in evaluating the importance of individual variables is that
they might be interrelated (multicollinearity). We checked for this potential con-
founding effect in two ways.
Firstly, we calculated Pearson correlations between the explanatory variables.
Plant characteristics were only weakly correlated between species (r <0.25 for all
combinations, with the highest correlations between ‘Dispersal potential – dung’ *
‘Seed longevity’: r = 0.23 and ‘Nitrogen requirements’ * ‘Seed longevity’: r =
0.22.
Secondly, we used a combination of conditional and marginal tests (e.g.
McCullagh & Nelder 1989). In conditional testing, the variable is added to the
simplest regression model (only including the constant) whereas in marginal test-
ing, the variable is entered in the full model (the constant and all other significant
variables except the variable of interest). If the contributions of the variables of
interest are similar in both tests, this implies a reliable estimate of the relative im-
portance of the given variable. Table A8.1 indicates that multicollinearity was not
a problem. Interaction effects were tested but these did not change the effect of
the dispersal vectors on the risk of species decline.
The difference in response between species with a high capacity for dispersal
by the dung of large mammals and those dispersed by their fur seems surprising
at first glance. This finding can be understood from the fact that species dispersed
in dung are generally less specialized in terms of dispersal attributes than those
with specialised attributes for dispersal in fur (Janzen 1984, Pakeman et al. 2002,
Couvreur et al. 2005), and are thus less dependent on the availability of large her-
bivores than species with fur-assisted seed dispersal.
Pseudocorrelation with other environmental factors
Dispersal services for propagules may be correlated with living conditions for
established plants in their environment. In particular, dispersal services by water
may correlate with the moisture environment of the established plants, while
dispersal services by large mammals may correlate with the light conditions in
open, grazer-dominated vegetation (Ozinga et al. 2004). To evaluate the role of
the environment of the established plants (in terms of moisture, light and nitro-
gen), as compared to that of the dispersal services, we calculated two models: an
‘environmental model’ (excluding dispersal characteristics), and a ‘dispersal
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model’ (excluding the environmental variables; see Table A8.1). Moisture and
light requirements of plant species were obtained from the corresponding
Ellenberg indicator values, as explained in the main document for nitrogen
(Ellenberg et al. 2001, see review by Diekmann 2003 on the accuracy of these in-
dicator values). We found that the dispersal model performed better than the en-
vironmental model (Nagelkerke’s R2 = 0.32 and 0.23, respectively; Table A8.1).
This means that relationships between species trends and dispersal services can-
not be explained as pseudocorrelations driven by an underlying correlation be-
tween trends and the environment of the established plants.
Phylogenetic non-independence
The observed patterns might be partly phylogenetically induced if related species
have similar characteristics and extinction risks due to their common ancestry
(phylogenetic conservatism, e.g. Harvey & Pagel 1991). In order to check for pos-
sible confounding effects of such phylogenetic non-independence, we performed
a post-hoc test of bivariate relationships between each of the independent vari-
ables and the species trend, using phylogenetically independent contrasts (Harvey
& Pagel 1991). Phylogenetically independent contrasts are comparisons between
sister taxa, each comparison describing the outcome of a separate, i.e. independ-
ent, evolutionary divergence of lineages. The contrasts were calculated exclusively
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Plant characteristic Marginal Conditional Environmental Dispersal
testing testing model model
Wald χ2 Sign. R2 Wald χ2 Sign. Wald χ2 Sign. Wald χ2 Sign.
Frequency in historical 67.4 <0.001 0.095 56.2 <0.001 60.6 <0.001 70.9 <0.001
species pool
Nitrogen requirement 100.7 <0.001 0.150 68.6 <0.001 95.1 <0.001
Moisture n.s. 6.4 0.011 16.1 <0.001
Light requirements 12.4 <0.001 0.018 n.s. n.s.
Dispersal potential
–water – 39.5 <0.001 0.053 30.1 <0.001 42.1 <0.001
–wind 11.1 0.001 0.018 7.5 0.006 6.5 0.011
–fur 67.0 <0.001 0.090 47.8 <0.001 40.7 <0.001
–dung 21.8 0.006 0.031 n.s. n.s. <0.001
–birds 7.6 <0.001 0.013 6.9 0.009 9.6 0.002
No LDD n.s. n.s. n.s.
Seed longevity 64.1 <0.001 0.089 27.7 <0.001 55.1 <0.001
Table A8.1: Results of marginal and conditional testing of individual variables and perform-
ance of variables in the ‘environmental model’ and the ‘dispersal model’.
between extant species, using the ‘Brunch’ routine of the CAIC computer program
(Purvis & Rambaut 1995; following Burt 1989). This method does not make any
assumptions about the mode of trait evolution and does not try to reconstruct an-
cestral states, making it suitable for dichotomous variables and permitting analy-
sis by sign tests (Purvis & Rambaut 1995, Prinzing et al. 2002). The results (Table
A8.2) largely confirmed our above analysis across species as independent data
points. For all variables except dispersal capacity by birds, the relationship with
the risk of decline was significant and in the same direction as in the across-
species analysis. 
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N contrasts Percentage Z-value Sign.
Frequency in historical species pool 200 27.5 6.29 <0.0001
Nitrogen requirements 195 28.7 5.87 <0.0001
Dispersal potential – fur 65 78.5 4.47 <0.0001
Dispersal potential – water 89 73.0 4.24 <0.0001
Seed longevity 121 24.8 5.50 <0.0001
Dispersal potential – birds 11 36.4 0.60 0.5565
Dispersal potential – wind 33 9.1 4.53 <0.0001
Dispersal potential – dung 65 32.3 2.73 0.0064
No LDD 68 32.4 2.79 0.0053
Table A8.2: Test results for bivariate comparisons across phylogenetically independent con-
trasts. The numbers of contrasts with non-zero differences between the species were com-
pared. The table shows the percentage of cases in which these differences were positive (i.e.
where the declining species had a higher value than the non-declining species), and the cor-
responding Z and P values (two-tailed). Note that only dispersal potential for fur and disper-
sal potential for water were overrepresented among declining species.
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Box 3: Overview of changes in dispersal infrastructure
in the Netherlands
Several vectors have a high potential for the transport of seeds between sites,
including water, wind, birds and large mammals, each with their own charac-
teristics (Fischer et al. 1996, Poschlod & Bonn 1998, Boedeltje et al. 2003,
Manzano & Malo 2006, Nathan 2006). At the landscape level, these dispersal
vectors act like a complex ‘dispersal infrastructure’. In Northwest Europe,
wind patterns and bird migrations remained almost unchanged throughout
the 19th and 20th centuries (KNMI 2005 respectively LWVT / SOVON 2002),
while the exchange of large mammals and water between sites has greatly
decreased. These changes mostly took place some 50 to 150 years ago
(Ridley 1930, Beaufoy et al. 1994, Dynesius & Nilsson 1994, Poschlod &
Bonn 1998, European Environment Agency 2003, Poschlod et al. 2005). This
section presents an overview of the major changes in dispersal infrastructure
in the Netherlands. 
Free-ranging or herded large mammals
During the end of the Pleistocene and the beginning of the Holocene, most
large mammalian species and all ‘megaherbivores’ became extinct in the
Netherlands as well as in other parts of Northwest Europe (Anderson 1984,
Stuart 1991, 2005). Since there is a positive log-linear relation between body
weight and dispersal distances (as regards both median and maximum dis-
persal distances, Sutherland et al. 2000), the most effective long-distance
dispersal vectors among the mammals have thereby probably disappeared.
Only four widely distributed ungulate species have remained in the
Netherlands (in order of increasing median dispersal distances): Roe deer
(Capreolus capreolus), Fallow deer (Dama dama), Wild boar (Sus scrofa) and
Red deer (Cervus elaphus). The natural migration of these remaining wild
mammalian species is currently severely hampered in most European land-
scapes (Wallis de Vries 1995, Groot Bruinderink et al. 2003).
Grazing by livestock, i.e. horses, cattle, sheep, goats and pigs, can be re-
garded as a modern analogy of seed dispersal by the original fauna (Janzen
& Martin 1982). Until the beginning of the 20th century, it was common for
farmers to herd their livestock on a daily basis on the unfenced pastures, cov-
ering distances of approximately 0.5 to 10 km (see Figure Box 3.2). The high-
ly branched networks of drift-roads for livestock around the villages re-
mained in use for many centuries (Edelman 1934, Slichter Van Bath 1980,
Jager 1985, Bielemans 1987, Hillegers 1993, Renes 1997, Elerie 1998, Spek
2004). 
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Figure Box 3.1: Example of inter-regional dispersal infrastructure: Inter-regional ox
route between stalls in the north of Jutland (Denmark) to meadows in the province of
Holland as described in two documents from 1731 (based on Gijsbers 2002 with some
modifications). This route was used on a yearly basis from the 15th century until the
18th century and the transport took about six weeks.
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Figure Box 3.2: Example of local dispersal infrastructure in the Northern part of the
Netherlands as deduced from an old military map of Hottinger (1792-1794). The map
shows in the middle part a dry sandy ridge with the main regional livestock drift route
between Groningen and Coevorden (1). Archeological evidence revealed that this route
was used for more than thousand years. The lower and upper part of the map show the
river valley of the Drentsche Aa (2: main course) and the Hunze (3). Both river valleys
were to a large extent used as ‘common grounds’ (owned by the community) for the
grazing of cattle and the areas were interconnected by a fine-meshed network of local
livestock drift roads. This network of drifts was used for many centuries, e.g. in the
south-western part the road from the Wolddeelen towards ‘t Hemmerik (4) and in the
north-eastern part the road bordering De Koelanden (5). Along the livestock drifts
species-rich fringe communities occurred and some small remnants persisted into pres-
ent time with relic populations of plant species from ancient landscapes like Gagea
lutea, Leonurus cardiaca, Marrubium vulgare and Viola riviniana. The lower parts near
the river were almost yearly inundated, including artificial winter-inundations till 1913.
The grasslands in these areas were used as hay-meadows (e.g. Glimmer hooyland), and
in drier years for grazing at the end of the season. Thanks to several old vegetation de-
scriptions (e.g. by De Leeuw, Vlieger & Westhoff in 1937 in ’t Hemmerik) an impression
can be gained of the species rich grassland communities with Calamagrostis stricta,
Carex appropinquata, C. diandra, C. hostiana, Cirsium dissectum, Dactylorhiza incarnata,
Fritillaria meleagris and Serratula tinctoria. 
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From the 15th century onwards, it became common in the Netherlands to
transport livestock between regions (over distances of 20–200 km) for trade
(Wiese 1966, Bieleman 1987, Hillegers 1993, Gijsbers 1999, 2002). These
migratory livestock systems (transhumance) existed in large parts of Europe
(Ruiz & Ruiz 1986, Whittaker 1988, Tack et al. 1993, Frizell 1996, Poschlod
& Bonn 1998, Bruun & Fritbøger 2002). Although the seasonal transhu-
mance was potentially important for the migration of plant species over very
long distances (>100 km; Fischer et al. 1996, Poschlod & Bonn 1998,
Manzano & Malo 2006), the herded livestock within regions was probably
much more important for seed dispersal in a quantitative sense. Interregional
drift of livestock was restricted to a few main drove-roads (see Figure Box 3.1
and 3.2). By contrast, the daily, local herding of livestock encompassed much
larger areas with a higher frequency (Jager 1985, Gijsbers 1999, Spek 2004;
Figure Box 3.2). 
Figure Box 3.3: Herded sheep flock in the Drentsche Aa valley near Glimmen. In the
Netherlands this traditional way of livestock transport along drift roads has nearly dis-
appeared. The photo shows a drift road that is still used on a yearly basis (see 4 in
Figure Box 3.2). Herded livestock movements provide the opportunity for directed seed
dispersal.
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Nowadays, free-ranging or herded livestock grazing has become rare in
Northwest-Europe (Figure Box 3.3. Its spatial coverage has been reduced by
more than 90% in the Netherlands (Slichter Van Bath 1980, Bielemans 1987,
Spek 2004) and by 75% in many other parts of Northwest Europe (Beaufoy
et al. 1994, Bignal & McCracken 1996, Poschlod & Bonn 1998, Bruun &
Fritbøger 2002, Bunce et al. 2004). Free-ranging or herded livestock grazing
has been replaced by grazing in fenced fields or livestock housing. This in
turn has greatly reduced the potential for mammal-assisted dispersal of
plants between sites (Fischer et al. 1996, Poschlod & Bonn 1998, Manzano &
Malo 2006).
Free-running and inundating water
Palaeo-ecological evidence shows that prior to the human inference, the hy-
drology of many European lowland rivers was dynamic, with multi-braided
channels influencing large stretches of land (Brown 2002). In many flood-
plains in Northwest Europe, inundations were tolerated, and from the Late
Middle Ages onwards even stimulated due to the positive effects on grassland
productivity (Klapp 1971, Rackham 1986, Ellenberg 1988, Thissen & Meijer
1991, Pott 1995, Konold 1997, Bonn & Poschlod 1998, Elerie 1998, Burny
1999, Baaijens et al. 2001, Evard 2005). In rivers throughout Europe, howev-
er, natural flood regimes have been altered severely by large flow- and flood-
control projects implemented during the 19th and 20th century (Dynesius &
Nilsson 1994, Lytle & Poff 2004, Nilsson et al. 2005). As a result, the area af-
fected by frequent inundations has been greatly decreased over the last two
centuries, in the Netherlands (Gottschalk 1977; Kalweit 1993) as well as in
many other parts of Europe (Dynesius & Nilsson 1994, Brown 2002, Lytle &
Poff 2004, Nilsson et al. 2005). It is estimated that more than 90% of
European floodplains are now cultivated and therefore functionally ‘extinct’
(Tockner & Stanford, 2002). For example, it has been estimated that until
1860, up to 60% of the total area of the province of Overijssel was inundated
periodically with surface water or groundwater during the winter period,
while this area is now reduced to less than 1% (Corporaal et al. 2002). The
restriction of transversal and longitudinal water flows has therefore greatly
reduced the potential of seed dispersal between sites (Dynesius & Nilsson
1994, Poschlod & Bonn 1998, Jansson et al. 2000, Lytle & Poff 2004,
Boedeltje et al. 2003). 

Synthesis: The role of dispersal in the
assembly of plant communities
Wim A. Ozinga
Chapter9
Biodiversity crisis challenges the search for
assembly rules
Growing concern about the ongoing loss of biodiversity has resulted in increased
efforts throughout the world to protect endangered species and to conserve and
restore endangered ecosystems (Schemske et al. 1994, United Nations 2002,
Delbaere 2002, Balmford et al. 2005). In view of the large input of financial and
human resources into nature conservation and restoration, increasing our insights
into the mechanisms that threaten species and ecosystems is therefore one of the
great scientific challenges of the 21st century. This is of particular importance for
plant species, not only because they are the primary producers upon which a
whole suite of species higher up in the food chain depend, but also because
plants, due to their sessile nature, are particularly vulnerable to changes in their
habitat beyond the variation they are adapted to.
Nature conservation and restoration as currently practised has been criticized
by several authors for not being founded on a solid conceptual basis (Schemske
et al. 1994, Hobbs & Norton 1996, Simberloff 2004, Temperton et al. 2004,
Hodgson et al. 2005, Van Andel & Aronson 2005). More generally, the field of
ecology has been criticized for its lack of general rules (Lawton 1999). This criti-
cism should be taken seriously, since current conservation and restoration efforts
regularly fail to produce the results expected at the start of restoration projects.
When such large-scale tests of ecological paradigms fail, they represent a chal-
lenge to rethink the underlying general principles. The rules that determine the
assembly of local plant communities from the pool of regionally available species
(so-called ‘assembly rules’, Diamond 1975) can be regarded as such a general
principle. These assembly rules govern the success of efforts to conserve and re-
store plant diversity, the basic prerequisite for the conservation and restoration of
nature.
Three sets of assembly processes
There is now a wealth of theories on the processes that shape the species compo-
sition of local plant communities, theories that can be grouped into three broad
views according to the main processes involved (Chapter 1):
Niche assembly
The niche-based view of community assembly asserts that local species composi-
tion (within habitat patches) is a deterministic consequence of local interactions
between the extant species in a plant community and their environment, based on
differences between species in terms of resource usage, stress tolerance and dis-
turbance resistance, which determine these interactions (e.g. Hutchinson 1961,
Grime 1977, 2001, Tilman 1985, Ellenberg 1988, Berendse et al. 1992, Keddy
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1992, Chase & Leibold 2003, Silvertown 2004). Spatial and temporal heterogene-
ity of local environmental conditions (both abiotic and biotic) then results in
niche segregation between species and in the sorting of species along environ-
mental gradients within and across habitat patches. The limited availability of mi-
crosites with specific environmental conditions for germination and subsequent
survival has been called ‘microsite limitation’ (Eriksson & Ehrlén 1992, Zobel et
al. 2000, Munzbergova & Herben 2005).
Dispersal assembly
The dispersal-based view of community assembly focuses on larger spatial and
temporal scales and assigns a more prominent role to differences between plant
species in their ability to track regional dynamics of habitat patches through long-
distance seed dispersal and/or through dispersal in time by means of a persistent
soil seed bank. In this view, plant species regularly go locally extinct by chance,
which is compensated by new colonizations. Plant properties (traits) that affect
dispersal ability in space or time influence the rates of colonization and extinction
of habitat patches (e.g. Grime & Hillier 1992, Tilman 1997, Turnbull et al. 2000,
Foster et al. 2004, Fenner & Thompson 2005, Ozinga et al. 2005b). Local commu-
nities occupying habitat patches are then embedded in so-called ‘metacommuni-
ties’ and are connected to each other by dispersal (Mouquet & Loreau 2002,
Leibold et al. 2004).
Trait-neutral assembly
The trait-neutral view of community assembly (Hubbell 2001, Bell 2001) also as-
signs a prominent role to the availability of seeds, but in contrast to the dispersal
assembly view, the trait-neutral view suggests that plant traits are not important
in determining species abundance patterns in terms of their frequency of occur-
rence. In the trait-neutral view, community assembly can be understood solely
from species-specific differences in regional abundance, which strongly affect the
extinction and colonization probabilities. Thus, species are common or rare purely
by chance. Although this view is in strong contrast to the other two, more com-
mon views, it performs surprisingly well in describing patterns of relative abun-
dance of species within and across communities, at least in tropical forests
(Hubbell 2001, Volkov et al. 2003, 2005).
The three sets of driving processes thus correspond to different limiting fac-
tors for community assembly (see Table 9.1). The three views of community as-
sembly can be tested using a two-step procedure. The first step involves assessing
the relative importance of ‘microsite limitation’ versus ‘seed limitation’ in the as-
sembly of plant communities. If seed limitation is indeed an important factor ex-
plaining local plant biodiversity, the subsequent second step is to assess the relative
importance of trait-neutral ‘seed-source limitation’ versus trait-based ‘dispersal
limitation’.
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Reconciling microsite limitation and seed limitation
How predictable is local species composition from assembly rules?
PREDICTABILITY FROM ENVIRONMENTAL CONDITIONS
Present-day nature conservation efforts have to a large extent adopted the niche-
based view of community assembly. The basic assumption is that local species
composition is largely a deterministic consequence of local environmental condi-
tions which filter species from the available species pool according to their niche-
related traits. As a consequence, local communities are assumed to be saturated
with species, and the absence of a species in this niche-based view indicates that
environmental conditions are not suitable. Nature managers therefore focus on in-
fluencing local environmental conditions and are funded accordingly (e.g. Bal et
al. 2001, European Commission 2003). This poses the question how predictable
species composition really is from environmental conditions. 
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View of Driving process Limiting  factor
community 
assembly
Niche-based Sorting of species along Abundance of microsites with a 
view environmental gradients (within suitable environment for 
and across habitat patches) based establishment and subsequent
on differences between species in survival (microsite limitation)
exploiting these conditions
(niche-related traits)
Dispersal-based Sorting of species across habitat Degree of long- 
view patches differing in spatial and distance seed
temporal isolation based on dispersal 
differences between species in (dispersal Availability 
terms of dispersal abilities limitation) of seeds in
(dispersal traits) habitat
patches
Trait-neutral Sorting of species across habitat Abundance of (seed
view patches, based on differences nearby populations limitation)
between species in their regional that act as seed
abundance, in combination with sources (seed-
the overall rate of seed dispersal source limitation)
in the metacommunity (abundance
driven; traits do not matter).
Table 9.1: Simplified overview of driving processes and limiting factors in the three main
views of the assembly of plant communities.
Chapter 3 revealed that species do indeed show a clear sorting along environ-
mental gradients and that species composition across habitat types can be reliably
predicted from a few key environmental conditions, such as the availability of (1)
water, (2) limiting nutrients (correlated with pH), and (3) light. These environ-
mental variables can therefore be used as predictors (‘filters’) to compose a list of
species that are potentially able to coexist in small-scale habitat patches within a
given habitat type (Habitat Species Pool). Together, these environmental gradients
define a kind of multidimensional ‘environmental envelope’ or ‘habitat templet’
(cf. Southwood 1988) in which different positions feature a characteristic combi-
nation of species. These filters are particularly effective during the germination
and establishment phase (Grubb 1977, Eriksson 2002, Poorter 2007) and togeth-
er determine the degree of microsite limitation within a habitat patch. 
PREDICTABILITY FROM DISPERSAL TRAITS
Despite the clear sorting of species along environmental gradients, Chapter 3 also
revealed that at the scale of individual plots (samples from a habitat patch), many
species were lacking whose presence might be expected given the combination of
environmental conditions. In fact, the predictability of the actual occurrence of in-
dividual species in plots was low, with over 90% unexplained variation. According
to Chapters 3 and 6, this low predictive power can be explained by seed limita-
tion, which thus seriously reduces the match between species composition and
local environmental conditions. 
At the species level, the predictability of the occurrence of species from envi-
ronmental conditions was significantly and positively related to the ability for
long-distance dispersal and to adult longevity, and to a smaller extent to the ability
to accumulate a persistent soil seed bank (Chapter 3). Species with low dispersal
abilities are thus characterized by the frequent phenomenon of suitable, but unoc-
cupied habitat patches. The widespread occurrence of these so-called ‘empty habi-
tat patches’ (from the species’ perspective, cf. Hanski 1998) is in line with the re-
sults of many seed addition experiments (Hubbell et al. 1999, Turnbull et al. 2000,
Zobel et al. 2000, Foster & Tilman 2003, Xiong et al. 2003, Mouquet et al. 2004).
PREDICTABILITY FROM REGIONAL ABUNDANCE
At the landscape level, it became clear from the comparison between regional and
local species composition that the probability of local occurrence is strongly affected
by the abundance of species in the regional species pool and not merely by species-
specific niche-related or dispersal traits (Chapter 6). This implies that trait-neutral,
stochastic dispersal processes also play an important role in community assembly.
Briefly, the results indicate that the availability of seeds greatly increases the
degree to which plant species can track suitable habitat patches, and that the de-
gree of seed limitation differs for individual plant species and across landscapes.
Both are discussed in more detail in the second part of this chapter (“Two compo-
nents of seed limitation”).
Synthesis 155
Trade-offs between niche traits and dispersal traits
To reconcile the three views of community assembly it may be fruitful to search
for relationships among traits that equip species for local survival and traits that
determine their dispersal ability. If trade-offs between functional traits lead to an
equalization of variation in fitness across species (i.e. species having the same
chance to be present in the next generation) this might in fact be the ultimate rea-
son why the trait-neutral view of community assembly performs so surprisingly
well in describing patterns of relative abundance of species within and across
communities (cf. Hubbell 2005, 2006). These quasi-similar species (in terms of
their fitness) can then co-exist because the time to competitive exclusion is very
long (cf. Hubbell & Foster 1986, Hubbell 2006, Scheffer & Nes 2006, Adler et al.
2007). Trade-offs may therefore provide a clue to reconcile trait-based and trait-
neutral views of community assembly.
At regional scale, low dispersal abilities can probably be counterbalanced by a
higher local aboveground persistence, i.e. greater completive abilities or greater
stress tolerance, leading to lower rates of local aboveground extinction (Tilman
1994, Eriksson 2000, Grime 2001, García & Zamora 2003). Local aboveground
persistence and dispersal in space or through time can thus be regarded as alter-
native regeneration strategies for regional persistence. Chapter 4 indeed presents
some empirical evidence for the existence of a ‘persistence – dispersal trade-off ’
across a large set of plant species. This relationship, however, is not very strong
and probably includes more dimensions. Moreover there are several species that
‘escape’ this trade-off by combine high local persistence with high dispersal abili-
ties (see Chapter 4 for a further discussion). Even though this persistence – dis-
persal trade-off is far from perfect, if is able to equalize variation in fitness across
species to some degree, then niche-based traits and dispersal traits would be less
independent than might be expected at first glance. 
Two components of seed limitation:
seed-source limitation and dispersal limitation
The availability of seeds in a habitat patch (i.e. seed limitation) is based on two
components (cf. Clark et al. 1998, Nathan & Muller-Landau 2000; see Table 1).
Firstly, seed-source limitation depends on the probability of seeds arriving at a
site if seeds are randomly dispersed within the area being studied. This compo-
nent is thus independent of plant properties (trait-neutral, cf. Hubbell 2001) and
the probabilities are solely determined by the abundance of seed sources in a
given region.
Secondly, the degree of dispersal limitation reflects the degree to which the ac-
tual transport of available seeds is reduced (e.g. Clark et al. 1998). This reduction
in seed transport might be caused by interspecific differences in long-distance dis-
persal ability (trait-mediated) or by properties at the ecosystem or landscape level.
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Seed-source limitation: the importance of abundance-driven processes
At the landscape level, the results reported in Chapter 6 reveal that the probability
of local occurrence is strongly affected by the abundance of seed sources in the re-
gional species pool, rather than merely by species-specific niche-related or disper-
sal traits. This finding is consistent with predictions from the trait-neutral view of
community assembly (Bell 2000, Condit et al. 2000, Hubbell 2001, Tilman 2004,
Volkov et al. 2003). This can be explained by increasing rates of colonization of
unoccupied habitat patches with increasing densities of seeds across the land-
scape, leading to a shift in the dynamic balance between colonization and extinc-
tion, to the advantage of the former (Levins 1969, Dalling et al. 1998, Hanski
1998). In addition, frequent re-colonizations of microsites in already occupied
habitat patches can buffer local communities against local extinctions (the so-
called ‘rescue effect’: Brown & Kodric-Brown 1977, Hanski 1983, 1998). In effect,
recruitment thus takes the form of a lottery (cf. Chesson & Warner 1981) and the
chances in this ‘recruitment lottery’ for a given habitat patch are largely dictated
by the abundance of species in the regional species pool. 
The availability of propagules across landscapes (‘propagule pressure’) is proba-
bly also an important factor explaining the success of invasive species (Salisbury
1953, Grime 1986, Davis et al. 2005, Lockwood et al. 2005, Von Holle &
Simberloff 2005, Hooftman et al. 2006). Rapid increases in propagule pressure
may relate to species attributes such as a short time to reproduction, high propag-
ule production and small seeds (Kolar & Lodge 2001, Hamilton et al. 2005), but
also to habitat characteristics such as ruderalization, leading to increased avail-
ability of unused resources (Davis et al. 2000, 2005, Tilman 2004). Once a species
has established a high regional abundance, it can maintain itself merely by domi-
nating the seed rain. At the same time, the pre-emption of many microsites may
reduce the chances in the recruitment lottery for other species. Invasive species
therefore cause changes in species composition in metacommunities at both local
and regional scales. Novel combinations of species that have never occurred be-
fore within a given biome may eventually lead to novel ecosystems with new
properties, for which the term ‘emerging ecosystems’ has been coined (Milton
2003, Hobbs et al. 2006, Van Andel & Aronson 2006). 
Dispersal limitation: a key to understanding plant diversity losses
Although the existence of dispersal limitation is well established, the processes
that might influence the degree of dispersal limitation are poorly known.
Dispersal assembly rules appear to operate simultaneously on at least three levels
of organization (species, community and landscape).
SPECIES LEVEL: SLOW VERSUS FAST SPECIES
The importance of dispersal traits in explaining probabilities of local occurrence
seems to be overridden by that of the availability of seed sources (Chapter 6, Bell
2000, Condit et al. 2000, Hubbell 2001, Volkov et al. 2003). The importance of
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trait-neutral processes, however, does not imply that differences between plant
species in terms of dispersal ability do not matter. At the species level, the proba-
bility of local occurrence, given the frequency in the regional habitat species pool,
is clearly affected by dispersal traits (Chapters 3 and 6), the most important of
which is propagule weight. Species with a high propagule weight and low disper-
sal abilities (‘slow species’) are underrepresented in local communities and hence
leave many suitable habitat patches unoccupied.
Moreover, in many landscapes, human impacts increase the turnover rate of
habitat patches (Pickett & Thompson 1978, Dale et al. 1998, Opdam et al. 2003).
Slow plant species are apparently less able to keep up with these increased habitat
dynamics (Chapters 3 and 8, Bossuyt et al. 1999, Keymer et al. 2000, Matlack
2005, Vellend et al. 2006). As a consequence, in fragmented and dynamic land-
scapes, immobile plant species may gradually be replaced by invasive species with
a more generalist dispersal syndrome. 
COMMUNITY LEVEL: INTERACTIONS BETWEEN NICHE ASSEMBLY
AND DISPERSAL ASSEMBLY
In our study, dispersal traits showed distinct patterns along the major environ-
mental gradients (Chapter 5). These trait-environment patterns were much
stronger at the community level than at the species level, which implies a non-
random selection of species from the regional species pool in terms of their dis-
persal traits. The efficiency of dispersal thus depends on the environmental con-
text. 
Species with high dispersal abilities prevail in habitats with large-scale or high-
intensity disturbances, while adaptations for long-distance dispersal are less com-
mon in late successional stages (Chapter 5). This is empirical proof of the as-
sumption that in communities with a harsh disturbance regime, a selective advan-
tage is gained by those species that succeed in spreading high densities of propag-
ules across large parts of the landscape (Levin et al. 1984, Venable & Brown 1988,
Grime 2001). 
Moreover, in habitat types with an open vegetation structure, the occurrence
of species that are effectively transported by multiple dispersal vectors (‘poly-
chory’) appears to be the rule rather than the exception (Chapter 5). These differ-
ences between communities in the proportion of species that have the potential to
‘use’ multiple dispersal vectors probably imply that communities differ in their
sensitivity to habitat fragmentation. This is shown in Fig. 9.1, where the degree of
polychory (ability to be dispersed by multiple dispersal vectors) of species is plot-
ted against vegetation structure, represented by a gradient of light availability.
The figure distinguishes between ‘core species’, which are present in most habitat
patches, and ‘satellite species’, which are usually absent from a given habitat
patch. In communities with an open vegetation structure, core species have a
higher average colonization capacity, while at the other end of the light availabili-
ty gradient, there are no significant differences between core and satellite species.
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The absence of a detectable impact of polychory in shaded forest habitats might
be caused by the fact that other traits are more important in these habitats, or al-
ternatively that stochastic processes have a higher impact in forests. The latter op-
tion would be consistent with the trait-neutral view of community assembly
(Hubbell 2001) and with observations of colonization patterns in gaps in tropical
forests (Hubbell & Foster 1986, Hubbell et al. 1999, Brokaw & Busing 2000,
Volkov et al. 2003, 2005, Condit et al. 2006). 
LANDSCAPE LEVEL: THE DISPERSAL INFRASTRUCTURE
The most important finding of our research is the apparent impact of large spatial
and temporal scales in explaining losses of plant diversity. Differences in the rates
of decline between species do not only depend on inherent differences between
species and habitats. The results of our studies clearly demonstrate the impor-
tance of past changes in dispersal services at landscape scale for today’s biodiver-
sity crisis (Chapter 8). The crucial process of seed dispersal depends on the avail-
ability of dispersal vectors which together act like a complex ‘dispersal infrastruc-
ture’. The characteristics of the dispersal infrastructure can vary in space and
time, which may induce changes in local species composition (Chapter 8). 
Although changes in the relative availability of dispersal vectors during the
20th century have been documented in many parts of the industrialized world
(e.g. Ridley 1930, Janzen 1984, 1988, Milton et al. 1990; see review by Poschlod
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Figure 9.1: Relationship between dispersal ability and frequency of occurrence along a gradi-
ent of light availability (based on data from Chapter 5). Dispersal ability is expressed as the
mean number of dispersal vectors by which the component species may be efficiently dis-
persed over long distances. Each dot represents a community type, and the communities have
been arranged along a gradient of increasing light availability. Filled and open symbols form
paired data: filled symbols represent ‘core species’, which are usually present, while open
symbols represent ‘satellite species’, which are usually absent from a given community type.
& Bonn 1998; see Box 3), their impact on plant diversity has never been exam-
ined in large-scale studies. Dispersal by water has been restricted by regulation of
the natural flood regimes of rivers and brooks for the purpose of flood control,
while dispersal by large mammals has declined due to the change from livestock
grazing on common grounds to grazing in fenced fields or indoor livestock farm-
ing. These changes mostly took place some 50 to 150 years ago and their effects
are only now becoming visible.
Differences between species in their adaptations to various dispersal vectors
appear to represent a key factor in explaining losses of plant diversity in North-
west Europe during the 20th century, with water- or fur-assisted dispersal being
over-represented among declining species, while other vectors (wind- or bird-as-
sisted dispersal) are under-represented (Chapter 8). Our results imply, contrary to
common belief, that changes in the ‘dispersal infrastructure’, in combination with
changes in the regional abundance of seed sources, are as important in explaining
plant diversity losses as the more commonly accepted changes in habitat quality.
Our findings call for a thorough rethinking of the spatial and temporal scales of
our plant conservation strategies, based on regional species pools and habitat
configurations, and on time scales of decades, which together represent the ‘ghost
of the landscape past’. 
Community assembly as an iterative process
The combined results presented in this thesis suggest that the three sets of
processes (niche-based processes, dispersal-based processes and abundance-based
processes) can be regarded as iterative. We thus expect that the three views can
reinforce each other and that their integration would increase our understanding
of and ability to predict community assembly. 
The potential species composition is determined by environmental conditions,
acting as filters, whereas deviations from this potential composition are to a large
extent determined by the degree to which seed availability is limiting (Chapters 3
and 6, Purves & Pacala 2005, Grime 2006).
The chances of propagules arriving on suitable but unoccupied habitat patches
are largely determined by species-specific dispersal abilities in combination with
abundance-driven, stochastic processes (Chapters 3 and 6). After the arrival of
propagules at a habitat patch, their establishment success depends on the suitabil-
ity of the habitat patch in terms of environmental conditions that act as a filter on
germination and seedling survival.
Novel species pre-empt microsites and may influence the availability of re-
source levels and hence the establishment opportunities for other incoming
species (Grime 1998, Davis et al. 2000, Fargione et al. 2003, Seabloom et al.
2003, Tilman 2004, Harpole & Tilman 2006). As a consequence, differences in
the order of arrival of species may give rise to differences in community composi-
tion in habitat patches with similar environments (Chase 2003, Ejrnæs et al.
2006). This implies that the environmental filters on incoming propagules are in-
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directly affected by dispersal processes. For established plant species, propagule
output and dispersal processes for the founding of new generations are in turn in-
fluenced by resource availability and biotic interactions (Chapter 5, Bazzaz et al.
2000, Soons et al. 2004b). 
From the perspective of ecosystem functioning, niche-related traits probably
determine which species can potentially occur in a given habitat patch, while dis-
persal traits and regional abundance in the species pool determine which species
actually ‘do the job’ (cf. Grime 2001) at local scale. In principle, ecosystem func-
tioning might therefore be strongly affected by both seed-source limitation and
dispersal limitation. 
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Restoration of dispersal processes
in fragmented landscapes 
Wim A. Ozinga
Chapter10
Dispersal as a key process in ecological restoration
Nature conservation projects are being carried out all over the world to maintain
existing biodiversity. By contrast, ecological restoration is practised mainly in
highly industrialized countries in Europe and North America (Hobbs & Norton
1996, Bakker 2005, Van Andel & Aronson 2006). Ecological restoration aims to
assist the recovery of ecosystems that have been degraded, damaged or destroyed
to achieve semi-natural systems in which ecological processes play a more promi-
nent role (Hobbs & Norton 1996, Bakker & Berendse 1999, SER 2002, Van Andel
& Aronson 2006). 
Ecological restoration projects in Europe and North America have mainly fo-
cused on restoring abiotic conditions. Although there have been many local suc-
cesses, the resulting vegetation developments in fragmented landscapes have
often been disappointing, with many ‘missing plant species’ that had been expect-
ed to return in view of the restored environmental conditions (Dobson et al. 1997,
Bekker & Lammerts 2002, Jansen et al. 2004, Walker et al. 2004, MNP 2007). In
fact, such projects might even be counter-productive, since their low cost-effec-
tiveness might reduce public support fur other restoration projects.
Accumulating evidence suggests that even if abiotic conditions can be suffi-
ciently restored, the degree to which endangered plant species re-colonize these
restored areas is often small (e.g. Hutchings & Booth 1996, Bakker & Berendse
1999, Lockwood & Pimm 1999, Verhagen et al. 2001, Jacquemyn et al. 2003,
Walker et al. 2004, Ozinga et al. 2005b). The availability of seeds in particular
can be a major limiting factor (‘seed limitation’) in ecological restoration projects
(Strykstra et al. 1998, Bakker & Berendse 1999, Turnbull et al. 2000, Ehrlén &
Eriksson 2000, Mouquet et al. 2004, Ozinga et al. 2005a,b). For convenience we
use the word seed, but is should be kept in mind that the actual dispersal unit
(propagule or diaspore) can be any part of a plant, generative or vegetative,
which can give rise to a new plant individual.
Metapopulation theory asserts that regional survival of species requires that
local populations are connected by sufficient rates of dispersal (Levins 1969,
Hanski 1998, Opdam et al. 2003). In recent years, attention has started to shift
from metapopulations of single species towards so-called metacommunities
(Wilson 1992, Mouquet & Loreau 2002, Leibold et al. 2004). A metacommunity
can be defined as a set of local communities (with potentially interacting species
belonging to the same trophic level) that are linked by the dispersal of component
species. The restoration of local communities therefore requires measures to re-
store dispersal processes across landscapes.
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Consequences of time delays in metapopulation
dynamics for ecological restoration
Extinction debt: a pitfall for risk assessment
The spatial and temporal dynamics in metapopulations can greatly influence the
prospects of restoration management. Metapopulation theory predicts that species
can only survive at regional scale if local extinctions are compensated by an ap-
propriate rate of colonization or recolonization of suitable habitat patches from
other populations (Hanski 1998, Vos et al. 2001, Opdam et al. 2003, Holyoak et al.
2005). There are, however, considerable time delays in local extinction (Hanski
1998, Nagelkerke et al. 2002, Lindborg & Eriksson 2004, Helm et al. 2006,
Vellend et al. 2006, Chapter 4). As a result, patterns in species composition are
(almost) never in equilibrium with environmental conditions and habitat configu-
ration. Instead, present-day distribution patterns of many vascular plant species
may represent relicts of vanished landscapes with a higher connectivity and a
more intact dispersal infrastructure. In other words: many immobile species are
‘too common’ for the present fragmented landscape. The spatial patterns of these
species may therefore be regarded as the ‘ghost of land-use past’ (cf. Harding et al.
1998, Chapter 8). In fact, many metapopulations may already have crossed the
threshold value for regional extinction in the highly fragmented landscapes of in-
dustrialized countries, and these species are therefore doomed to regional extinc-
tion (Hanski 1998, Nagelkerke et al. 2002). Present-day local extinctions may
thus herald larger future extinctions, unless we manage to restore the connectivity
of semi-natural habitat types. This delay in extinctions has been called ‘extinction
debt’ (Tilman et al. 1994). The existence of many relict populations (‘living dead’,
cf. Diamond 1991) implies the potential pitfall of underestimating the true threat
status of many plant species. The results reported in Chapter 4 on aboveground
survival times imply that the time delay to local extinction, and thus the possible
underestimation of extinction risk, will be most pronounced in habitats with low
nutrient availability and for perennial species with high abilities for clonal exten-
sion and low abilities for dispersal. 
Colonization deficit: a key problem for ecological restoration
Time delays occur not only on the extinction side of the balance, but also in recol-
onization after de-fragmentation (Hanski 2000, Nagelkerke et al. 2002). The con-
sequence of time delays in colonization is a slow response of many endangered
species after ecological restoration. To keep up the metaphor of extinction debt,
this time delay in colonization or recolonization can be termed ‘colonization
deficit’. Our research revealed that the colonization deficit differs greatly between
species, communities and landscapes. The time delay in colonization will be
greatest for ‘slow species’ with low dispersal abilities (Chapters 3 and 9). The abil-
ity of these species to track suitable habitat patches is several orders of magnitude
lower than that of species with high dispersal abilities (Chapter 3, Figure 10.1).
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At landscape level, the colonization deficit is augmented by reduced numbers of
seed sources in the region (Chapter 6). The increasing deficit of seeds for many
endangered species in fragmented landscapes has a spatial component based on
local extinctions of source populations and a temporal component based on the
depletion of the soil seed banks in habitat patches that have been intensively ex-
ploited for long periods of time (Hutchings & Booth 1996, Bekker et al. 1997). In
addition to the increased spatial and temporal isolation of local populations, an
impoverished dispersal infrastructure will greatly reduce the rate of seed dispersal
between the remaining local populations (see Chapter 8). At regional scale, it is
thus a relatively small number of mobile species that dominate the landscape by
their large number of individuals, while less frequent immobile and/or rare
species make up the majority of species numbers and thus determine the biodiver-
sity. The colonization deficit thus poses a key problem to restoration ecology. 
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Figure 10.1: Flea Sedge (Carex pulicaris) is an example of a ‘slow species’ that leaves many
suitable habitat patches unoccupied. Carex pulicaris has a very low seed production and the
seeds are released over short distances with an explosive mechanism like a flea. As long-dis-
tance dispersal depends on events with a very low probability (e.g. transport by birds or by
inundating water), the low seed production will strongly limit its changes in the recruitment
lottery.
Management options to mitigate the colonization deficit
In the long term, endangered, immobile plant species can only survive in frag-
mented landscapes if nature policy is able to increase the chances that seeds can
track suitable habitat patches, i.e. to reduce the degree to which the availability of
seeds forms a limiting factor. The results of our research indicate that the ability
of species to track suitable habitat patches is influenced by two distinct compo-
nents: (1) the relative abundance of seed sources in a given region, and (2) the
actual transport of available seeds (see Chapter 9 for more details). There are
therefore two principal approaches to mitigate the effects of the colonization
deficit for endangered species. The first approach involves increasing the relative
abundance of immobile species in the seed rain in a given landscape. The second
approach involves increasing the degree of transport of available seeds by restor-
ing dispersal processes at the landscape scale (Chapter 8). Both approaches are
discussed in more detail below.
Increasing the abundance of immobile species
in the seed rain in a landscape
Nature management at the landscape level has at least four options to increase
the abundance of seed sources from immobile species in a given region: 
1. creating new habitat patches to increase the number of potential seed sources;
2. increasing the size of relict populations as a seed source for immobile species;
3. increasing the contribution of the soil seed bank to aboveground populations
by small-scale soil disturbances;
4. increasing the seed output of existing populations by varying management in-
tensity over time.
Creating new habitat patches to increase the number of potential seed sources
In theory, creating new habitat patches can contribute to an increased availability
of seed sources in the near future. Metapopulation theory predicts that even in
well-connected metapopulations, suitable but unoccupied habitat patches are a
common phenomenon. A strong message from metapopulation models is that
from the perspective of species, even these unoccupied sites (so called ‘empty
habitat patches’) can play an important part in the viability of the metapopulation
as a whole (Hanski 1998, Vos et al. 2001, Opdam et al. 2003). The creation of
new habitats, even though they start as empty habitat patches for most species,
might thus in the longer term be useful in increasing the availability of seed
sources across the landscape.
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Our results imply, however, that in newly created habitat patches in fragment-
ed landscapes, many immobile species will be highly underrepresented in compar-
ison with habitat patches in less fragmented landscapes (Chapters 3, 6, 8). Thus,
aside from the problem that many habitat types are very difficult or sometimes
nearly impossible to create or to restore, this management option is not very effi-
cient for the conservation of endangered immobile species. In fact, the creation of
new habitat patches is expected to mainly benefit fast, opportunistic species with
high dispersal abilities, which may subsequently reduce the accessibility of such
habitat patches to immobile species by pre-empting the available microsites.
The ultimate consequence of the colonization deficit for immobile species is that
in fragmented landscapes it is nearly impossible to restore community types for
which the targets with regard to species composition are based on historical refer-
ences. This implies a strong message for land-use policy, since it means that the
creation of new compensatory habitat patches as a part of integrated spatial plan-
ning (cf. Morris et al. 2006) does not offset losses of slow species, even if these
new habitat patches cover much larger areas than the original habitat patches.
The creation of new habitat patches as such is thus insufficient for the survival of
slow species in dynamic landscapes.
Increasing the size of relict populations as a seed source for immobile species
In most fragmented landscapes in Northwest Europe, plant diversity is restricted
to old landscape elements such as field margins, ditch banks, hedgerows and road
verges (Smeding 2001, Geertsema 2002, Smart et al. 2002, Blomqvist et al. 2003,
Weeda 2004). Old pastoral landscape elements apparently provide a refuge for
many plant species from low-productive habitats that were once common in land-
scapes with low-intensity farming systems. Hedgerows, for example, may harbour
many so-called ‘ancient forest species’ (cf. Hermy et al. 1999) as a legacy of past
landscapes. These old landscape elements are especially important for species
with poor dispersal abilities, since such immobile species cannot track the mod-
ern-day human-induced landscape dynamics with its high turnover rate of habitat
patches (Chapter 3). 
After local habitat deterioration, many plant species can persist for a long time
by clonal growth, despite the fact that environmental conditions have become less
suitable, leading to so-called ‘remnant populations’ (Eriksson 1996). This delay in
extinction can be used to our advantage in restoration management at the land-
scape scale. Although these remnant populations are often relatively small, they
may function as important seed sources for the restoration of habitat patches em-
bedded in agricultural landscapes (e.g. Bossuyt et al. 1999, Opdam et al. 2001,
Petit et al. 2004, Honnay et al. 2005, Grashof-Bokdam & Van Langevelde 2005).
These remnant populations can be regarded as a kind of ‘external ecological memory’
of past landscapes (cf. Bengtsson et al. 2003).
Conservation and restoration of old landscape elements with remnant popula-
tions might therefore be regarded as a form of insurance for the maintenance of
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biodiversity in agricultural landscapes. Increasing habitat quality in the immedi-
ate vicinity of these old habitat patches is probably an efficient way to increase
the abundance of seeds (propagules) of ‘slow species’ in the regional species pool
of fragmented landscapes. 
Increasing the contribution of the soil seed bank to aboveground populations
by small-scale soil disturbances
For plant communities with a high proportion of species with persistent seeds in
the soil seed bank, the soil can be regarded as a kind of ‘internal ecological memo-
ry’ of past community types (cf. Bakker et al. 1996, Bengtsson et al. 2003). For
many species with the ability to accumulate a persistent seed bank, small-scale
disturbances of the soil profile might trigger germination. The accumulation of a
persistent soil seed bank enables these species to bridge periods of unsuitable en-
vironmental conditions. This buffering effect can be regarded as a so-called ‘stor-
age effect’ (cf. Chesson & Huntly 1989, Levine & Rees 2004) because the local per-
sistence of populations at a given habitat patch relies not only on the above-
ground vegetation but also on the storage of reproductive potential in the soil
until conditions become more suitable again. Indeed the results form Chapter 8
showed that the ability to accumulate a persistent seed bank strongly reduces the
risk on decline across the 20th century. 
Although the germination of most species may benefit from the creation of gaps,
it is especially small-seeded species with a persistent seed bank which depend on
such gaps (Gross & Werner 1982, Thompson & Baster 1992, Baskin & Baskin 1998,
Fenner & Thompson 2005). Temporal variations in environmental conditions have
traditionally been regarded as a threat to the persistence of endangered plant
species (Lande 1988, Menges et al. 2000). The fact that many endangered plant
species with a persistent seed bank depend on small scale disturbances, however,
suggests that these species in fact benefit from intermediate levels of temporal
variation in environmental conditions (Higgins et al. 2000, Levine & Rees 2004).
In the present-day European and North American landscapes, natural dynam-
ics have been severely reduced and replaced by new types of human-induced dis-
turbances (Pickett & Thompson 1978, Dale et al. 1998, Turner et al. 1998,
Bengtsson et al. 2003). As a consequence, the disturbance regime may no longer
be appropriate for the regional survival of a subset of the habitat species pool. In
some cases, this mismatch between the disturbance regime within nature reserves
and the germination niches (cf. Grubb 1977) of endangered species might be re-
solved by recreating larger, more dynamic nature reserves, e.g. in some river val-
leys. The vast majority of nature reserves will, however, be simply too small and
too static to allow an appropriate disturbance regime. In these remaining reserves,
the triggering of the soil seed bank will therefore depend on human-induced dis-
turbances that imitate natural disturbance regimes. 
Our knowledge of the germination niche is incomplete for many endangered
species. In addition, recruitment opportunities for several endangered plant
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species are probably rare and episodic even under natural disturbance regimes
(Crawley 1990, Rackham 1998, Eriksson & Froberg 1996, Young et al. 2005) and
for these species, the required disturbances may be difficult to mimic by humans.
Since there are many factors that determine variation in germination across
species (Grubb 1977, Fowler 1988, Baskin & Baskin 1998, Fenner & Thompson
2005), the challenge to nature managers will be to find out what kind of distur-
bances are needed to trigger the germination of seeds from endangered species,
and what environmental conditions are needed for subsequent survival. The fine-
tuning of such management practices therefore requires experienced local man-
agers with a highly developed intuition for the specific requirements. 
There are many examples from the Netherlands in which triggering of the soil
seed bank by small-scale soil disturbances has indeed resulted in recolonizations
after decades of absence. This concerned not only rare arable weeds, but also en-
dangered species from grasslands and fens such as Anagallis tenella, Apium repens,
Carex hostiana, C. pallescens, Cicendia filiformis, Centaurium pulchellum, Hyperi-
cum montanum, Juncus alpinoarticulatus, J. capitatus, J. pygmaeus, J. tenageia,
Lobelia dortmanna, Ludwigia palustris, Pinguicula vulgaris, Scutellaria minor and
Viola persicifolia (Salisbury 1952, 1961, Jansen et al. 2000, Weeda 2001, 2000-
2005, Grootjans et al. 2002, Roelofs et al. 2002, Matus et al. 2003, Van Beers &
Weeda in press).
On the other hand, human-induced small-scale soil disturbances may also
have unintended negative effects. In the first place, triggering seed germination at
the wrong moment (i.e. when environmental conditions are not yet suitable) can
have an adverse effect since this depletes the soil seed bank (Bakker et al. 1996,
Roelofs et al. 2002). In the second place, small-scale disturbances of abandoned
agricultural grasslands might lead to the dominance of competitive species with a
persistent seed bank such as Juncus effusus, Ranunculus repens and Rumex crispus
(Bekker et al. 1997, Verhagen et al. 2003), reducing the availability of suitable
microsites for the establishment of less competitive endangered species. In
Northwest Europe, Juncus effusus for example has become dominant on many
abandoned moist grasslands with a low-intensity grazing management (Richards
& Clapham 1941, Lamers et al. 2006).
Stimulating germination from the soil seed bank is only a reliable manage-
ment option for species with the ability to accumulate a persistent soil seed bank,
and for habitat patches in which these species used to occur in the past and that
have not been exploited too intensively by modern agriculture. Grasslands that
have been ploughed and fertilized for extended periods of time virtually lack any
viable soil seed banks of ‘target species’ from former grassland communities
(Hutchings & Booth 1996, Bekker et al. 1997, Bakker & Berendse 1999). In short,
the restoration of many habitat types in fragmented landscapes cannot rely on the
presence of many endangered plant species in the seed bank. Therefore restora-
tion success depends to an important degree on the availability of aboveground
seed sources nearby.
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Increasing the seed output of existing populations by varying management
intensity over time
DILEMMA BETWEEN NICHE-BASED AND DISPERSAL-BASED MANAGEMENT
The management of well developed, species rich vegetations may also require
some adjustments in order to increase the efficiency of the available populations
to act as a seed source. Management measures aiming to reduce nutrient avail-
ability in eutrophicated habitat patches, such as grazing and cutting, may at the
same time prevent seed set by many grassland species (Coulson et al. 2001,
Pywell et al. 2003). As a result, the presence of certain plant species in the region-
al species pool does not guarantee that these species are represented in the seed
rain. At larger spatial scales, management practices that reduce seed production
therefore decrease the probability of colonization of unoccupied habitat patches in
the surroundings, which may slow down metacommunity dynamics. At local
scale, this may give rise to a dilemma between niche-based management and dis-
persal-based management.
The paramount importance of seed-source limitations for community assembly
documented in this thesis challenges nature management to find a new balance
between management measures that optimize the reduction of nutrient availabili-
ty (e.g. early cutting or cutting twice) and measures that allow appropriate seed
production by endangered plant species (e.g. late cutting). The following section
provides some suggestions to increase the production and release of ripe seeds
within several management regimes. The general suggestion is that the key mech-
anism is to allow greater temporal dynamics or to vary management intensity
over space and time.
RELEASE FROM GRAZING PRESSURE
At the landscape scale, nature management by introducing large herbivores has
become common practice in large parts of Europe (Bakker & Berendse 1999).
This includes the introduction or reintroduction of wild herbivores as well as the
introduction of ‘primitive’ or de-domesticated livestock breeds (Figure 10.5 and
10.6). Without human interference, animal numbers in Northwest-European eco-
systems are mainly regulated by the limited food availability in the winter period.
In the summer period, there is a surplus of food, leading to the development of
temporarily ungrazed areas covered by vegetation with a lower nutritional quality
(e.g. Wallis de Vries 1995, Hobbs 1996, Olff et al. 1999, Bakker et al. 2004), al-
lowing the production of ripe seeds. Parts of these areas are grazed during the
winter, in periods of food shortages. In addition to seasonal variations in grazing
pressure, near-natural ecosystems are also characterized by large year-to-year fluc-
tuations in grazing pressure (Olff et al. 1999). These spatial and temporal varia-
tions in grazing pressure may lead to shifting mosaics of grasslands, fringes, man-
tles with spiny shrubs and closed forests (Watt 1947, Remmert 1991, Vera 2000,
Olff et al. 1999). Vera (2000) therefore proposed ‘naturalistic grazing’ with free-
moving large herbivores as a way to create and maintain these shifting mosaics.
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In grazed landscapes, a relatively high proportion of endangered grassland
plants probably depend on periods of low grazing pressures or on fringes with un-
palatable ‘nurse species’ for the production of ripe seeds. When we analyzed dis-
persal traits across community types, it became apparent that the plants with a
high ability for fur-assisted dispersal occurred mainly in fringes (Figure 10.2).
Since this group of plant species has shown a severe decline over the 20th century
in Northwest Europe, this result underlines the importance of spatial and tempo-
ral variation in grazing pressure for the regional survival of these species. 
There is, however, considerable debate on the question whether naturalistic
grazing in itself (without human interference) is able to create and maintain such
vegetation mosaics with fringe vegetations in fragmented landscapes without nat-
ural disturbance regimes (e.g. Sutherland 2002, Svenning 2002, Bradshaw et al.
2003, Mitchell 2005). Regardless of this debate, naturalistic grazing is only feasi-
ble in regions that harbour very large nature reserves. 
By contrast, in many small and fenced nature reserves (<50 ha), the stocking
densities are determined by humans and are mainly based on the biomass produc-
tion during the summer season in order to reduce nutrient availability. This leads
to much higher stock densities than in naturalistic grazing, preventing the produc-
tion of ripe seeds by many plant species (Coulson et al. 2001, Pywell et al. 2003,
personal observations). Periodic release from grazing pressure over time (inter-
mittent grazing) is therefore required to increase the proportion of plants that
manage to release seeds. 
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Figure 10.2: Transect from forest through mantle and fringe vegetation to grassland. The
percentages represent the proportion of endangered plant species that can be effectively dis-
persed in the fur of mammals (based on data from Ozinga et al. 2004).
More variation in grazing pressure in small nature reserves can be achieved by
rotational grazing using spatial and temporal variations as regards rotation times
(Morris 2000, Dolek & Geyer 2002) or by short-duration grazing at high stock den-
sities. There is also another reason why short-duration grazing at high stock densi-
ties might be advantageous for species diversity. Herbivores at high stock densities
may learn to mix plants in their diets that differ in terms of the types and concen-
trations of secondary metabolites (Provenza et al. 2003, Villalba et al. 2004,
Villalba & Provenza 2005). This mixing of plant species can probably be explained
by the fact that different secondary plant metabolites are likely to be less toxic as a
diluted mixture (Freeland & Janzen 1974, Villalba & Provenza 2005; Ozinga un-
publ. data; Figure 10.3). More varied diets promote a more uniform use of plant
species within the community, enabling palatable species to maintain higher abun-
dances (Provenza et al. 2003) and to produce seeds. Since the species-specific abili-
ty to be dispersed by the dung of large mammalian herbivores is generally positive-
ly related to the palatability of the foliage (Janzen 1984, Durka & Ozinga in prep.),
this may increase the diversity of plants that can be dispersed by dung.
In small, fenced nature reserves, it might be worthwhile to periodically pre-
vent grazing during the summer season and to allow grazing in the autumn and
winter season. Superimposed on this temporal variation, the spatial variation in
small areas can be increased by periodically setting up movable exclosures.
HAYMAKING AND DISPERSAL PHENOLOGY
Management by cutting and removing hay is another important tool in counter-
acting the effects of eutrophication (Olff & Bakker 1991, Bakker & Berendse
1999). In large parts of Northwest Europe, management by haymaking has be-
come rather intensive, using large machinery and with little spatial and year-to-
year variation in the timing of mowing. An important drawback of this intensive
haymaking, in parallel with grazing, is that it can hamper the production and re-
lease of ripe seeds by late-flowering species. Since many grassland plants have a
high aboveground persistence (see Chapter 4), a delay of mowing once in the few
years might already be sufficient for a substantial increase in seed output. More
variation in mowing dates may also be advantageous for the subsequent seed dis-
persal. Mowing machinery itself can be an efficient transport vector for seeds
(Strykstra et al. 1997) and a larger variation in mowing dates might therefore
allow a wider spectrum of species to be transported.
Hay meadows might also profit from incidental grazing at the end of the grow-
ing season. Although many species which are regarded as characteristic ‘hay
meadow species’ are sensitive to grazing in the growing season, incidental grazing
at the end of the growing season can facilitate seed dispersal and can create ‘win-
dows of opportunity’ for the germination of subordinate species. Many hay mead-
ow species occur in more natural landscapes in forest mantles, fringes and other
parts with a low food quality that are only grazed in periods of low food supply at
the end of the growing season (Ellenberg 1988). 
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Figure 10.3: Ancient sheep breeds like Gotland Peltsheep (upper panel, with natural moult-
ing of the fleece), Scottish Blackface (lower panel) and Drenthian heather sheep can better
cope with plant species with high concentrations of secondary metabolites as compared to
more domesticated breeds. Short-duration grazing with these breeds at high stock densities
leads to more varied diets which in turn increases the diversity of plant species that can be
dispersed by dung and at the same time enables palatable plant species to maintain higher
abundances.
RECONCILING NICHE-BASED MANAGEMENT AND DISPERSAL-BASED MANAGEMENT
IN ECOLOGICAL RESTORATION
In conclusion, it is suggested that in semi-natural landscapes, the long-term sur-
vival of many grassland species might depend on periodic release from intensive
management. With regard to both seed dispersal and germination, it is not the
mean values of management regimes that are important, but the spatial and tem-
poral variations around the mean.
A disadvantage of the suggested temporary release from intensive manage-
ment is that this might in the short term lead to increased accumulation of litter
and aboveground biomass and a subsequent loss of species with low competitive
abilities (Bakker et al. 2002, Schaffers 2002). High aboveground biomass and lit-
ter accumulation may hamper the recruitment of species in unoccupied but suit-
able habitat patches by preventing seed deposition, germination or seedling sur-
vival (Grime 2001, Wilson & Tilman 2002, Stevens et al. 2004). In effect, these
processes isolate highly productive habitat patches from propagules that are avail-
able in the regional pool.
If such a release from intensive management is applied at low frequency and
on small and shifting parts of the area, the negative effects of temporarily in-
creased litter accumulation on restoration success are probably relatively small
(cf. Bakker et al. 2002), while the ecological gain of such release from intensive
management is expected to be relatively large. There is some evidence that for
many perennial grassland species, regeneration is an episodic process with long
periods lacking any regeneration (Grubb 1977, Rackham 1998, Eriksson &
Froberg 1996). For these species a slight increase in the spatial and temporal vari-
ation in management intensity might already be sufficient for their regional sur-
vival. On the other hand, the conservation of species that are short-lived and
which lack a persistent seed bank, may require a stronger increase in the frequen-
cy of release from the management regime. Information on life-history traits of
species within a given ecosystem or landscape can be used as a clue for adjusting
the frequency, timing and spatial scale of current management practices. The opti-
mal frequency of release from intensive management will depend on habitat type
and landscape characteristics, and again requires experienced local managers
with a highly developed intuition for the specific requirements.
Restoring the dispersal infrastructure
The second set of measures to reduce the degree of seed limitation is the restora-
tion of dispersal processes at landscape scale. An important result of the present
research is that differences between species in terms of adaptations to various dis-
persal vectors are a key factor in explaining losses of plant diversity in Northwest
Europe in the 20th century, with water- or fur-assisted dispersal being over-repre-
sented among declining species, while others (wind- or bird-assisted dispersal)
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are under-represented (Chapters 8 and 9). We found that, contrary to common
belief, changes in the availability of dispersal vectors (dispersal infrastructure, see
Box 3) are as important as the more commonly accepted changes in habitat quali-
ty in explaining plant diversity losses. The impoverished dispersal infrastructure
limits the effectiveness of the regional species pool as a seed source for local colo-
nization. Hence, our findings call for measures to restore the dispersal infrastruc-
ture across entire regions, which go beyond current conservation practices.
The creation of large ecological networks of nature reserves, such as the EU’s
prestigious and costly Nature 2000 framework and the Pan-European Ecological
Network, is being proposed as a tool to mitigate the effects of habitat fragmenta-
tion and to enhance the rate of dispersal between habitat patches (Council of
Europe 2000). Although these ecological networks are mainly designed for the
dispersal of large animal species, they are also expected to function as corridors
for plants. There have, however, been surprisingly few empirical studies of the ef-
fectiveness of ecological corridors for the dispersal of plant species. Our findings
in fact suggest that the creation of static networks as such is probably not enough
to halt the loss of plant diversity, since many plants need mobile dispersal vectors
such as running water and free moving or herded mammals or birds (‘moving cor-
ridors’; Poschlod et al. 1996, Lundberg & Moberg 2003). Trait spectra at the com-
munity level (cf. Chapter 5) can provide some guidance for the kind of dispersal
vectors that have to be restored to maintain and restore plant diversity.
The following options may play a vital role in improving the diversity of dispersal
opportunities for endangered plant species and thus increase the effectiveness of
the regional species pool as a seed source for local colonization:
1) River rehabilitation projects (allocating more space to rivers and brooks).
2) Robust ecological networks for large mammals.
3) Reinforcement of low-input farming systems. 
Allocating more space to rivers and brooks
The efficiency of water as a vector for lateral and longitudinal seed dispersal can
probably be increased by rehabilitation projects which allocate more space to
rivers and brooks. Such projects are expected to lead to more natural flooding dy-
namics in terms of magnitude, frequency, duration and timing (flood-pulse con-
cept, cf. Tockner et al. 2000), which in turn may lead to enhanced seed dispersal
(Jansson et al. 2000, 2005, Boedeltje et al. 2004, Van Eck et al. 2005, Nilsson et
al. 2005, Leyer et al. 2006).
More natural flooding regimes are not only profitable for the dispersal of
aquatic or semi-aquatic species (e.g. Boedeltje et al. 2004) but also for that of
species from drier habitats within the reach of occasional inundations. An intrigu-
ing result reported in Chapter 8 is that among the species with floating seeds, the
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greatest declines were observed among those characteristic of relatively dry soils
in the higher parts of floodplains. This emphasizes the importance of the conser-
vation or development of high-elevation river dunes in riverine landscapes.
Although winter inundations of high-elevation areas might be very sporadic and
short, their impact on colonization probabilities and hence on local species com-
position is probably high (cf. Ozinga et al. 2004, Van Eck 2004; Figure 10.4). 
Allocating more space to rivers and brooks by re-establishing floodplains (i.e.
relocating dikes further from the river or brook) is not only beneficial for plant
dispersal but may also reduce flooding risks. Recent views recognize the major
drawbacks of river regulation, which results in larger water level fluctuations and
high flood peak discharges (Nienhuis & Leuven 2001). This radical shift in hydro-
logical management practice is apparently accelerated by the recent severe flood
events in Central Europe and by the results of climate change models that suggest
that episodes of severe flooding may become more frequent in Europe (Christen-
sen & Christensen 2003). Decision makers in Europe now increasingly recognize
that rivers and brooks should be allowed to have a more natural flooding regime
and to occupy more natural potential space (Nienhuis & Leuven 2001). 
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Figure 10.4: Allocating more space to rivers and brooks in order to allow more natural flood-
ing regimes (including inundations) is profitable for the exchange of floating propagules be-
tween sites. This example shows an inundation in the IJssel valley with flowers of British
Fleabane (Inula britannica). The propagules of this species have a pappus of fine hairs, but in
the Netherlands most seeds are not viable and their dispersal mainly depends on floating root
fragments which are transported by inundating water during autumn and winter (Photo
R. Knol). 
Successful examples of the large-scale restoration of environmental conditions
relate mainly to dynamic parts of large rivers such as the Rhine and Meuse (Peters
2000, 2004, Weeda et al. 2000-2005), while the successes for less dynamic parts
and smaller river- and brook valleys seem more limited (Weeda et al. 2000-2005,
2006, Lamers et al. 2006). 
Robust ecological networks for large mammals
Ecological networks such as the Pan-European Ecological Network may enhance
the exchange of the remaining large mammals between nature areas (Council of
Europe 2000, Van Opstal 2000). For many species, the retention time of seeds in
large mammals (both externally in the fur and internally in the digestive tract) is
long enough to enable seeds to be transported across corridors over distances of
many kilometres (Fischer et al. 1996, Pakeman 2001, Cosyns 2004, Couvreur et
al. 2004, Mouissie 2004, Myers et al. 2004, Römermann et al. 2005, Manzano &
Malo 2006).
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Figure 10.5: The European Bison (Bison bonasus) is one of the last remaining mega-herbi-
vores in Europe which was recently introduced in a few Central European nature reserves
(photo G. Pohl). The species has a different habitat use and feeding behaviour as compared
to Cattle and Horse and is better equipped for foraging in forests. It can therefore fulfil a
complementary role in seed dispersal. Sustainable populations however require very large na-
ture reserves (individual home range 500-1500 ha). 
In order to be effective for a wide range of taxonomic groups, ecological net-
works should therefore be robust in the sense that they are not too narrow (at
least 1 km on average) and have a high spatial cohesion of various habitat types
(robust ecological networks cf. Opdam et al. 2003).
For mammals with a large home range (which are probably the most efficient
vectors for long-distance seed dispersal, see Figure 10.5 and 10.6), the spatial
planning and the actual construction of such robust ecological networks appears
to be complicated by many conflicts of interest (Wallis de Vries 1995, Opdam et
al. 2002). Groot Bruinderink et al. (2003) used a landscape-ecological metapopu-
lation model to asses the sustainability of habitat networks for metapopulations of
large mammals in Northwest-Europe, using Red deer (Cervus elaphus) as a kind of
flagship species. They concluded that apart from a few large forest areas, existing
or potential populations are embedded in poorly connected landscapes. This poor
connectivity reduces the chances of long-distance seed transport by large mam-
mals to almost zero.
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Figure 10.6: Naturalistic grazing with Galloway Cattle along the Rhine near Millingen with
propagules of Burdock (Arctium spec.) attached to the fur (Photo E. Hazebroek). Large river
valleys provide good opportunities for the development of robust ecological networks with
naturalistic grazing. Cattle breeds with a rough fur are more efficient for the transport of
seeds through attachment as compared to breeds with a more sleek short-haired fur. 
Although ‘naturalistic grazing’ in nature reserves (cf. Vera 2000), combined
with the creation of ecological networks between these reserves can be a very
valuable management option, it is mainly effective for the regional conservation
of plant diversity in regions that still harbour large nature reserves. This leaves
large stretches of land in Northwest Europe where other (complementary) man-
agement alternatives might be more suitable. From a plant perspective, this im-
plies that the creation of ecological networks, although very valuable, will on its
own not be sufficient for the conservation and restoration of plant diversity. This
stresses the importance of complementary approaches such as reinforcement of
low-intensity livestock systems. In effect, these complementary approaches should
increase the rate of seed dispersal in the landscape between the corridors. Or to
put it in terms of metacommunity theory: additional measures need to increase
the ‘permeability’ of the matrix landscape between the habitat islands. This is a
crucial yet often overlooked issue in restoration ecology.
Reinforcement of low-input farming systems
The observed impact of changing livestock systems on plant diversity losses in
Northwest Europe (Chapter 8) emphasizes the importance of low-input farming
systems with free-ranging or herded livestock for long-distance seed dispersal,
and hence for the regional survival of plant species. The key message is therefore
that the long-term survival of many grassland species in currently fragmented
landscapes will critically depend on the reinforcement of low-input farming sys-
tems, including herded and / or free-ranging livestock on common grounds
(Figure 10.7).
Despite their ecological importance, low-input farming systems are vanishing
across Europe. This is largely a result of polarization of land use with intensified
use on the one hand and abandonment of traditional agricultural practices on the
other (Vos & Stortelder 1992, Bignal & McCracken 1996, Luick & Bignal 2002).
For the coming decades, it is expected that traditional agriculture will no longer
be economically profitable on 70% of the present agricultural land in the EU
(Rural European Platform 2006). Acknowledgement of the important role of low-
intensity grazing systems for the maintenance of species-rich grasslands and
wooded meadows should lead to a re-valuation of pastoral systems. The remain-
ing areas with free-ranging or herded livestock and high biodiversity should not
necessarily be viewed as an archaic remnant of the past but instead can be regard-
ed as a basis for future sustainability, and should therefore be encouraged.
This does not necessarily imply that old farming systems need to be restored in
every detail. If they do not provide economic value on the local or regional mar-
ket, such systems will not be sustainable (Costanza et al. 1997, Carpenter et al.
2001, Stortelder et al. 2001, Rosenzweig 2003, Adams 2006, Schrijver et al.
2007). The challenge will be to develop new varieties of traditional farming sys-
tems that meet modern criteria with regard to biodiversity and socioeconomic
sustainability.
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From an ecological point of view, the efficiency of agri-environmental schemes
might be greatly increased if the system were able to combine metacommunity
processes with the socio-economic context of current farming systems. This might
be achieved by spatially clustering agri-environmental schemes and by allowing
longer time frames (Stortelder et al. 2001, Kleijn et al. 2006). Another, more flex-
ible, possibility is the concept of ‘farming for nature’ (Stortelder et al. 2001,
Schrijver et al. 2006, 2007). In this approach, the ecological and economic sus-
tainability of pastoral systems for local farmers is increased by payments for inte-
grated, low-input farm systems within a region. Thanks mainly to the larger spa-
tial and temporal scales and the lower fixed assets, ‘farming for nature’ is proba-
bly a more cost-effective way to increase or maintain plant diversity than tradi-
tional agri-environmental schemes.
With regard to seed dispersal across landscapes, our results indicate that it is
crucial (1) to focus on areas that still harbour enough source populations, (2) to
increase the range of plant species that can release ripe seeds by varying manage-
ment intensity over space and time, and (3) to improve the dispersal infrastruc-
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Figure 10.7: Directed seed dispersal with a herded sheep flock (shepherd being assisted by a
working sheep dog). In strongly fragmented landscapes grazing by herded livestock with
well-planned rotation schemes is probably more effective for seed transport of endangered
species as compared to free ranging livestock.
ture between individual fields. These three goals might be achieved in the ‘farm-
ing for nature’ approach by ensuring that these integrated farm systems cover
large spatial and environmental gradients including nature reserves and common
grounds for low-intensity livestock grazing. Since governments in the European
Union spend roughly 35 billion a year on agri-environmental schemes that cover
a quarter of farmland in the EU (Whitfield 2006), there is a need to consider the
role of seed dispersal in the evaluation of various land-use scenarios.
Last option at the species level: re-introduction
Rarity in itself may increase the risk of local extinction due to stochastic processes
(Gilpin & Soulé 1986, Nee & May 1997, Hubbell 2001, Chapter 8). For some en-
dangered species, which have become very rare in the regional species pool and
have low dispersal abilities, the above management options at the landscape level
might therefore not be sufficient to prevent regional extinction. For these species,
some form of management at the species level may be required, which may in-
clude conscientious but deliberate re-introduction schemes. Re-introduction may
be approached by indirect methods (e.g. by spreading hay from donor sites con-
taining target species) or by direct sowing or even planting of plants that are pre-
grown in the greenhouse. The disadvantage of planting is that environmental fil-
ters do not select the individuals that are adapted to local conditions. This strate-
gy may therefore be restricted to species that are endangered worldwide (IUCN
1998). Sowing with seed mixtures is a cost-effective method for diversifying im-
poverished local plant communities, provided that suitable microsites for estab-
lishment are available (Walker et al. 2004).
Guidelines for re-introduction strategies have been formulated by Bullock &
Hodder (1997), IUCN 1998, Van Groenendael et al. 1998, Strykstra (2000) and
Vergeer (2005). According to the IUCN (1998), the feasibility of re-introduction
projects should be checked in advance by a multi-disciplinary population and
habitat viability analysis. Such a study should not only include local habitat con-
ditions, but also the availability of dispersal mechanisms (Chapter 8) and biotic
interactions. Although the present work focused on vascular plants, it should be
remembered that there may be indirect effects of fragmentation that are mediated
by changes in species composition at other trophic levels, such as mycorrhizal
fungi (Grime et al. 1987, Ozinga et al. 1997, Van der Heijden et al. 1998), soil in-
vertebrate fauna (De Deyn et al. 2003) and pollinators (Kearns et al. 1998).
Since functional traits have predictive power for community assembly (Chap-
ter 9) and for assessing which species are most at risk in fragmented landscapes
with an impoverished dispersal infrastructure (Chapter 8), the importance of
knowledge about functional attributes of individual plant species can hardly be
overestimated in designing restoration or re-introduction programmes. Table 10.1
presents an overview of plant characteristics that can be used to assess the urgency
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of re-introduction. Within individual countries, priority should be given to species
that are under threat in large parts of their entire geographical range (IUCN
1998). For Northwest European countries, this is only a small subset of the
species included in national Red Lists (Ozinga & Schaminée 2005). 
Re-introduction is not without its critics, both on scientific and ethical grounds.
From an ethical point of view, several authors argue that the chances in the ‘re-
cruitment lottery’ (and hence the local species composition) are being manipulat-
ed by ‘cheating’ (Westhoff 1994, Weeda 1997). From a scientific point of view, the
possible effects of re-introduction on the genetic variation of relict populations
may be an important risk factor. When seeds from maladapted populations are in-
troduced in a region with locally adapted relict populations, this may lead to a di-
lution of the locally adapted genotypes, resulting in reduced plant fitness (out-
breeding depression; Rhymer & Simberloff 1996, Montalvo & Ellstrand 2001,
Vergeer et al. 2004). This genetic risk may be reduced by introducing seeds from
large numbers of unrelated individuals, from which the best adapted individuals are
subsequently filtered by local environmental conditions (Tecic et al. 1998, Vergeer
et al. 2005). In addition, the introduction of genetically uniform populations may
lead to lower levels of genetic variation within the region and to reduced plant fit-
ness (inbreeding depression; Charlesworth & Charlesworth 1987, Vergeer et al.
2004, Ouborg et al. 2006). Re-introduction therefore requires proper monitoring.
Another risk factor that becomes apparent from the present research (Chapter
8) is that re-introduction might lead to a far too optimistic view of the percentage
of endangered plant species. Re-introductions of endangered immobile species in
highly fragmented landscapes will not lead to sustainable populations if the rate
of seed dispersal remains insufficient and if the metapopulation still remains
below the threshold value for metapopulation extinction (Tilman 1994, Hanski
1998, Nagelkerke et al. 2002). Re-introductions may therefore distract attention
from the fundamental problem of habitat fragmentation in combination with an
impoverished dispersal infrastructure.
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Species present in regional habitat species pool?* Yes / No
Species with many small seeds?* Yes / No
Species with high potential for long-distance dispersal?* Yes / No
Species with more than one long-distance dispersal vector?* Yes / No
Long-lived species with many reproductive seasons?* Yes / No
Species with persistent seed bank?* Yes / No
Species with mechanisms reducing inbreeding risks? Yes / No
Table 10.1: Species characteristics that can be used to assess the urgency of additional
species management. The larger the number of ‘no’ answers to the questions, the greater the
vulnerability to habitat fragmentation and the urgency for additional species level manage-
ment (*: plant property discussed in more detail in this thesis).
Improving the efficiency of ecological restoration 
through monitoring
Various restoration measures are likely to differ in the degree to which they in-
crease the efficiency of seed dispersal. This will probably depend not only on in-
herent differences in the measures themselves but also on the spatial and histori-
cal context. Due to a serious lack of appropriate monitoring of the efficiency of
restoration measures in Europe (cf. Sutherland et al. 2004) there are hardly reli-
able comparative data available to address this important issue. Coordinated
monitoring programmes are therefore a prerequisite to improve the efficiency of
restoration projects.
The proper evaluation of habitat restoration projects in turn requires the set-
ting of structural and functional targets, as well as knowledge about the feasibili-
ty of these targets (Schemske et al. 1994, Hobbs & Norton 1996; Bakker &
Berendse 1999, Berendse et al. 2004). In the Netherlands, for example, ‘target
communities’ have been formally described in terms of habitat characteristics and
a set of characteristic ‘target species’ (Bal et al. 2001, Bakker 2005), and a compa-
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Figure 10.8: Local managers of small nature reserves can in many cases not be blamed for
the absence of ‘target species’ with low dispersal abilities, such as Gagea spathacea, if these
species are rare in the regional species pool and if the dispersal infrastructure is impover-
ished. The conservation of endangered species with low dispersal abilities requires the
restoration of dispersal processes at the regional scale.
rable system has been developed in the European Union as a framework for
Natura 2000 (European Commission 2003). The comparison of locally assigned
target communities with the actual results can help to adjust restoration efforts
and management regimes. 
In several European countries (e.g. the Netherlands) the government compen-
sates management costs based on the fulfilment of the targets within a given peri-
od. The low predictability of local species composition due to dispersal limitation
(Ozinga et al. 2005b, Chapter 9) sets severe limits on the usability of the concept
of target communities for the payment of local management. Managers of small
nature reserves can in many cases not be blamed for the absence of target species
with low dispersal abilities if these species are rare in the regional species pool
and if the dispersal infrastructure is impoverished (Figure 10.8). The conservation
of endangered species with low dispersal abilities requires an appropriate land-
use policy at the regional scale. 
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Growing concern about the ongoing loss of biodiversity has resulted in increased
efforts throughout the world to protect endangered species and to conserve and
restore endangered ecosystems. Efficient conservation and restoration of plant di-
versity requires a predictive ecology based on general principles for the assembly
of plant communities (so called ‘assembly rules’).
There is currently a wealth of theories on the processes that shape the species
composition of local plant communities. These theories can be grouped into three
broad views according to the main processes involved (Chapter 1 and 9). (1) The
niche-based view asserts that local species composition is a deterministic conse-
quence of local interactions between the extant species in a plant community and
their environment, based on differences between species in terms of resource
usage, stress tolerance and resistance to disturbance. (2) The dispersal-based view
assigns a prominent role to dynamics of habitat patches in combination with dif-
ferences between species in their ability for dispersal in space and time. (3) The
trait-neutral view is based on stochastic processes in which local species composi-
tion is determined by the abundance of species in the regional species pool. These
three sets of processes respectively correspond to three different factors shaping
the assembly of plant communities: (1) the abundance of microsites with a suit-
able environment for establishment and subsequent survival (microsite limita-
tion); (2) the degree of long-distance seed dispersal (dispersal limitation); and
(3) the abundance of populations in the surrounding areas that act as seed
sources (seed source limitation). At local scale, the combined effects of 2 and 3 re-
sult in a limited availability of seeds in suitable habitat patches (seed limitation).
Empirical evidence for the relative importance of these three sets of processes is,
however, still surprisingly limited.
Among scientific projects on the assembly of plant communities, there is a
trade-off between realistic complexity and simplification. Although experiments
are a prerequisite for a detailed understanding of processes involved in communi-
ty assembly, these experiments typically involve small spatial and temporal scales,
which makes generalizations difficult. Moreover, the experimental designs are
often too artificial to represent natural systems. Generalizations across larger sets
of species and ecosystems therefore require complementary approaches. This the-
sis explores such a complementary, statistical approach, based on the premise that
the combination of large ecological databases can generate clues to the processes
at work in the assembly of plant communities which are valid at larger spatial and
temporal scales. We combined large databases with information on community
composition (described in Chapter 1, Box 2) and on functional traits (described in
Chapter 2) to compare the predictive power of the three views of community as-
sembly. Our premise was that differences with regard to relevant functional traits
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between species from local habitat patches and from the regional species pool can
give clues to the processes at work in the assembly of local plant communities.
The advantage of focusing on functional traits instead of species is that it simpli-
fies raising the scale level from species to communities. The integration of vast
ecological databases at different organizational levels and across spatial scales to
reveal new information can be regarded as an example of the emerging field of
‘ecoinformatics’ (Chapter 1, Box 1).
An analysis of a large database with species composition data from vegetation
plots using ordination techniques (Chapter 3) revealed that species clearly sort
along environmental gradients. This implies that patterns of species composition
across habitat types can be reliably predicted from a few key environmental condi-
tions, which is consistent with the niche-based view. These environmental vari-
ables can therefore be used as predictors (filters) to assemble a list of species that
are potentially able to coexist in small-scale plots within a given habitat, the so-
called habitat species pool. 
Despite the high predictability of the habitat species pool, Chapter 3 also re-
vealed that at the scale of individual plots, many species are absent which might
be expected to be present, given the combination of environmental conditions.
The fact that the distribution of many species is characterized by the common oc-
currence of suitable but unoccupied habitat patches might be explained by the
limited availability of seeds. This thesis describes the impact of seed limitation
across several levels of organization.
In the first place, the probability of local occurrence proved to be greatly af-
fected by the abundance of seed sources in the regional species pool, irrespective
of species-specific traits (Chapter 6). There is thus a large role for stochastic,
abundance-driven processes. This result is consistent with the trait-neutral view of
community assembly. In effect, recruitment in suitable habitat patches takes the
form of a lottery, and the chances in this recruitment lottery for a given patch are
thus largely dictated by the regional abundance of species. This implies that the
assembly of local plant communities has an inherent element of unpredictability
when only the traits of the component species are taken into account.
In addition to these trait-neutral processes, trait-based processes are shown to
be important at the level of species, communities and landscapes. At the species
level there were large differences between the degree of seed limitation due to
differences in life-history traits (consistent with the dispersal-based view). The
ability to track suitable habitat patches was increased by a few orders of magni-
tude by a greater capacity for long-distance dispersal, greater adult longevity and
the capacity to build a persistent seed bank (Chapter 3). On average, species with
high scores for all three traits had the highest frequency of occurrence within suit-
able habitat patches. 
Local plant communities are connected to each other by long-distance disper-
sal to form so-called metacommunities. At the level of metacommunities, there
were differences between habitat types in the representation of dispersal traits,
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due to interactive effects between niche-based processes and the efficiency of dis-
persal processes (Chapter 5). The resulting trait–environment patterns were much
stronger at the level of plant communities than at the species level, which implies
a non-random selection of species from the regional species pool with regard to
their dispersal traits. The efficiency of dispersal thus depends on the environmen-
tal context. Species with high dispersal abilities prevailed in habitats with large-
scale or high-intensity disturbances, while adaptations for long-distance dispersal
were less common in late successional stages (Chapter 5). Moreover, in habitat
types with an open vegetation structure, species that are effectively transported
by multiple dispersal vectors (polychory) appeared to be the rule rather than the
exception.
At the landscape level, the degree to which available seeds are actually trans-
ported is determined by the availability of dispersal vectors, which act like a com-
plex ‘dispersal infrastructure’. The characteristics of this dispersal infrastructure
can vary in space and time, and this may induce changes in local species composi-
tion. In fact, the most important finding of our research was that differences be-
tween species in their adaptations to various dispersal vectors are a key factor in
explaining losses of plant diversity in Northwest Europe in the 20th century, with
water- or fur-assisted dispersal being over-represented among declining species,
while others (wind- or bird-assisted dispersal) are under-represented (Chapter 8).
This implies that past changes in the dispersal infrastructure are at least as impor-
tant in explaining diversity losses as the conventional explanation of environmen-
tal change. Present-day species losses are thus the legacy of the ‘ghost of land-use
past’. 
The combined results of this thesis suggest that the three sets of processes
(niche-based, dispersal-based and abundance-based) can be regarded as iterative
(Chapter 9). We thus expect that the three views can reinforce each other and
that integrating them will increase our understanding of community assembly. To
reconcile the three views of community assembly, it may be fruitful to search for
relationships between traits that equip species for local survival versus dispersal
traits. Chapter 4 provides empirical evidence for the existence of a ‘persistence –
dispersal trade-off ’ across a large set of plant species, although this trade-off ap-
pears to be weak and complicated (see Chapter 4 for further discussion). Even if
the trade-off is weak, it implies that at regional scale, low dispersal abilities can
probably be counterbalanced to some degree by a higher local aboveground per-
sistence, i.e. higher competitive abilities or higher stress tolerance, leading to
lower rates of local aboveground extinction. If trade-offs between functional traits
lead to an equalization of variation in fitness across species (i.e. species having
the same chance to be present in the next generation) this might in fact be the ul-
timate reason why the trait-neutral view of community assembly performs so sur-
prisingly well in describing patterns of relative abundance of species within and
across communities. Trade-offs may therefore provide a clue for ways to reconcile
trait-based and trait-neutral views of community assembly (Chapter 9). 
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The results reported in Chapter 4 also revealed that many species have a half-
life expectation far exceeding 15 years, which may contribute to considerable
time lags after changes in habitat quality or configuration. This so-called ‘extinc-
tion debt’ implies the potential pitfall of underestimating the real threat status of
many plant species. This underestimation of extinction risks will be most pro-
nounced in habitats with a low nutrient availability and for immobile, perennial
species with high abilities for clonal extension (Chapter 4). Apart from the extinc-
tion debt, there is also a considerable time delay in re-colonization after ecologi-
cal restoration. This ‘colonization deficit’ will be greatest for immobile species and
for species that are rare in the regional species pool (Chapters 3 and 6). At region-
al scale, it is thus a relatively small number of mobile species that dominate frag-
mented landscapes by their large numbers of individuals, while less frequent im-
mobile species make up the majority of species and thus determine biodiversity,
with ever steeper species–abundance relationships. 
The ultimate consequence of the colonization deficit is that in fragmented and
dynamic landscapes, it is nearly impossible to restore community types for which
the targets with regard to species composition are based on historical references.
This also implies a strong message for land-use policy, as it means that the cre-
ation of new habitat patches, although useful, does not offset losses of slowly col-
onizing species and is thus insufficient to halt diversity losses (Chapter 10). Our
results indicate that the ability of species to track suitable habitat patches can be
influenced in two distinct and complementary ways. The first approach involves
increasing the relative abundance of immobile species in the seed rain within a
given landscape (cf. Chapter 6). The second approach involves increasing the
transport of available seeds by restoring dispersal processes at the landscape scale
(cf. Chapter 8). Both options are discussed in Chapter 10.
Traditionally managers of nature areas focus to a large extent on influencing
local environmental conditions, and they are financed accordingly in Europe.
However, management measures resulting from this approach, like grazing and
mowing, may also prevent the production of ripe seeds and hence greatly reduce
the abundance of many immobile grassland species in the seed rain. It is suggest-
ed that this dilemma between niche-based management and dispersal-based man-
agement can be reconciled by allowing periodic, small-scale release from inten-
sive management. With regard to seed dispersal, germination and establishment,
it is not so much the mean values of management regimes that are of importance,
but the variations around these mean values.
It has been proposed to create large ecological networks of nature reserves,
such as the EU’s prestigious and costly ‘Natura 2000’ framework and the ‘Pan-
European Ecological Network’, as a tool to mitigate the effects of habitat fragmen-
tation and to enhance the rate of dispersal between habitat patches. Although
these ecological networks are mainly designed for the dispersal of large animal
species, they are also expected to function as corridors for plants. There have,
however, been surprisingly few empirical studies of the effectiveness of ecological
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corridors for the dispersal of plant species. In fact, our findings suggest that the
creation of static networks as such is probably not sufficient to halt the loss of
plant diversity. Since human-induced changes in the dispersal infrastructure were
shown to be one of the main drivers of species losses in Northwest Europe
(Chapter 8), our findings call for restoration measures that aim to restore the dis-
persal infrastructure and that go beyond current conservation practices (Chapter
10). It is suggested that, although ‘naturalistic grazing’ in nature reserves, in com-
bination with the creation of ‘robust ecological networks’ between these reserves,
can be a valuable management option, this is only effective in regions that still
harbour very large nature reserves. This stresses the importance of complementa-
ry approaches such as reinforcement of pastoral livestock systems, including herd-
ed and / or free-ranging livestock on common grounds (Chapter 10). The chal-
lenge will be to develop new varieties of low-input, pastoral farming systems that
meet modern criteria for biodiversity and socioeconomic sustainability. 
In conclusion, our research has shown that in fragmenting landscapes, disper-
sal is a an underrated key process in explaining plant biodiversity losses, and
there is an urgent need to face the consequences of this conclusion by designing a
different, efficient and cost-effective form of nature conservation for the twenty-
first century.
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Samenvatting
HET PROEFSCHRIFT IN EEN NOTENDOP
Voor efficiënter natuurbeheer is inzicht nodig in de factoren die de mate van
succes van beheer- en herstelprojecten bepalen. Een realistische inschatting
van de ontwikkelingsmogelijkheden van de vegetatie is niet alleen van be-
lang voor het behouden en ontwikkelen van natuurwaarden, maar ook voor
het verkrijgen van voldoende maatschappelijk draagvlak.
Voor veel plantensoorten zijn geschikte leefgebieden beperkt tot kleine ei-
landjes in een zee van ongeschikte gebieden. Uit dit proefschrift blijkt dat de
regionale overleving van planten in dergelijke versnipperde landschappen
niet alleen afhankelijk is van de milieukwaliteit van de resterende leefgebie-
den, maar vooral ook van de mate waarin leeggevallen plekken weer op-
nieuw via zaden gekoloniseerd kunnen worden.
In tegenstelling tot grotere dieren zijn planten voor het transport van hun
zaden (zaaddispersie) afhankelijk van externe vectoren, zoals wind, water,
vogels en de vacht of mest van zoogdieren. Deze vectoren vormen in het
landschap een complexe ‘dispersie-infrastructuur’ voor zaden. Het blijkt dat
veranderingen in de dispersie-infrastructuur een sleutel vormen tot het ver-
klaren van veranderingen in de Nederlandse flora in de 20e eeuw. Veel soor-
ten die voor hun zaadtransport afhankelijk zijn van water of de vacht van
grote zoogdieren zijn sterk achteruitgegaan. 
De versnippering van leefgebieden in combinatie met sterke verarming
van de dispersie-infrastructuur kan leiden tot nivellering van plantendiver-
siteit, waarbij kritische planten geleidelijk het veld ruimen ten gunste van
soorten met een meer opportunistische dispersiestrategie. De ernst van dit
probleem kan gemakkelijk onderschat worden doordat veel van deze vaak
langzaam reagerende planten maar heel geleidelijk uit het landschap ver-
dwijnen. De huidige verspreidingspatronen worden dus mede bepaald door
een naijleffect van vroegere vormen van landgebruik. Omgekeerd is ook de
snelheid van kolonisatie van nieuwe gebieden voor veel soorten zeer beperkt.
Het huidige natuurbeleid is niet voldoende toegesneden om de vervlak-
king van de plantendiversiteit in Nederland tegen te gaan. Dit vraagt een an-
dere invulling en mogelijk ook uitbreiding van de ecologische hoofdstructuur
met een meer mobiele dispersie-infrastructuur voor zaden. Versterking van
Achtergrond: tegenvallende resultaten bij herstelbeheer
Wereldwijd staat de biologische diversiteit (biodiversiteit) onder druk. Het keren
van deze trend blijkt in de praktijk een lastige opgave. Naast sociaal-economische
knelpunten vormt een gebrek aan kennis over de achterliggende processen een
belangrijke beperking voor het efficiënt behouden en herstellen van de biologi-
sche rijkdommen. De Nederlandse Organisatie voor Wetenschappelijk Onderzoek
(NWO) levert via het Stimuleringsprogramma Biodiversiteit een bijdrage aan de
vermeerdering van kennis over biodiversiteit. Dit promotieonderzoek vormt een
klein onderdeel van dat grote geheel en richt zich op vaatplanten en de vegetatie
die ze samen vormen (plantengemeenschappen).
Veranderingen in de mate van voorkomen van planten in Noordwest-Europese
landschappen kunnen voor een belangrijk deel verklaard worden door het ver-
dwijnen van leefgebieden (habitats) van soorten en door veranderingen in de
kwaliteit van de overgebleven leefgebieden als gevolg van de effecten van ver-
mesting, verzuring en verdroging. Vooral vermesting ligt als een soort nivelleren-
de deken over het landschap, waarbij een beperkt aantal snelgroeiende en con-
currentiekrachtige plantensoorten profiteert ten koste van langzamer groeiende
soorten (hoofdstuk 1 en 8).
Het natuurbeleid in Nederland heeft zich de laatste decennia steeds offensie-
ver opgesteld en steekt veel energie in het omvormen van gedegenereerde en
soortenarme ecosystemen naar halfnatuurlijke ecosystemen die plaats bieden aan
een hogere diversiteit aan planten en dieren. Uitgangspunt hierbij is dat het her-
stel van geschikte milieucondities op een bepaalde plek automatisch leidt tot een
snelle (her)vestiging van kenmerkende plantensoorten.
Herstelbeheer heeft in Nederland tot nu toe een reeks opmerkelijke successen
gekend, waarbij zich in korte tijd fraaie plantengemeenschappen ontwikkelden
met vele bedreigde plantensoorten. Bij een aanzienlijk deel van de projecten val-
len de resultaten echter tegen doordat veel bedreigde soorten die verwacht wor-
den op basis van de herstelde milieucondities, zich niet (her)vestigen. Het omge-
keerde komt trouwens ook regelmatig voor: de vestiging van bedreigde soorten
die juist niet verwacht werden. Kortom: voor een efficiënter natuurbeheer is in-
zicht nodig in de factoren die de vegetatieontwikkeling van dergelijke herstelpro-
jecten sturen. Een realistische inschatting van de ontwikkelingsmogelijkheden in
een bepaald gebied is niet alleen van belang voor het beschermen en ontwikkelen
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de dispersie-infrastructuur in het agrarische gebied kan het ecologisch rende-
ment van natuurgebieden en verbindingszones vergroten. Bij het verlies aan
plantendiversiteit heeft de landbouw een belangrijke rol gepeeld, maar para-
doxaal genoeg ligt de sleutel tot het succes van behoud en herstel van plan-
tendiversiteit ook voor een deel bij de landbouw.
van natuurwaarden, maar ook voor het behoud en creëren van voldoende maat-
schappelijk draagvlak. Meer in het algemeen is de centrale vraag in dit proef-
schrift: welke factoren bepalen de soortensamenstelling van lokale plantenge-
meenschappen.
Drie groepen processen als filters op de soortensamenstelling
van plantengemeenschappen
De plantensoorten die samen voorkomen op een bepaalde habitatplek (lokale
plantengemeenschap) zijn slechts een subset van de soorten die in het omringen-
de landschap in het desbetreffende habitattype voorkomen (de soortenpool). De
processen die het verschil bepalen, kunnen beschouwd worden als een soort fil-
ters op deze soortenpool. Het is daarbij nuttig om niet alleen te kijken naar indivi-
duele soorten, maar ook naar de eigenschappen die hun functioneren beïnvloe-
den (Engels: functional traits). Een belangrijk uitgangspunt in dit onderzoek is
dat verschillen in het spectrum aan functionele eigenschappen (Engels: trait valu-
es of attributes) tussen de lokale plantengemeenschap en de soortenpool in de
omgeving informatie geeft over de achterliggende processen. De filters werken
namelijk niet op naamplaatjes van soorten, maar op hun functionele eigenschap-
pen. Het is vervolgens de uitdaging voor ecologen om de belangrijkste filters en
de relevante eigenschappen te kwantificeren.
Er zijn vele theorieën over de processen die een rol spelen bij het bepalen van
de soortensamenstelling van lokale plantengemeenschappen. Deze theorieën kun-
nen ruwweg in drie groepen verdeeld worden aan de hand van de beperkende
factoren: (1) Er zijn te weinig geschikte plekken voor de kieming van zaden en de
aansluitende (her)vestiging van een lokale populatie, (2) er is te weinig transport
van zaden vanuit populaties in de omgeving, (3) er zijn te weinig zaadbronnen
aanwezig in de omgeving. In het eerste geval is de kwaliteit van de habitatplek
zelf de beperkende factor terwijl in het tweede en derde geval de beschikbaarheid
van zaden voor kolonisatie van de habitatplek het knelpunt vormt. Bij de tweede
visie spelen verschillen tussen soorten in hun dispersiecapaciteit de hoofdrol, ter-
wijl bij de derde visie toevalsprocessen de sturende factor zijn. Het is niet goed
bekend wat het relatieve belang is van deze drie factoren en door welke condities
dit bepaald wordt. Dit onderscheid is echter van belang voor het beleid en beheer,
aangezien het oplossen van de verschillende knelpunten andere strategieën vergt. 
Van metapopulatie naar metacommunity
In dit promotieproject is gekeken naar het relatieve belang van zaadtransport
(zaaddispersie) bij het verklaren van de soortensamenstelling van lokale planten-
gemeenschappen. Hier wordt gemakshalve gesproken over zaden, maar in feite
gaat het om diasporen, dat wil zeggen alle plantdelen die na transport kunnen lei-
den tot een nieuw individu, inclusief niet-seksuele plantdelen die als stekjes fun-
geren. In tegenstelling tot grotere dieren zijn planten voor het transport van hun
zaden afhankelijk van externe vectoren, zoals wind, water, vogels en de vacht of
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mest van zoogdieren. Deze dispersievectoren vormen gezamenlijk in het land-
schap een complexe ‘dispersie-infrastructuur’.
De lokale plantengemeenschappen vormen vaak eilandjes van een bepaald ha-
bitattype (leefgebied) temidden van een zee van andere habitattypen. De lokale
populaties in deze habitatplekken kunnen met elkaar in verbinding staan door de
uitwisseling van zaden (en daarmee ook genen). Als er voldoende zaadtransport
tussen de deelpopulaties is, dan vormen de subpopulaties gezamenlijk een meta-
populatie. De mate van voorkomen van een plantensoort in een dergelijke meta-
populatie hangt af van de dynamische balans tussen de mate waarin zaden ge-
schikte habitatplekken kunnen koloniseren en de mate waarin lokale populaties
verdwijnen (lokale extinctie). 
Doordat mensen steeds meer ruimte in beslag nemen, is de mate van isolatie
tussen habitatplekken in grote delen van de wereld sterk toegenomen. Dit ver-
schijnsel wordt habitatversnippering genoemd. De mate van versnippering van
een landschap heeft waarschijnlijk een sterk effect op de mate van zaadtransport.
Daarnaast is ook de beschikbaarheid en diversiteit van dispersievectoren voor
zaden in de 20e eeuw sterk veranderd (hoofdstuk 8, box 3). Beide processen kun-
nen leiden tot veranderingen in de soortensamenstelling van lokale plantenge-
meenschappen. Veel onderzoek aan zaaddispersie van planten richt zich echter op
een of enkele soorten en er is nog weinig bekend over het relatieve effect van dis-
persieprocessen op de soortensamenstelling van gehele plantengemeenschappen.
Dit vergt een uitbreiding van de metapopulatie benadering waarin elke soort
apart wordt bekeken, naar een metacommunity benadering waarin de lokale
plantengemeenschappen in hun onderlinge samenhang in het landschap bestu-
deerd worden (hoofdstuk 1, figuur 1.3). Om de effecten van habitatversnippering
tegen te gaan is gedetailleerde kennis nodig over het achterliggende complex van
processen. De resultaten van dit onderzoek leveren hieraan een bijdrage. 
Een nieuwe benadering met eco-informatica
Bij ecologisch onderzoek is er een dilemma tussen de precisie waarmee dingen
worden geanalyseerd en de mate waarin de resultaten gegeneraliseerd kunnen
worden. Voor het ontrafelen van de processen die de soortensamenstelling van
plantengemeenschappen bepalen zijn laboratorium- en veldexperimenten onont-
beerlijk. De ruimtelijke en temporele schaal van zulke experimenten zijn echter
beperkt. Sommige processen, waaronder zaadtransport over grote afstanden, zijn
toevalsafhankelijk en moeilijk meetbaar in kortlopende experimenten. Er is daar-
om behoefte aan een aanvullende benadering die generalisaties mogelijk maakt
voor grote sets aan soorten en ecosystemen. 
In dit project is gekozen voor een complementaire benadering op basis van het
integreren en analyseren van twee grote ecologische databases. In de eerste plaats
de Landelijke Vegetatie Databank, waarin ruim 480.000 beschrijvingen bijeenge-
bracht zijn van de soortensamenstelling in kleine plots (hoofdstuk 1, box 2). Deze
zogenaamde vegetatieopnamen kunnen beschouwd worden als een steekproef
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van de lokale plantengemeenschap zoals die voorkomt op een habitatplek.
Daarnaast is er een database opgebouwd voor de Nederlandse flora met daarin
informatie over het vermogen van hun zaden (diasporen) voor transport over
lange afstanden (hoofdstuk 2). Hierbij is soortspecifieke informatie opgenomen
over de volgende dispersievectoren met een hoge potentie voor lange-afstand
transport: wind, water, vogels en de vacht of mest van grote zoogdieren. Ook is
informatie opgenomen over het vermogen om als zaad in de bodem te overleven
en zo een ondergrondse zaadvoorraad op te bouwen.
Een dergelijke benadering, waarbij nieuwe informatie wordt verkregen met be-
hulp van de integratie en analyse van ecologische databases van verschillende or-
ganisatieniveaus, vormt onderdeel van het nieuwe werkgebied van de eco-infor-
matica. De aanwezige ruimtelijk variatie in omgevingsfactoren en veranderingen
in landgebruik kunnen dan beschouwd worden als een grootschalig ‘natuurlijk ex-
periment’.
In box 1 worden meer achtergronden gegeven van deze nieuwe eco-informati-
ca benadering. Verder wordt in hoofdstuk 6 een methode beschreven voor de ana-
lyse van de verschillende soortenpools en de filters die het verschil in soortensa-
menstelling tussen deze soortenpools bepalen. Globaal kunnen hierbij twee typen
filters onderscheiden worden. In de eerste plaats kunnen milieucondities be-
schouwd worden als een serie filters die per habitat een set soorten met bepaalde
eigenschappen doorlaten (de zogenaamde habitat soortenpool). Het tweede type
filter is gebaseerd op de mate van aanvoer van zaden vanuit de bodem (kieming
uit de zaadvoorraad) en vanuit de omgeving (zaadregen). Het aanbod aan bron-
populaties voor zaden in een bepaald gebied kan beschouwd worden als de ge-
ografische soorten pool. Deze geografische subset van de totale soortenpool kan
op verschillende ruimtelijke en temporele schaalniveaus gekwantificeerd worden. 
Hoe voorspelbaar is het voorkomen van planten op basis van milieucondities?
Het natuurbeheer in Nederland is gebaseerd op de aanname dat de soortensamen-
stelling van lokale plantengemeenschappen min of meer in evenwicht is met de
heersende milieucondities. Uit hoofdstuk 3 blijkt dat de set soorten die in een be-
paald habitattype kan groeien (de habitat soortenpool) goed te voorspellen is op
basis van de lokale milieuomstandigheden in combinatie met kennis van de ecolo-
gische niche van soorten. De drie belangrijkste milieufilters voor binnenlandse ve-
getaties in Nederland zijn: vochtgehalte van de bodem, beschikbaarheid van nu-
triënten (gecorreleerd met pH) en beschikbaarheid van licht. Daarentegen is de
voorspelbaarheid van de daadwerkelijk gerealiseerde lokale soortensamenstelling
zeer laag (meer dan 90% onverklaarde variatie). Veel plantensoorten laten habi-
tatplekken onbezet terwijl deze qua milieu wel geschikt lijken. Dit duidt erop dat
vermoedelijk ook andere processen een rol spelen zoals de beperkte beschikbaar-
heid van zaden. In dit proefschrift wordt aangetoond dat de mate waarin planten
geschikte habitatplekken bezetten inderdaad voor een groot deel afhangt van de
beschikbaarheid van zaadbronnen en van de dispersiecapaciteit van de soorten. 
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De grote rol van stochastische processen: kolonisatie als gewogen loterij 
De kans dat een geschikte habitatplek bezet wordt door een bepaalde planten-
soort, blijkt in de eerste plaats af te hangen van de frequentie van voorkomen
van de soort in de regionale soortenpool (hoofdstuk 6). Dit effect kan verklaard
worden door stochastische processen (afhankelijk van het toeval): hoe meer
zaadproducerende populaties van een soort er in de metapopulatie voorkomen,
hoe groter de kans dat zaden onbezette gebieden koloniseren. Hierdoor ver-
schuift de dynamische balans tussen kolonisatie en lokale extinctie in het voor-
deel van de eerste component. Doordat het transport van zaden over grote af-
standen een relatief zeldzaam toevalsproces is, kan de kolonisatie van geschikte
habitatplekken beschouwd worden als een loterij. Hoofdstuk 6 laat zien dat de
kansen van een soort in een bepaald gebied in de eerste plaats worden bepaald
door de hoeveelheid effectieve zaadbronnen in de omgeving, een gewogen loterij
dus. Voor veel plantensoorten zijn bezette leefgebieden teruggedrongen tot klei-
ne eilandjes van ecologisch kapitaal temidden van een zee van menselijk kapi-
taal. Bij een dergelijke sterke versnippering zijn de kansen in de loterij dus bij-
zonder gering.
Het omgekeerde geldt echter ook: als de zaadtoevoer maar groot genoeg is,
dan kunnen sommige soorten zich prima vestigen en handhaven in habitatplek-
ken met een marginale kwaliteit. Dit betekent ook dat verschuivingen in de regio-
nale soortenpool, bijvoorbeeld onder invloed van een veranderend landgebruik,
op termijn kunnen leiden tot nieuwe allianties van soorten (‘emerging ecosy-
stems’), zelfs als de milieucondities gelijk blijven. Doordat de regionale soorten-
pool in de 20e eeuw sterk is veranderd, is het dus onmogelijk om lokale planten-
gemeenschappen in al zijn details te restaureren gebaseerd op historische referen-
ties. Verschuivingen in de regionale soortenpool onder invloed van klimaatveran-
dering zullen dit effect nog verder versterken.
De grote rol van stochastische processen wil echter niet zeggen dat meer de-
terministische processen, gebaseerd op de eigenschappen van soorten, er niet toe
doen. Uit dit proefschrift komt de rol van dispersiekenmerken duidelijk naar
voren op drie niveaus: soort, ecosysteem en landschap.
Soortniveau: langzame plantensoorten in dynamische landschappen
De mate waarin planten geschikte habitatplekken kunnen bereiken hangt af van
soorteigenschappen die de mobiliteit van planten beïnvloeden (hoofdstuk 3). De
mate waarin geschikte habitatplekken ook daadwerkelijk bezet zijn is groter voor
soorten met een hoge dispersiecapaciteit, voor soorten die bovengronds lang
overleven en voor soorten met een lang levende zaadvoorraad in de bodem. Het
voorkomen van soorten die op alle drie de kenmerken hoog scoren, zoals Grote
lisdodde (Typha latifolia), is daardoor relatief goed voorspelbaar. Aan de andere
kant laten soorten die op deze drie kenmerken laag scoren, zoals Heidekartelblad
(Pedicularis sylvatica), veel habitatplekken onbezet. Het is jammer voor het na-
tuurbeleid dat juist veel bedreigde soorten laag scoren op dispersiecapaciteit
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(hoofdstuk 3). In landschappen waarin de levensduur van habitatplekken af-
neemt door veranderend landgebruik of door klimaatveranderingen zullen deze
planten steeds meer habitatplekken onbezet laten. Deze planten gebruiken de be-
schikbare habitatplekken dus op een inefficiënte wijze en dit zal waarschijnlijk lei-
den tot een achteruitgang van ‘langzame planten’ in dynamische landschappen.
De populatiedynamiek loopt als het ware uit de pas met de landschapsdynamiek.
Zelfs bij soorten die speciale aanpassingen hebben voor zaadtransport via de
wind (zoals zaden met een parachute van een krans geveerde haren), blijkt dat de
kans op dispersie over afstanden meer dan 100 meter zeer klein is. Uit modelbe-
rekeningen voor 190 soorten hogere planten (hoofdstuk 7) blijkt dat er slechts en-
kele soorten zijn waarbij meer dan 1 procent van de zaden een afstand van meer
dan een kilometer aflegt: Wilgenroosje (Chamerion angustifolium), Riet (Phrag-
mites australis) en Grote lisdodde (Typha angustifolia). Voor diverse bedreigde
soorten met aanpassingen aan zaaddispersie door wind ligt de afstand die de ver-
ste 1 procent van de zaden overbruggen ver onder de 100m, zoals bij Valkruid
(Arnica montana) en Spaanse ruiter (Cirsium dissectum). Het blijkt dat de regiona-
le overleving van planten sterker beïnvloed wordt door de extreme afstanden die
afgelegd worden door 1 procent van de zaden dan door de mediane dispersieaf-
stand. De zeldzame uitzonderingsgevallen hebben bij zaadverspreiding op de
lange duur meer effect dan het gemiddelde.
Samenvattend kan worden gesteld dat bij veel planten de zaden in de versnip-
perde Nederlandse landschappen te dicht bij de ouderplant vallen om bij te kun-
nen dragen aan een effectieve kolonisatie van nieuwe gebieden. Voor het natuur-
beleid betekent dit dat de mate van lokale realisatie van natuurdoeltypen op basis
van alleen milieufactoren slecht voorspeld kan worden.
Ecosysteemniveau: interacties tussen milieu en dispersie
Dispersiestrategieën laat een duidelijke relatie zien met de drie belangrijkste mi-
lieugradiënten en dan vooral met de beschikbaarheid van licht (hoofdstuk 5). Bij
veel dispersievectoren komen soorten met een hoge dispersiecapaciteit vooral
voor in open begroeiingen met veel dynamiek door grootschalige en/of frequente
verstoringen. Deze patronen zijn sterker op het niveau van ecosystemen dan op
het niveau van soorten, zodat de efficiëntie van dispersie blijkbaar beïnvloed
wordt door lokale milieuomstandigheden. Er is dus een interactie tussen abioti-
sche (niche-gerelateerde) processen en dispersieprocessen.
Habitattypen herbergen vaak maar enkele plantensoorten die in veel habitat-
plekken voorkomen (kernsoorten), terwijl de grote meerderheid van de soorten
op een gering aantal habitatplekken voorkomt (satellietsoorten; figuur 1.2).
Zeldzaamheid is dus een algemeen verschijnsel. Uit hoofdstuk 9 blijkt dat veel
kernsoorten gekenmerkt worden door een potentie om via meerdere dispersievec-
toren getransporteerd te worden (polychory). In open, dynamische vegetatie is
polychory eerder regel dan uitzondering. In oudere, meer gesloten successiesta-
dia, zoals bossen, is er echter geen verschil in het aantal potentiële dispersievecto-
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ren tussen kernsoorten en satellietsoorten. Hier spelen blijkbaar andere factoren
een rol bij het bepalen van de frequentie van voorkomen.
Een ander opmerkelijk resultaat is dat water als transportmechanisme voor
zaden niet alleen belangrijk is in water- en oevervegetatie. Ook in slechts inciden-
teel overstroomde begroeiingen komen relatief veel soorten met drijvende zaden
voor (20-30%, hoofdstuk 5). Dit betekent dat overstromingen van zulke begroei-
ingen, ondanks de lage frequentie, van grote betekenis kan zijn voor het transport
van zaden.
Een praktisch gevolg van de verschillen in het spectrum aan dispersiekenmer-
ken tussen habitattypen is dat de habitattypen onderling verschillen in hun gevoe-
ligheid voor habitatfragmentatie en in de potenties voor herstel. Deze potenties
zijn bijvoorbeeld relatief hoog in rietgemeenschappen, knopbiesvegetatie en over-
stromingsgraslanden, terwijl ze relatief laag zijn in eiken-haagbeukenbos en droge
kalkrijke duingraslanden (hoofdstuk 5).
Landschapsniveau: de dispersie-infrastructuur
De mate waarin de beschikbare zaden ook daadwerkelijk getransporteerd worden
is afhankelijk van de beschikbaarheid van dispersievectoren (m.n. wind, water,
grote zoogdieren, vogels, verkeer) in een landschap. Deze vectoren vormen geza-
menlijk een complexe dispersie-infrastructuur voor zaden. In de 19e en 20e eeuw
is de diversiteit in de dispersie-infrastructuur sterk verarmd en in veel landschap-
pen zijn water en grote zoogdieren geheel weggevallen als transportvector. Ook
als de vectoren nog wel aanwezig zijn in het landschap is de uitwisseling tussen
habitatplekken vaak verdwenen. In rivier- en beekdalen stonden in het verleden
veel gebieden met elkaar in contact via oppervlaktewater als gevolg van natuur-
lijke overstromingen en kunstmatige bevloeiing. Ook de bewegingsruimte voor
grote zoogdieren (vee) was groot via een uitgebreid netwerk van veedriften en
het gebruik van gemeenschappelijke weidegronden. Hierdoor stonden niet alleen
graslanden met elkaar in contact maar ook vele andere habitattypes die langs de
route door de dieren bezocht werden (zie hoofdstuk 8, box 3). Hier tegenover
staat dat sommige soorten er nieuwe transportvectoren bij gekregen hebben in de
vorm van menselijk gesleep (o.a. met grond) en verkeer (hechting van zaden aan
banden en schoeisel).
Een belangrijk resultaat van dit onderzoeksproject is dat veranderingen in de
dispersie-infrastructuur een sleutel vormen tot het verklaren van veranderingen in
de Nederlandse flora in de 20e eeuw (hoofdstuk 8). Het effect hiervan ligt in de-
zelfde orde van grootte als het welbekende effect van vermesting. In het bijzonder
veel soorten die voor hun zaadtransport afhankelijk zijn van water of de vacht
van grote zoogdieren zijn in de 20e eeuw sterk achteruitgegaan. Soorten die zich
verbreiden via wind of vogels doen het over het algemeen juist relatief goed.
Verder leidt het vermogen om een langlevende zaadvoorraad in de bodem te vor-
men tot een aanzienlijke vermindering van het risico op lokaal uitsterven. Dit buf-
ferende effect van een zaadvoorraad is waargenomen bij alle dispersievectoren.
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Dilemma tussen dispersie en lokale overleving
De gecombineerde resultaten van dit proefschrift suggereren dat de drie sets van
processen (gebaseerd op niches, zaaddispersie en frequentie in de regionale soor-
tenpool) beschouwd kunnen worden als iteratief (hoofdstuk 9). Dispersie-
processen beïnvloeden daardoor niet alleen de soortensamenstelling, maar waar-
schijnlijk ook (indirect) het functioneren van ecosystemen. Het valt dan ook te
verwachten dat een integratie van de drie sets aan processen ons begrip van de
opbouw (Engels: assembly) van plantengemeenschappen vergroot. 
Voor een integratie van de drie sets van processen is gezocht naar relaties tussen
kenmerken die van belang zijn voor de bovengrondse overleving en die van belang
zijn voor het koloniseren van habitatplekken. Deze kenmerken kunnen met elkaar
verbonden zijn doordat een investering in het ene kenmerk ten koste gaat van de
mogelijkheden om te investeren in een ander kenmerk. Een dergelijk dilemma tus-
sen twee functies die een plant niet tegelijkertijd kan optimaliseren wordt in het
Engels trade-off genoemd. Dergelijke trade-offs reduceren het spectrum aan moge-
lijke combinaties van eigenschappen (trait values) en een beter begrip hiervan
helpt bij het aggregeren van soorten in functionele groepen of strategieën.
In hoofdstuk 4 worden inderdaad aanwijzingen gevonden dat een beperkt ver-
mogen voor zaaddispersie in ruimte of tijd tot op zekere hoogte gecompenseerd
wordt door een langere levensduur van de volwassen plant. Met behulp van 845
proefvlakken waarin de soortensamenstelling elk jaar gedurende 5 tot 40 jaar is
genoteerd, is voor 276 plantensoorten (excl. bomen en stuiken) een overlevings-
curve berekend. Een groot deel van de meerjarige soorten blijkt een levensver-
wachting (half-life expectation: T50) te hebben van meer dan 15 jaar. Het blijkt
dat soorten die als volwassen plant bovengronds lang overleven, over het alge-
meen een korter levende zaadvoorraad in de bodem hebben en een beperkter ver-
mogen om hun zaden via wind te transporteren. Deze negatieve relatie is echter
gecompliceerd en niet erg sterk. Er zijn daardoor diverse uitzonderingen van
planten die ‘ontsnappen’ aan de trade-off door een lange bovengrondse overleving
te combineren met een hoge dispersiecapaciteit.
Vertragingseffecten bij uitsterven en kolonisatie
De lange bovengrondse overleving van veel plantensoorten, zoals hierboven be-
schreven, kan bijdragen aan een sterke vertraging van het lokaal uitsterven van
subpopulaties. Dit geldt vooral voor planten die zich lokaal uitbreiden via langle-
vende clonale connecties tussen de ouderplant en het nageslacht en voor plan-
tensoorten van nutriëntenarme bodems (hoofdstuk 4). Dit vertragingseffect leidt
ertoe dat het effect van habitatversnippering en een verarming van de dispersie-
infrastructuur pas na verloop van tijd in volle omvang duidelijk wordt. In het en-
gels wordt dit ‘extinction debt’ genoemd (een soort ‘uitsterf schuld’ van onze ge-
neratie voor de toekomst). 
De huidige verspreidingspatronen worden dus bepaald door een naijleffect van
vroegere vormen van landgebruik. De valkuil voor het natuurbeleid is dat het lan-
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gere termijn perspectief voor de overleving van langzame planten die afhankelijk
zijn van verdwenen dispersievectoren hierdoor te rooskleurig ingeschat wordt.
Doordat veel van deze langlevende soorten ook een beperkte dispersiecapaciteit
hebben (hoofdstuk 4), is ook omgekeerd de snelheid van (her)kolonisatie van
nieuwe gebieden voor veel van deze soorten beperkt.
Perspectieven voor beleid en beheer
Dit proefschrift maakt duidelijk dat de combinatie van habitatversnippering met
een sterke verarming van de dispersie-infrastructuur een sleutelfactor vormt voor
veranderingen in de Noordwest-Europese flora. Dit kan in veel landschappen lei-
den tot een vervlakking van plantendiversiteit, waarbij weinig mobiele planten en
soorten die hun belangrijkste dispersievector verloren hebben, geleidelijk aan het
veld ruimen ten gunste van soorten met een meer opportunistische dispersiestra-
tegie (hoofdstuk 8). De sleutel voor het keren van deze trend ligt bij het herstellen
van dispersieprocessen op landschapsschaal.
Vanuit het natuurbeheer zijn er ruwweg twee aangrijpingspunten om de mate
van zaadtransport van weinig mobiele soorten te vergroten. In de eerste plaats
het vergroten van het relatieve aandeel van zaden in de zaadregen zodat de kan-
sen in de gewogen loterij toenemen, en in de tweede plaats het restaureren van
de dispersie-infrastructuur. Voor beide opties worden hieronder enkele suggesties
gedaan (voor details zie hoofdstuk 10).
Verhogen rendement van het ecologisch geheugen
De resultaten van dit onderzoek suggereren dat het rendement van herstelmaatre-
gelen voor de vegetatie laag is wanneer de beschikbaarheid van zaden van weinig
mobiele soorten gering is in zowel de ondergrondse zaadvoorraad als in de zaad-
regen vanuit de omgeving. Het rendement van het creëren van nieuwe habitat-
plekken kan verhoogd worden door bij de ruimtelijke planning van inrichting- en
herstelprojecten zo veel mogelijk aan te sluiten bij de nog aanwezige populaties.
Buiten de bestaande natuurgebieden komen in veel agrarische landschappen nog
steeds restanten voor van oude landschapselementen, zoals houtwallen, singels
en slootkanten met daarin ‘relictpopulaties’ van weinig mobiele soorten. Zeker in
gebieden met een verarmde soortenpool kunnen deze relictpopulaties dienen als
belangrijke zaadbronnen. De in het landschap nog beschikbare relictpopulaties
kunnen dan beschouwd worden als een soort ‘extern ecologisch geheugen’ van
waaruit onbezette leefgebieden gekoloniseerd kunnen worden. Het vertragingsef-
fect bij lokaal uitsterven kan hierbij dus in ons voordeel werken, mits we niet te
lang wachten. In plaats van een valkuil voor het beleid kunnen we dit vertra-
gingseffect dus gebruiken als een soort verzekering voor de toekomst.
Ook in het gebied zelf kan de vegetatiehistorie een bruikbare erfenis nalaten
voor het natuurbeheer in de vorm van een zaadvoorraad. Deze ondergrondse po-
tenties kunnen beschouwd worden als een ‘intern ecologisch geheugen’. Het stimu-
leren van kieming van zeldzame soorten uit de zaadbank via de juiste vorm van
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kleinschalige bodemverstoring vergt maatwerk van beheerders. De bruikbaarheid
van deze methode is echter beperkt tot de deelset van soorten met langlevende
zaden. Bovendien is in gebieden die intensief en langdurig agrarisch gebruikt zijn
de zaadvoorraad van doelsoorten dikwijls al uitgeput. Hier kan stimulering van
de zaadvoorraad, bijvoorbeeld via ontgronding of begrazing, leiden tot dominan-
tie van een beperkte groep concurrentiekrachtige soorten, zoals Pitrus (Juncus ef-
fusus), Ridderzuring (Rumex obtusifolius) en Liesgras (Glyceria maxima). 
Het beheer van bestaande natuurgebieden vraagt ook om aanpassingen.
Grootschalige beheermaatregelen die gericht zijn op het openhouden van het
landschap of op het tegengaan van de effecten van vermesting (plaggen, maaien
en begrazing) laten vaak weinig ruimte voor de productie van voldoende rijpe
zaden. Er is daardoor in veel terreinen een dilemma tussen beheer dat optimaal is
voor de gewenste milieucondities en een beheer dat optimaal is voor het trans-
port van zaden. Om het rendement van zaadbronnen te vergroten is het dus nodig
om meer ruimtelijke en temporele variatie toe te staan in het beheerregime.
Zowel voor zaaddispersie als voor kieming geldt waarschijnlijk dat niet het ge-
middelde ecologisch interessant is, maar de variatie rondom dit gemiddelde.
Begrazing kan hier als een voorbeeld dienen. Zelfs bij extensieve begrazing
worden van veel eetbare planten de knoppen en bloemen opgegeten nog voor ze
rijp zaad kunnen produceren. Dergelijke planten kunnen een uitwijkplaats vinden
in de luwte van slecht eetbare soorten in zoomvegetatie, dat wil zeggen in bloem-
rijke zomerruigten die deels in de winter alsnog opgegeten worden (zie figuur
10.2). Voorwaarde voor het ontstaan van zoomgemeenschappen is de aanwezig-
heid van voldoende ruimtelijke en temporele variatie in de graasdruk. In zeer
grote gebieden kan deze variatie ontstaan via een meer natuurlijk begrazingsregi-
me waarbij de aantallen grazers niet door mensen gereguleerd worden. Dit bete-
kent dus geen afschot in jaren met tijdelijk zeer hoge aantallen (wat gunstig is
voor het open houden van de vegetatie en het creëren van kiemingsmilieus).
Maar het betekent ook dat niet bijgevoerd wordt tijdens strenge winters (dit redu-
ceert periodiek de graasdruk in de zomer, wat gunstig is voor zaadtransport van
smakelijke planten). Grote natuurgebieden met ruimte voor natuurlijke dynamiek
kunnen waarschijnlijk bijdragen aan het verhogen van het rendement van zaad-
verspreiding van weinig mobiele plantensoorten. In Noordwest-Europa zijn veel
natuurgebieden hiervoor echter simpelweg te klein. Hier zullen de beheerders dus
zelf moeten zorgen voor pieken en vooral dalen in de graasdruk om zo voldoende
zaadtransport van smakelijke soorten te bewerkstelligen. Dit is bovendien ook
gunstig voor veel diergroepen.
Restoratie van de dispersie-infrastructuur
Het Nederlandse en Europese natuurbeleid probeert, via de aanleg van ecologi-
sche verbindingszones tussen natuurgebieden, de negatieve effecten van versnip-
pering tegen te gaan. De inrichting van ecologische verbindingszones is vooral ge-
richt op grotere dieren. Er wordt vanuit gegaan dat planten wel meeprofiteren,
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maar veel verbindingszones zijn waarschijnlijk niet voldoende effectief voor plan-
ten. Naast statische verbindingselementen als habitat zijn ook ‘mobiele verbindin-
gen’ nodig voor zaadtransport (de dispersie-infrastructuur voor planten). 
Het belang van water als dispersievector kan vergroot worden door maatrege-
len te nemen die rivieren en beken meer ruimte geven binnen hun stroomgebied.
Dit kan leiden tot een meer natuurlijke, gedempte overstromingsdynamiek, in
plaats van de huidige overstromingsdynamiek die vaak meer weg heeft van een
doortrekkende wc. Vooral plantensoorten drogere delen in het landschap die
slechts incidenteel overstromen, zoals zandige oeverwallen, zullen hiervan profi-
teren.
Het transport van zaden via de vacht van grote zoogdieren kan verbeterd wor-
den door het stimuleren van de uitwisseling van grote zoogdieren tussen (deel)-
gebieden. Het kan hierbij gaan om wilde dieren, maar ook om gescheperd vee.
Een belangrijk middel hierbij is de aanleg van brede en gevarieerde ecologische
verbindingszones tussen grote natuurgebieden. Deze ‘robuuste verbindingszones’
vergroten de ruimtelijke samenhang tussen leefgebieden en bieden voldoende
ruimte en habitatvariatie voor migratie van grote zoogdieren. Dergelijke verbin-
dingszones kunnen echter maar een beperkt deel van Nederland (en Europa) be-
strijken.
Versterking van de dispersie-infrastructuur in het agrarische gebied kan het
ecologisch rendement van natuurgebieden en robuuste verbindingszones vergro-
ten. Nieuwe vormen van agrarisch natuurbeheer,  zoals ‘boeren voor natuur’, kun-
nen hier aan bijdragen. Dit geldt vooral als de door boeren extensief beheerde ge-
bieden aansluiten op bestaande natuurgebieden, ze ruimtelijk geclusterd voorko-
men en ze voldoende continuïteit van beheer hebben. Deze nieuwe vormen van
landbouw zijn echter alleen duurzaam als er ook een economische drager is voor
deze activiteiten. Indien bij de gangbare, intensieve landbouw de ‘ecologische
kosten’ van het landgebruik op natuur en milieu meegewogen worden in de prijs
van producten, dan is ‘boeren voor natuur’ waarschijnlijk niet alleen ecologisch,
maar ook economisch duurzamer. Zowel bij de vermesting als bij de verarming
van de dispersie-infrastructuur in ons huidige landschap heeft de landbouw een
belangrijke rol gespeeld. De landbouw heeft echter ook de vegetatie in de loop
der eeuwen voor een belangrijk deel vormgegeven. Paradoxaal genoeg ligt de
sleutel tot het succes van herstelprojecten eveneens voor een deel bij de land-
bouw.
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Wereldwijd staat de biologische diversiteit (biodiversiteit) onder druk. Het keren
van deze trend blijkt in de praktijk een lastige opgave. De Nederlandse
Organisatie voor Wetenschappelijk Onderzoek (NWO) wil hier via het
Stimuleringsprogramma Biodiversiteit een bijdrage aan leveren. De ontwikkeling
en vermeerdering van kennis over biodiversiteit kan de efficiëntie van het behoud
en herstel van de biologische rijkdommen vergroten. Dit promotieonderzoek
vormt een klein onderdeel van dit grotere geheel. 
Het project vormde een driehoeksverhouding tussen de Radboud Universiteit
Nijmegen (waar ik aangesteld was), Alterra (waar ik gedetacheerd was) en de
Rijksuniversiteit Groningen. Hoewel ik in het begin enige neiging tot schizofrenie
heb moeten onderdrukken, heb ik deze samenwerking als zeer stimulerend erva-
ren. Bij de inhoudelijke begeleiding van het onderzoek hebben Jan van
Groenendael, Joop Schaminée, Jan Bakker en Renée Bekker ieder op eigen wijze,
maar steeds op een zeer betrokken manier bijgedragen aan dit boekje. Ik kreeg
veel ruimte om mijn eigen gang te gaan en ik ben blij met het vertrouwen van jul-
lie in de goede afloop. Jan van Groenendael, ondanks de grote werkdruk kon ik
altijd bij je terecht voor grondig en waardevol commentaar en je was er als dat
nodig was. Je enthousiasme over het onderwerp en je scherpe theoretische blik
hierop hebben me zeer geïnspireerd. Ook stimuleerde je het contact met diverse
ander onderzoekers in binnen en buitenland. Jan Bakker, ook bij jou kon ik altijd
terecht voor zeer vlot commentaar op m’n tussenproducten. Verder bewaar ik
goede herinnering aan de excursie naar Öland, samen met Eddy van der Maarel,
waar ik ook ongegeneerd naar vogels kon kijken. Renée, ik waardeer je grote in-
houdelijke en persoonlijke betrokkenheid bij dit project zeer. Je opgewekte le-
venshouding heeft sterk bijgedragen aan het werkplezier aan dit project. Joop, ik
ben trots dat ik je eerste promovendus als kersverse hoogleraar mag zijn. Je hebt
me zeer gastvrij binnen je groep ontvangen en me veel ruimte geboden om ook
aan andere interessante projecten mee te werken. Ik heb het als een groot voor-
recht ervaren om te kunnen werken met de Landelijke Vegetatie Databank. 
Mijn dagelijkse collega's op Alterra van het Centrum Ecosystemen zorgden
voor een prettige werkplek en dat komt zeker ook door m’n kamergenoot, Rik
Huiskes en niet te vergeten door de zorgzame ondersteuning vanuit het secretari-
aat (Nelja Schonthal, Suze Landman en Liesbeth Steenhuisen). Hoewel ik slechts
af en toe in Nijmegen kwam heeft de ondersteuning van José Broekmans sterk bij-
gedragen aan de gastvrije sfeer. Ed Hazebroek en Nina Smits hielpen bij het veld-
werk in de Drentsche Aa, maar zorgden ook daarbuiten voor veel gezelligheid. Ik
zal het paardrijden in Brazilië niet snel vergeten. Nina en Rik durfden het geluk-
kig aan om op te treden als paranimfen. Een speciaal woord van dank voor
Stephan Hennekens voor het programmeren van m’n soms obscure wensen in
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Dit project zou onmogelijk zijn zonder de veldgegevens die bijeengebracht zijn
door vele honderden mensen (o.a. Plantensociologische Kring Nederland,
Stichting FLORON, Provincie Drenthe). Dit proefschrift kan dan ook gezien wor-
den als een eerbetoon aan al deze mensen. De eerste twee jaar leek het samen-
stellen van de database met planteneigenschappen een eindeloos project. Van veel
soorten bleken gegevens over basale eigenschappen nauwelijks voorhanden of
verstopt in onbekende tijdschriften en stammend uit de periode dat tijd nog niet
gelijk stond aan geld. Gelukkig bleken diverse collega’s bereid gegevens uit te
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